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Abstract 

The Athabasca oil sands region (AOSR) in northeastern Alberta, Canada, is one 

of the world’s largest oil reservoirs. Its heavy oil will become increasingly important as 

conventional energy resources decline. Due to the rapid industrial development in the 

AOSR, there have been increasing concerns about the impact of the emissions from the 

oil sands operations on the surrounding terrestrial and aquatic ecosystems. Stable isotope 

techniques may help to assess such impact provided that industrial emissions are 

isotopically distinct from background components. In order to trace nitrogen (N), sulfur 

(S) and molybdenum (Mo) emissions released by the oil sands industry, chemical and 

isotopic compositions of various N, S and Mo compounds in emissions and several 

environmental receptors were determined. 

Industrial N and SO4 emissions were found to be isotopically distinct. δ 18O and 

Δ17O of atmospheric nitrate deposition and δ18O values of atmospheric sulfate deposition 

showed trends towards lower values with increasing nitrate and sulfate deposition rates 

allowing for the quantification of industrial contributions to atmospheric nitrate and 

sulfate deposition in the AOSR (quantitative tracers). Lichens responded to elevated N 

and S deposition in close proximity to the oil sands operations, whereas chemical and 

isotopic compositions of N and S in pine needles showed no significant industrial impact. 

δ15N values of industrial emissions provide a qualitative tracer of industrial N emissions 

in atmospheric ammonium deposition, lichen samples and soil water. δ 34S values in 

atmospheric sulfate deposition and total S in lichen samples were indicative of emissions 

of reduced sulfur compounds, likely from tailing ponds. Different sample preparation 

techniques were tested for the analyses of δ 98/95Mo. Results of Mo concentration and 
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isotope ratio analyses on snow, air filter samples and fly ash samples from a coal-fired 

power plant suggest that industrial activities are associated with an increase in Mo 

concentrations and with Mo isotope fractionation, providing a potential new tracer for 

industrial activities in the AOSR. 

In summary, quantitative and qualitative tracers revealed that impact of industrial 

emissions on the surrounding environment in the AOSR were limited to 30 km distance 

to one of the major emission stacks. 
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CHAPTER ONE: INTRODUCTION 

1.1 Introduction 

Fossil fuels will dominate the global energy supply for several decades (Sims et al., 

2007). While conventional energy resources continue to decline (Figure 1.1), 

unconventional resources such as heavy oil will become increasingly important (Sims et 

al., 2007). Canada’s oil resources, 98% of which is heavy oil, are currently the second 

largest in the world (Peacock, 2010). The Athabasca oil sand deposits located in north-

eastern Alberta, Canada, constitute an enormous heavy oil reservoir that has been 

estimated to hold 2.36×1011 m3 crude bitumen in place (ERCB, 2010). Over the last four 

decades, there has been a transition from a sparsely inhabited natural environment to a 

major industrial operation in the Athabasca oil sands region (AOSR). Since the start of 

the commercial production of bitumen in 1967, six mining projects and 13 producing 

thermal recovery projects were developed in the AOSR and several more projects are 

proposed or already under construction (ERCB, 2010; Government of Alberta, 2011). In 

2009, Alberta produced 1.49 million of barrels oil per day and the production is projected 

to increase to 3.2 million barrels per day by 2019 (ERCB, 2010). This rapid development 

has caused concern about emissions, particularly those associated with the exploitation of 

bitumen, and their impacts on terrestrial and aquatic ecosystems. Recent findings that 

suggest an impact of the oil sands industry on the surrounding environment in the 

Athabasca oil sands region (Kelly et al., 2009; Timoney and Lee, 2009; Kelly et al., 2010) 

have raised criticisms about emission monitoring in the AOSR. In a report of the Alberta 

Environmental Monitoring Panel that was announced in January 2011, it is stated that 
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“the amount and quality of environmental monitoring, evaluation and reporting in Alberta 

require substantial improvement” (AEMP, 2011). Insufficient current monitoring 

requires the development of new effective tools to identify and recognize stresses and 

impacts at an early stage, and monitoring programs that are conducted “with scientific 

rigor and oversight” (AEMP, 2011; Dillon et al., 2011). 

The Wood Buffalo Environmental Association (WBEA) monitors the airshed of the 

Regional Municipality of Wood Buffalo, and provides science-based real time 

monitoring of atmospheric pollutants. There are currently 14 air monitoring sites (AMS) 

in the AOSR employing analyzers that continuously measure concentrations of e.g. sulfur 

dioxide (SO2), ozone (O3), nitrogen oxides (NOx) and particulate matter (e.g. PM2.5). 

Sulfur (S) and nitrogen (N) emissions are of particular concern in the AOSR because of 

their potential to cause elevated N and S deposition in the surrounding environment. This 

is followed by an increase in biomass production over the short-term, but elevated N and 

S deposition may affect plant diversity and community at a later stage and even lead to 

eutrophication and acidification (Allen, 2004). However, the monitoring efforts of 

atmospheric pollutants in the AOSR are solely based on concentration measurements. 

Therefore, WBEA created the Terrestrial Environmental Effect Monitoring (TEEM) 

Program to monitor air-related impacts on terrestrial ecosystems. Stable isotope 

techniques may help to assess such impact in the case where industrial emissions are 

isotopically distinct from background components. This dissertation was conducted in 

collaboration with TEEM to identify effects of atmospheric pollution on surrounding 

terrestrial and aquatic ecosystems in the AOSR using stable isotope techniques, and to 
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investigate their suitability as tracers of environmental pollution for future emission 

monitoring in the AOSR. In order to trace N and S emissions released by the oil sands 

industry, chemical and isotopic compositions of various N and S compounds in emissions 

and environmental receptors were determined. In addition, the potential of molybdenum 

isotope ratios as an environmental tracer of industrial activities was investigated, since 

trace metals released by the oil sands industry are of concern due to their toxicity (Kelly 

et al., 2010). 

 

Figure 1.1: Energy production (including provincial consumption and export) in 

Alberta was dominated by conventional natural gas between 1999 and 2009. 

Forecasts predict that mined and in situ bitumen production increases while 

conventional resources decline (ERCB, 2010). 
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1.2 Stable Isotope Concepts 

1.2.1 The delta notation and mass-dependent isotope fractionation 

Mass-dependent isotope fractionation was first discovered by Urey in 1947. Isotope 

fractionation describes the exchange of isotopes between two or more molecular species 

or phases that are participating in a reaction (Urey, 1947). Isotope effects are due to the 

differences in the rates of reaction of isotopes and hence linearly proportional to their 

relative mass difference. Molecules composed of light isotopes require less energy to 

dissociate compared to those with heavier isotopes resulting in different rates of reactions 

or so-called mass-dependent isotope fractionation (Clark and Fritz, 1997; Sharp, 2007). 

Mass-dependent isotope fractionation can occur during e.g. evaporation, condensation, 

crystallization, diffusion, photosynthesis, respiration, nitrogen fixation, or sulfate 

reduction. Different processes may result in distinct isotopic compositions. Stable isotope 

ratios can therefore be used as indicators for processes (different rate of reactions) and 

sources (fingerprinting). Isotope ratios are measured by isotope ratio mass spectrometry 

(IRMS) and recently also by ring-down cavity spectroscopy by comparing the ratio of 

two isotopes of a sample to that of a standard material. Isotope ratios are reported in the 

internationally accepted delta (δ) notation (e.g. δ15N, δ18O or δ34S) defined as 

δsample (‰) = [(Rsample/Rstandard)-1]×1,000      (1.1) 

where R is e.g. the 15N/14N, 18O/16O, 17O/16O or 34S/32S ratio of the sample and a standard 

respectively. For oxygen, the difference in mass between the isotope 18O and the light 

isotope 16O is about twice as much as the mass difference between 17O and 16O. Therefore 

one expects the mass-dependent isotope fractionation of oxygen to be described by 

(Thiemens, 1999): 
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δ17O~0.52×δ18O.         (1.2) 

Empirical data show that the actual constant of proportionality ranges between 0.520 and 

0.528 and depends on the atomic weight of oxygen within a molecule (Thiemens, 1999; 

Miller, 2002). To allow simple mass balance calculations based on 17O measurements and 

to be consistent with previous published work, the mass dependent coefficient of 0.52 is 

currently used (Savarino et al., 2007). In a 3-isotope plot, this mass-dependent isotope 

fractionation slope line is also called the terrestrial fractionation line (TFL) (Figure 1.2). 

 

1.2.2 Δ17O and mass-independent isotope fractionation 

While mass-dependent isotope fractionation has been known since its discovery by Urey 

1947, mass-independent isotope fractionation (MIF) has only been observed over the last 

four decades (Clayton et al., 1973; Thiemens and Heidenreich, 1983; Lee and Thiemens, 

2001; Michalski et al., 2005). Anomalous enrichments in 17O have been reported to occur 

in the troposphere (Savarino et al., 2000), stratosphere (Savarino et al., 2007), in 

meteorites (Clayton et al., 1973) and minerals (Bao et al., 2000), but the earth’s 

atmosphere is the ideal place for observing MIF (Thiemens, 2004). MIF can provide 

information that is not available from conventional isotope ratio analysis or concentration 

measurements (Johnson et al., 2001; Thiemens, 2004; Savarino et al., 2007). 17O 

measurements help to further constrain the source of compounds such as nitrate and 

sulfate, because the deviation from the TFL remains preserved even if the compound then 

undergoes mass-dependent fractionation (Kendall et al., 2007). 
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The anomalous enrichment of 17O is typically reported as Δ 17O that is the deviation of 

δ17O from the mass dependent relationship (δ17O=0.52×δ18O) or the TFL (Figure 1.2). It 

is therefore expressed as ∆17O defined as follows: 

∆17O=δ17O−0.52×δ18O.        (1.3) 

 

 

Figure 1.2: Triple isotope plot of oxygen summarizing the oxygen isotopic 

compositions of atmospheric species. Water is not anomalously enriched in 17O and 

plots therefore on the terrestrial fractionation line (TFL). All other atmospheric 

compounds deviate from the TFL, hence Δ17O>0 (modified from Thiemens, 2006). 
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1.3 Dissertation Objectives 

The overall objective of this dissertation was to investigate the suitability of traditional 

and novel stable isotope techniques (δ15N-NH4, δ15N-NO3, δ 18O-NO3, Δ 17O-NO3, δ 34S-

SO4, δ18O-SO4, δ98/95Mo) to trace sources, transport and fate of industrial N, S and Mo 

emissions in the Athabasca oil sands region, Alberta, Canada. The following questions 

were addressed: 

1) Are industrial emissions in the AOSR isotopically distinct from background 

atmospheric nitrate, ammonium and sulfate? 

2) Can nitrogen and oxygen stable isotopes of atmospheric ammonium and nitrate 

(δ15N-NH4, δ15N-NO3, δ18O-NO3, Δ17O-NO3) in bulk deposition and throughfall 

in the AOSR reveal novel insights into atmospheric N cycling in the vicinity of 

industrial emitters and can they be used to quantify N contributions from 

industrial emissions to atmospheric NO3 and NH4 deposition in the AOSR? 

3) Can sulfur and oxygen stable isotopes of atmospheric sulfate (δ34S-SO4, δ 18O-

SO4) in bulk deposition and throughfall provide information about the sources of 

atmospheric sulfate deposition in the AOSR, and can contributions of industrial 

emissions to atmospheric sulfate deposition in the AOSR be quantified? 

4) Are epiphytic lichens (Evernia mesomorpha) in the AOSR suitable for monitoring 

industrial N and S emissions from the oil sand operations and can stable nitrogen 

and sulfur isotope ratios provide further insights into the sources of N and S 

accumulated by the lichens? 

5) Are pine and spruce needles in the AOSR suitable for monitoring industrial N and 

S emissions from the oil sand operations and can stable nitrogen and sulfur 
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isotope ratios provide further insights into the sources of N and S accumulated in 

the conifer needles? 

6) Can stable isotopes of nitrate and sulfate provide information about the fate of 

atmospheric nitrate, ammonium and sulfate deposition in the upper soil zone? 

7) Is the heavy metal molybdenum (Mo) and its isotope ratios (δ98/95Mo) a potential 

tracer for industrial pollution in the AOSR? 

The ultimate goal of this research was to develop novel, unique, and effective tools that 

can be applied to future monitoring of environmental impacts of industrial emissions on 

surrounding terrestrial and aquatic ecosystems in the AOSR. All objectives constitute 

novel research that has not been previously attempted in the AOSR. 

 

1.4 The Structure of this Dissertation 

In this dissertation, concentration data of N (NO3, NH4, total N content), S (SO4, total S 

content, organic S) and Mo and the stable isotope ratios of N, O, S and Mo (δ15N-NH4, 

δ15N-NO3, δ18O-NO3, Δ17O-NO3, δ34S-SO4, δ18O-SO4, δ98/95Mo) were investigated to test 

their suitability as tracers of industrial emissions in the Athabasca oil sands region. 

Chapter 2 gives details about the study area and provides background on isotope 

applications for tracing atmospheric N and S emission reported in the literature. It 

summarizes mostly studies on atmospheric nitrate and sulfate, and outlines the potential 

of the mass-independent isotope fractionation of oxygen to identify oxidation pathways 

in the atmosphere. The introduction sections of Chapters 4 to 10 provide additional 

background information outlining applications of isotope tracers reported in the literature 

that are important to the research conducted in this dissertation. 
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Chapter 3 describes the analytical techniques used in this dissertation, except for the 

description of molybdenum concentration and isotope analysis. The investigation of 

sample preparation techniques for determination of Mo isotope ratios and concentrations 

was part of this dissertation and method details are given in Chapter 10. 

In order to trace industrial emissions in the Athabasca oil sands region, the isotopic 

characterization of potential source materials for emissions and N and S compounds of 

the industrial emissions was necessary and results are discussed in Chapter 4 (Figure 1.3). 

Chapter 4 “Isotopic Characterization of Nitrate, Ammonium and Sulfate in Stack PM2.5 

Emissions in the Athabasca Oil Sands Region, Alberta, Canada” was recently submitted 

to Atmospheric Environment and is currently under review. The authors are B.C. 

Proemse, B. Mayer, J.C. Chow, and J.G. Watson. Isotope analyses, data evaluation and 

interpretation were conducted by B.C. Proemse. Dr. Mayer provided scientific and 

editorial guidance, and samples of stack emitted PM2.5 were provided by Dr. Chow and 

Dr. Watson from the Desert Research Institute, Reno, Nevada, USA. Dr. Chow and Dr. 

Watson also provided details on the stack sampling methods and concentration analyses. 

In Chapter 5, the isotopic compositions of atmospheric nitrate and ammonium deposition 

in the AOSR are discussed and industrial contributions to nitrate deposition in the 

surrounding environment are quantified. Chapter 5, “A Multi-Isotope Approach for 

Assessing Industrial Contributions to Atmospheric Nitrogen Deposition in the Athabasca 

Oil Sands Region in Alberta, Canada” was recently submitted to Environmental Science 

& Technology and is currently under review. The authors of this manuscript are B.C. 

Proemse, B. Mayer (UofC), and M.E. Fenn from the USDA Forest Service, Riverside, 

California, USA. The first author conducted isotope analyses, data evaluation and 
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interpretation and compiled the manuscript. Dr. Fenn provided atmospheric deposition 

samples, concentration and deposition data. Both co-authors, Dr. Mayer and Dr. Fenn, 

provided valuable scientific and editorial comments during the preparation of the 

manuscript. 

In Chapter 6, the isotopic composition of atmospheric sulfate in the AOSR is discussed 

and industrial contributions to atmospheric sulfate deposition in the AOSR are quantified. 

Chapter 6, “Tracing Industrial Sulfur Contributions to Atmospheric Sulfate Deposition in 

the Athabasca Oil Sands Region, Alberta, Canada” has been recently submitted to 

Applied Geochemistry and the manuscript is currently under review. The authors of this 

manuscript are B.C. Proemse, B. Mayer (UofC) and M.E. Fenn from the USDA Forest 

Service. The first author conducted isotope analyses, data evaluation and interpretation 

and compiled the manuscript. Dr. Fenn provided atmospheric deposition samples, 

concentration and deposition data. Both co-authors, Dr. Mayer and Dr. Fenn, provided 

scientific guidance and comments during the preparation of this manuscript. 

Chapter 7 and 8 investigate the suitability of total N and total S contents, N and S stable 

isotope ratios in bio-indicators such as lichens and conifer needles as early warning 

parameters of elevated N and S inputs into the environment. The fate of atmospheric N 

and S deposition in soil water in the AOSR is discussed in Chapter 9 (Figure 1.3). 

While this dissertation examined the potential of traditional stable isotope ratios (δ15N-

NH4, δ 15N-NO3, δ 18O-NO3, δ 34S-SO4, δ 18O-SO4) and novel isotope tracers (Δ17O-NO3) 

for tracing industrial emissions in the AOSR, efforts were also made to identify other 

potential tracers of industrial pollution. In Chapter 10, the heavy isotope ratios of the 
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trace metal molybdenum are investigated. Sample preparation techniques were tested and 

developed. First findings on δ98/95Mo as an environmental tracer are reported.  

Finally, Chapter 11 summarizes the conclusions from the individual chapters and 

discusses implications for future research and monitoring in the AOSR. 

 

Figure 1.3: Conceptual diagram displaying the structure of this dissertation. 
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CHAPTER TWO: BACKGROUND 

2.1 The Athabasca Oil Sands Region 

The Athabasca oil sands region (AOSR) in northeastern Alberta, Canada, is located in the 

Western Canadian Sedimentary Basin and is one of three oil sands developments in 

Alberta (Athabasca, Peace River, and Cold Lake) (Figure 2.1). The closest town to the oil 

sands development in the AOSR is Fort McMurray, situated in the Regional Municipality 

of Wood Buffalo. Located approximately 65 km north of Fort McMurray is the First 

Nation community of Fort McKay.  

 

 

Figure 2.1: The Athabasca Oil Sands Region is one of three oil sands developments 

in Alberta (Peacock, 2010). 
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The undisturbed landscape of the AOSR is characterized by a mixture of muskeg 

peatlands and upland forests composed of jack pine, spruce and aspen (Whitfield et al., 

2009). Some of the surrounding forested soils are known to be acid-sensitive (Whitfield 

et al., 2010c), particularly in regions of the Precambrian Shield and the Athabasca 

Sedimentary Basin (Shewchuk, 1982). More than 65 thousand hectares of boreal 

landscape have been disturbed due to mining operations and tailing ponds (Timoney and 

Lee, 2009), as indicated by the red area in Figure 2.1. 

Based on a 30-year-average (1971-2000), the annual precipitation in Fort McMurray 

(airport station) is 455.5 mm and the mean annual temperature is 0.7 °C (Environment 

Canada, 2011a). Mean monthly temperatures are lowest in January (-18.8 °C) and highest 

in July (16.8 °C), while lowest average monthly precipitation rates are observed in 

January (0.5 mm) and highest monthly precipitation rates occur in July (81.3 mm). Figure 

2.2 displays the mean monthly temperature and monthly precipitation rates for the years 

2007, 2008 and 2009 (Environment Canada, 2011a). The summer of 2008 was extremely 

wet with 156.5 mm of precipitation during August alone. 

Prevailing winds are coming from the West during the winter months (December, 

January, February) and the summer months (June, July, August), but from the East in 

spring (March, April, May) and fall (September, October, November) (mean prevailing 

wind directions for 1971-2000, Government of Alberta, 2010). WBEA has 14 air 

monitoring sites (AMS) in the AOSR recording wind speed and direction and real time 

concentrations of O3, NO, NO3, NOx, SO2, H2S, PM2.5, NH3, CO and temperature. 

Prevailing wind directions vary for each sampling site. Terrain may affect wind direction 
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and hence plume distributions in the AOSR, even at heights well above ground level 

(Leahey and Hansen, 1982), although it was stated elsewhere that prevailing winds at 

surface and at 1100 m height above ground in the AOSR are from West and Northwest 

(Sandhu and Blower, 1986).  

 

Figure 2.2: Monthly precipitation (bars) for Fort McMurray Airport between 

January 2007 and December 2009. The mean monthly temperatures (dashed line) 

for this observation period are based on the 30-year average (1971-2000) 

(Environment Canada, 2011a). 

Due to the expanding oil sands industry and the rapid development in the exploitation of 

this unconventional oil resource over the last decade, the town of Fort McMurray has 

been growing (>47,000 inhabitants (Statistics Canada, 2012)). This has increased urban 

and industrial emissions in the region. Most of the bitumen in the AOSR is hosted in the 
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Wabiskaw-McMurray Formation, sediments of the lower Cretaceous (Hein and Cotterill, 

2006). It has been estimated that the lower Cretaceous McMurray Formation contains 

about 2.36×1011 m3 crude bitumen in place (ERCB, 2010). The bitumen is extracted in 

open-pit mines or by in-situ operations. Open-pit mining typically occurs when the 

overburden is less than 70 m thick. The mines are operated by diesel powered trucks and 

shovels. At greater depths, thermal in-situ recovery techniques such as steam-assisted 

gravity drainage (SAGD) are employed (Peacock, 2010). There are currently six mining 

projects in the AOSR (Suncor Oil Sands Millennium Mine, Syncrude Mildred Lake, 

Shell Albian Sands Muskeg River Mine and Jackpine Mine, Syncrude Aurora North and 

Canadian Natural Resources (CNRL) Horizon) and more than 13 producing thermal 

recovery projects (Government of Alberta, 2011). Upon mining, the oil sand is processed 

and upgraded to separate the bitumen from undesired components using water-based 

bitumen extraction techniques (Masliyah et al., 2004). The processing water is typically 

withdrawn from the Athabasca River of the Lower Athabasca watershed (AEMP, 2011). 

There are four on-site upgrader projects in the AOSR: CNRL Horizon, Syncrude Mildred 

Lake, Suncor Base and Millenium, and Nexen Long Lake. 

In addition to anthropogenic emissions from the town of Fort McMurray, the mining, 

extraction and upgrading of the bitumen are associated with air emissions (Figure 2.3) 

including stack emissions, vehicle emissions form heavy haulers and shovels operating in 

the open pit mines, other vehicles, tailing ponds emissions, out-gassing from mine faces, 

windblown dust from e.g. coke, elemental sulfur from sulfur storage blocks or dust from 

dry tailings and roads (Timoney and Lee, 2009).  
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Figure 2.3: Schematic summary of the mining, extraction and upgrading processes 

of bitumen using water-based extraction methods including potential sources of air 

emissions released by the oil sands industry (modified from Masliyah et al., 2004). 

Vehicles operating in open pit mines are transporting oil sand from the mines to the 

extraction plant while emitting S and N compounds. Road dust and coke or 

elemental S particles from the S storage blocks create a source of particle emissions. 

Gaseous emissions from tailing ponds as well as windblown dust from dried tailing 

ponds may be a source of atmospheric N and S. Stack emissions from various 

facilities released during the extraction and upgrading process contribute 

significantly to atmospheric N and S. 
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Upgrading and mining of the oil sands require energy supply that is associated with fossil 

fuel combustion accompanied by nitrous oxide (NOx) and sulfur oxide (SOx) emissions 

that are of concern due their potential effects on terrestrial and aquatic ecosystems (Allen, 

2004; Schindler et al., 2006; Sims et al., 2007; Galloway et al., 2008; Hazewinkel et al., 

2008; Whitfield et al., 2009; Environment Canada, 2011b). An excellent literature review 

on potential impacts of elevated N input into terrestrial ecosystems in the AOSR is given 

by Allen (2004). Figure 2.4 displays the processes of nitrogen and sulfur cycling (a) and 

the effects of increasing nitrogen deposition on forest ecosystems (b). Ammonium (NH4) 

deposition is followed by the conversion into nitrate (NO3) (nitritfication) in well-aerated 

soils such as the upland forests in the AOSR. In peatlands, nitrate may be converted into 

atmospheric N2 via denitrfication. However, particularly in N limited systems, increasing 

nitrogen deposition will first cause an increase in biomass production, followed by 

floristic changes, damages and changes in plant community composition. Following N 

saturation, nitrate leaches through the soil zone giving the potential for soil acidification 

(Allen, 2004). Increasing sulfate (SO4) deposition may also cause soil acidification or is 

converted into H2S emissions via bacterial sulfate reduction under reducing conditions. 
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Figure 2.4: Summary of the processes during nitrogen and sulfur cycling in the 

AOSR (a). Increasing N deposition results in a tri-phasic response of the forest 

ecosystem (b) that ultimately leads to forest decline, nitrate leaching and soil 

acidification (Allen 2004 and references therein). 
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In order to address this concern, the development of monitoring tools to assess industrial 

N and S impacts is highly beneficial. Therefore, N and S isotope ratios and O isotope 

ratios of nitrogen and sulfur compounds were investigated to test the suitability of stable 

isotope techniques as tracers of industrial N and S emissions. This approach requires that 

industrial N and S emissions are isotopically distinct from background atmospheric N and 

S compounds. The following sections (2.2, 2.3 and 2.4) provide an overview of literature 

on the isotopic compositions of atmospheric nitrate (δ15N, δ 18O and Δ 17O), ammonium 

(δ15N), and sulfate (δ34S, δ18O). Applications of N and S isotope ratios in bio-indicators 

are reviewed in section 2.5. Additional information is given in the introduction sections 

of Chapters 4 to 10. 

 

2.2 Nitrogen and Oxygen Isotopes in Atmospheric Nitrate and Ammonium 

Nitrogen and oxygen isotope ratios of nitrate (δ15N-NO3, δ 18O-NO3) provide a useful 

tracer of the different sources of nitrate, because the isotopic composition of atmospheric 

nitrates differs from those of nitrates from fertilizers, soil nitrate or nitrate derived from 

denitrification (Figure 2.5) (Kendall, 1998; Kendall et al., 2007). However, spatial and 

temporal differences of δ 15N and δ 18O values have been observed, particularly for 

atmospheric nitrate. Atmospheric nitrous oxides (NOx) can be derived from different 

sources, such as fossil fuel combustion, biomass burning, soil processes and lighting. The 

oxidation of NOx in the atmosphere ultimately leads to the formation of nitrate. The 

major sinks for atmospheric nitrate are wet and dry deposition. Both δ 15N and δ 18O of 

atmospheric nitrate have been extensively investigated in wet deposition (rainfall, snow), 
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dry deposition (nitrate aerosols), bulk deposition (wet+dry) and throughfall deposition 

underneath tree canopies (Heaton, 1987; Garten, 1992; Heaton et al., 1997; Yeatman et 

al., 2001; Xiao and Liu, 2002; Hastings et al., 2003; Elliott et al., 2007; Zhang et al., 2008; 

Elliott et al., 2009; Kundu et al., 2010). δ15N values of atmospheric nitrate typically vary 

form -15 to +15‰, and δ18O-NO3 values range from ~30 to 95‰ (Kendall, 1998; Kendall 

et al., 2007), although a smaller range of δ18O-NO3 values is reported for atmospheric 

nitrate analyzed with the denitrifier technique (60-95‰, Figure 2.5). 

Seasonal differences in δ 15N values of atmospheric nitrate have been associated with 

different nitrogen sources during warm and cold seasons. δ 15N values of atmospheric 

nitrate collected in summer were found to be lower compared to those of winter 

precipitation in Japan (Fukuzaki and Hayasaka, 2009), China (Zhang et al., 2008), and 

Germany (Freyer, 1991), but δ 15N values were higher during the summers in Pretoria, 

South Africa (Heaton, 1987) and the warm season in Bermuda (Hastings et al., 2003). 

Nitrate aerosols at the Gulf of Aqaba had higher δ 15N values during the summer 

compared to samples collected in winter (Wankel et al., 2010). Strong seasonal variations 

(40 to 70‰) with highest δ 15N values in nitrate aerosols during July/August were also 

observed in the Arctic (Morin et al., 2008) and Antarctica (Proemse, unpublished data). 

δ15N values of atmospheric ammonium also show seasonal variations, as well as 

differences compared to those of atmospheric nitrate. Atmospheric ammonium has a 

different precursor than nitrate and is typically derived from ammonia (NH3) (Seinfeld 

and Pandis, 2006). Agriculture and biogenic soil emissions are major sources of NH3 that 

are expected to be depleted in 15N compared to atmospheric N2 due to preferential 
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volatilization of 14N (Kendall et al., 2007). δ15N values of ammonium in rain are therefore 

typically lower compared to δ 15N values of nitrate (Zhang et al., 2008; Fukuzaki and 

Hayasaka, 2009). For instance, in bulk deposition and throughfall in Tennessee, the 

yearly mean δ15N-NH4 value (-3.4±2.1‰) was lower compared to the average δ15N-NO3 

value (+2.3±2.4‰) (Garten, 1992). Differences in δ15N values of throughfall and bulk 

deposition were also reported (Garten and Hanson, 1990). Heaton et al. (1997) reported 

that nitrate washed from the tree canopy had higher δ 15N values than nitrate in rainfall, 

whereas δ 15N values of ammonium washed from the tree canopy were variable, with 

elevated values at higher pH and under elevated ambient ammonia gas concentrations.  
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Figure 2.5: δ 18O values of nitrate versus δ 15N values of nitrate derived from 

different nitrogen sources (Kendall et al., 2007). 

 

Anthropogenic emissions and nitrates derived from fossil fuel combustion have a wide 

range of δ 15N values, but are typically enriched in 15N compared to atmospheric N2 

(Moore, 1977; Heaton, 1990; Ammann et al., 1999; Snape, 2004; Widory, 2007; Kundu 

et al., 2009; 2010; Wang et al., 2010). As a consequence, atmospheric nitrate in non-polar 

areas derived from anthropogenic emitted NOx had δ15N values between 0 and 6‰, while 

nitrate samples from locations predominantly influenced by natural NOx sources had δ15N 

values depleted in 15N (-4±2‰) (Morin et al., 2009). Zhang et al. (2008) reported that 
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seasonal variations of δ15N-NO3 and δ15N-NH4 values were less pronounced at rural sites 

compared to sites in the vicinity of Beijing (China), suggesting an anthropogenic 

influence on the isotopic composition of atmospheric nitrate and ammonium. 

In general, most studies agree that elevated δ15N values in atmospheric nitrate are 

associated with anthropogenic emissions. However, this contradicts findings that pre-

industrial N is enriched in 15N compared to atmospheric N2. δ15N values of nitrate from 

ice core studies (Hastings et al., 2009) and of total nitrogen in tree-rings (Savard et al., 

2009) were higher with δ15N values up to ~12‰ for the pre-industrial time period.  

The oxygen isotopic composition of atmospheric nitrate depends on its oxidation 

pathways (see section 2.3). The oxidation of NOx to NO3 may vary with season, resulting 

in a seasonal variability of δ18O values of atmospheric nitrate. Oxygen in NOx may be 

derived from atmospheric molecular O2 with a δ18O value of +23.5‰ (Kroopnick and 

Craig, 1972). Subsequent oxidation of NOx to NO3 via ozone (O3) introduces oxygen 

enriched in 18O with δ18O values between ~70 to ~98‰ (Johnston and Thiemens, 1997). 

Hence atmospheric nitrate δ18O values typically vary between 60-95‰ (Kendall et al., 

2007). The oxygen isotopic composition of atmospheric nitrate is therefore distinct and 

different from nitrates derived from other processes such as nitrification (Figure 2.5). 

Seasonal variations of oxygen isotope ratios in atmospheric nitrate can be as large as 

50‰: aerosol nitrate collected at the Neumayer station, Antarctica, varied from 65.1‰ in 

January (Antarctic summer) to 117.9‰ in July (Proemse, unpublished data). This may be 

a result of different sources of aerosol nitrate and/or a result of different seasonal 

oxidations pathways of atmospheric nitrate as described in the following section. 
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2.3 Δ17O of Atmospheric Nitrate 

In 1973, the first observations of mass-independent isotope fractionation of oxygen were 

made in carbonaceous meteorites (Clayton et al., 1973). One decade later, mass-

independent isotope fractionation was reported due to chemical processes (Thiemens and 

Heidenreich, 1983). Since the discovery of mass-independent isotope fractionation (MIF), 

efforts have been made to explain the anomalous enrichment of 17O in atmospheric 

compounds. Even though the origin of this phenomenon has not yet entirely been 

identified, 17O anomalies can be used to trace atmospheric compounds such as nitrate in 

the environment.  

Mass-independent isotope fractionation of oxygen is defined as any deviation from the 

mass-dependent relationship, and is expressed as Δ17O (Δ17O=δ17O-0.52×δ18O) (Miller, 

2002). The most studied MIF system is the Δ17O signal generated during ozone 

formation. The generation of ozone causes MIF following the relationship δ17O≈δ18O 

(Thiemens and Heidenreich, 1983). Many hypotheses have been suggested to explain MIF 

(Thiemens and Heidenreich, 1983; Thiemens and Jackson, 1988; Guenther et al., 1999; 

Mauersberger et al., 1999; Guenther et al., 2000; Gao and Marcus, 2001; Janssen and 

Marcus, 2001; Thiemens, 2001) but its explanation remains a major challenge in physical 

chemistry (Savarino et al., 2007).  

Ozone is not directly emitted into the atmosphere but produced photochemically via 

(Johnston & Thiemens 2004): 

O+O2+M → O3+M         (2.1) 
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where M represents a third body species which removes excess energy from the formed 

O3 molecule. Most of the O3 is formed in the stratosphere due to UV photodissociation 

(λ≤240 nm) of O2. Only 10% is produced in the troposphere via photodissociation 

(λ≤430 nm) of NO2 and its concentration is therefore variable (Lyons 2001, Johnston & 

Thiemens 1997). Ozone controls the oxidation state of the atmosphere to a very large 

extent (Johnston & Thiemens 2004). Johnston and Thiemens (1997) analysed the isotopic 

composition of ozone and discovered high δ17O values up to 86.6 ‰. 

These 17O enrichments found in ozone can be transferred to other species such as 

atmospheric nitrate and sulfate, because ozone is known to be a photochemically active 

species (Mauersberger et al. 2003, Lyons 2001). Observations indicate that all oxygen-

bearing molecules in the atmosphere (except water) show MIF, either through interaction 

with O3 or with H2O2 that is also enriched in 17O (Thiemens, 2006).  

Once the enrichment of 17O in other atmospheric compounds is produced via transfer 

reactions with O3 or H2O2, the deviation (∆17O) from the terrestrial fractionation line 

(TFL) remains unchanged, providing a potential tool in understanding of cycling of 

atmospheric N and S compounds. Atmospheric inputs with NO3 and SO4 deposition can 

be identified as long as the ∆ 17O signal has not been overprinted or diluted by the 

terrestrial ∆17O value of 0.  

The first measurements of ∆ 17O in atmospherically produced nitrate were reported by 

Michalski et al. (2003). They suggested that nitrate is predominantly formed by the 

oxidation of NO2 via two homogeneous reactions (2.2 and 2.3) and one heterogeneous 

reaction (2.5): 

NO2+OH+M → HNO3+M        (2.2) 
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NO2+O3 → NO3+O2         (2.3) 

NO3+HC, DMS → HNO3+products       (2.4) 

NO2+NO3 ↔ N2O5         (2.5) 

N2O5+H2O(surface) → 2HNO3(aqueous)      (2.6) 

Gaseous HNO3 produced in the reaction (2.2) and (2.4) reacts on aerosol surfaces, thus 

producing particulate nitrate. NO2 provides the reactant for the HNO3 production 

channel, and is generated by NO oxidation via ozone, HO2, or peroxy radicals (ROx) 

(Michalski et al., 2003). NO2 may also be photolysed by uv/vis light, generating both NO 

and O3: 

NO+O3 → NO2+O2         (2.7) 

NO+HO2 (ROx) → NO2+OH (RO)       (2.8) 

NO2+hν → NO+O         (2.9) 

O+O2+M → O3         (2.10) 

This incorporation of ozone due to photochemical reactions (Johnston & Thiemens 1997) 

causes the deviation from the TFL (∆17O = 0) with ∆17O values >0‰ and thus constitutes 

a useful tracer of nitrate-O derived from atmospheric processes (Kendall et al. 2007). 

Michalski et al. (2003) reported high ∆ 17O values for aerosols in La Jolla, ranging 

between 20.0 and 30.8‰. A strong seasonality, similar to enrichments and seasonal 

trends of 18O (50-89‰), was suggested to be the result of shifts in oxidation chemistry 

that vary with sunlight, temperature and oxidation levels. Also source conditions (e.g. 

plume versus dispersed) may affect the oxidation pathways of atmospheric nitrate 

resulting in the variability of ∆17O and δ18O values (Michalski et al., 2003). 
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Comparing ∆17O values of nitrate in aerosols, fog, precipitation, streams and soils from 

various sites in California (USA) enabled the determination of the fractions of 

atmospheric nitrate (Michalski et al., 2004b), revealing that nitrate extracted from top soil 

layers was mainly atmospheric in origin (∆17O=18.9‰). Stream and soil samples showed 

that atmospheric NO3
- did not undergo complete biological processing. Minerals were 

also reported to possess anomalous enrichments in 17O (Michalski et al., 2004a; 

Michalski et al., 2005). Nitrate minerals from the Dry Valleys of Antarctica showed 

highest ∆ 17O values observed in any known mineral (28.9 to 32.7‰). The large 17O 

enrichments can possibly be explained by the mixing of tropospheric and stratospheric 

nitrate which are then deposited over million year timescales on the Antarctic ice cap 

(Michalski et al., 2005). 

Figure 2.6 shows a triple isotope plot including Δ17O values for atmospheric nitrate, with 

seasonal differences depending on the oxidation pathways in the atmosphere (Kendall et 

al., 2007). 
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Figure 2.6: Triple isotope plot showing δ17O vs. δ18O values (in ‰) for atmospheric 

nitrates and their deviation from the TFL. Winter samples possess higher Δ 17O 

values than summer samples (Kendall et al., 2007). 

 

In isotope studies using δ18O of nitrate as a tracer, high δ18O values can be obtained not 

only due to inputs by atmospheric nitrate but also due to other processes. For example, 

denitrification leads to an increase in δ18O values (Kendall, 1998). Using δ17O can 

additionally provide further clues about the origin of nitrate because ∆ 17O values from 

atmospheric sources will remain unchanged, even when other mass-dependent 

fractionation processes occur afterwards. The origin of MIF in nitrate is solely from 

interactions with ozone and limited to atmospheric nitrate. Nitrate derived from other 

processes does therefore not possess any MIF. Mass-dependent isotope fractionation will 
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result in a shift parallel to the TFL. Hence ∆ 17O provides a useful tracer to distinguish 

between atmospheric nitrate and nitrate from other sources (Kendall et al., 2007). 

However, nitrate (e.g. due to nitrification) with ∆ 17O=0 can dilute the original ∆ 17O 

signal of atmospheric nitrate, or the conversion to organic matter and then back to nitrate 

might overprint atmospheric ∆17O with terrestrial ∆17O values (Kendall et al., 2007). 

The 17O anomaly in nitrate cannot only be used to identify atmospheric nitrate inputs into 

terrestrial and aquatic environments, but can also help to understand the role of ozone in 

the atmospheric nitrogen cycle (Kaiser et al. 2007) even though the knowledge of isotope 

fractionation during the reactions leading to nitrate formation is still insufficient 

(Savarino et al., 2007).  

 

2.4  Sulfur and Oxygen Isotopes of Atmospheric Sulfate 

The sulfur and oxygen isotopic composition of atmospheric sulfate (δ34S, δ18O) has been 

used in previous studies to trace sources and cycling of atmospheric S. In some case 

studies, anthropogenic or industrial emissions were isotopically distinct from background 

values and were used for source apportionment (Newman et al., 1991; Novák et al., 2001; 

Puig et al., 2008). The sulfur isotopic composition of atmospheric sulfate depends on the 

sulfur sources and typically has δ34S values >17‰ for marine sources (Jamieson and 

Wadleigh, 2000) and δ34S values lower than 0‰ for biogenic sources (Wadleigh and 

Blake, 1999) such as H2S from bacterial sulfate reduction (Canfield, 2001; Sanusi et al., 

2006). Sulfur emitted from fossil fuel combustion tends to have δ34S values around +5‰ 

(Norman et al., 2004; Norman et al., 2006). Nakai & Jensen (1967) found δ 34S-SO4 
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values in rain and snow from sites in Japan and USA between +3.2 and +7.3‰ for 

industrial sites, and +12.3 to +19.0‰ for non-industrial sites, confirming the contribution 

of fuel sulfur depleted in 34S compared to atmospheric sulfate (Nakai and Jensen, 1967). 

In contrast, δ34S for gaseous SO2 emitted from natural gas processing plants and 

refineries in Alberta, Canada, had values as high as +25‰ (Winner et al., 1978), whereas 

δ34S of SO2 from a coal-fired power plant in Spain was depleted in 34S yielding a 

δ34S-SO2 value of -2.8±0.5‰ (Puig et al., 2008). These observations indicate that it is 

important to characterize δ 34S values of the local emission sources to evaluate whether 

they are different from those of background (anthropogenic) atmospheric sulfate. 

The oxygen isotopic composition of atmospheric sulfate may reveal additional 

information about the formation (oxidation) and sources of atmospheric sulfate. δ 18O 

depends on the oxidation pathway of SO2 that is the major anthropogenic emitted sulfur 

gas. δ 18O values of SO4 have been used to distinguish between primary sulfate that is 

directly formed in the emission stack at high temperatures >450°C, and secondary sulfate 

that is formed by oxidation of SO2 in the atmosphere. Primary sulfates have elevated 

δ18O-SO4 values of +35 to +40‰ (Holt et al., 1982) compared to δ 18O-SO4 values of 

secondary sulfates ranging from ~0 to +20‰ (Holt and Kumar, 1991). More recently, 

Lee et al. (2002) investigated the sulfur and oxygen isotopic compositions of primary 

sulfates formed during high temperature combustion and observed low δ18O-SO4 values 

(+5.5 to +10.5‰). The rather high δ18O-SO4 values in primary sulfates reported by Holt 

et al. (1982) have not been observed elsewhere. However, the oxygen isotopic 

composition of atmospheric sulfate depends on whether oxidation of SO2 is aqueous 
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(heterogeneous) or gaseous (homogeneous). In the atmosphere, the main homogeneous 

(gaseous) oxidation pathway of SO2 is initiated by OH radicals (Savarino et al., 2000): 

SO2+OH+M → HOSO2+M        (2.11) 

HOSO2+O2 → SO3+HO2        (2.12) 

SO3+H2O+M → H2SO4        (2.13) 

During aqueous oxidation of SO2 the oxygen in SO2 exchanges rapidly with the oxygen 

of water vapor (Holt et al., 1983; Newman et al., 1991): 

SO2+H2O → H2SO3         (2.14) 

H2SO3 → HSO3
-+H+         (2.15) 

HSO3
- → SO3

2-+2H+         (2.16) 

The oxidation of SO3
2- to SO4

2- may then proceed via O2, H2O2 or O3 (Newman et al., 

1991; Savarino et al., 2000). The oxygen isotopic composition of atmospheric sulfate 

therefore depends on the oxygen isotopic composition of the oxidant. If liquid water is 

present, 3 out of 4 oxygens in the sulfate molecule are derived from the water (Holt et al., 

1981; Holt and Kumar, 1991). Rainwater and snow in Alberta have an average δ18O value 

of -18‰ (Peng et al., 2004) whereas atmospheric oxygen is more enriched in 18O with 

δ18O=+23.5‰ (Kroopnick and Craig, 1972). After oxidation of SO2 to SO4, the oxygen 

isotopic composition of sulfate is stable (Holt and Kumar, 1991; Jamieson and Wadleigh, 

2000). 
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2.5 Sulfur and Nitrogen Isotope Ratios in Bio-Indicators 

Bio-indicators are typically used to monitor the health of aquatic and terrestrial 

ecosystems because bio-indicators respond to anthropogenic disturbances (e.g. pollution). 

Nitrogen and sulfur are essential nutrients for plants and micro-organisms, however, they 

may cause stress or damage at elevated input rates. Sulfur and nitrogen isotope ratios 

(δ34S, δ15N) have been successfully used in bio-indicators such as lichens, mosses, and 

conifer needles, to trace sources of S and N accumulated in the bio-indicators, although 

little is known about isotope fractionation during N and S uptake by bio-indicators. The 

application of stable isotope techniques in bio-indicators to trace sources of pollutants 

requires that the isotopic composition of the pollutant is distinct and different from 

background values. For example, S isotope ratios in mosses were used to divide Canada 

into four source regions of atmospheric sulfur (Nriagu and Glooschenko, 1992): The 

Western region influenced by sulfur from sea salt spray, and the Prairie region with 

evaporitic dust particles as a main source of sulfur in mosses; mosses in Ontario and 

Quebec were impacted by sulfur from industrial emissions, and mosses from the Atlantic 

region incorporated their sulfur from sea salt spray and polluted air masses from 

continental North America (Nriagu and Glooschenko, 1992). Although Alberta belongs to 

the Prairie region, large variations in δ34S in mosses within the province of Alberta were 

observed. δ34S values ranged form +2.3‰ in Western Alberta to up to 9.3‰ at Marianna 

Lake (near Wood Buffalo region), indicating that different sources of sulfur influenced 

the mosses within Alberta. Stable isotope techniques might therefore not be applicable at 

all scales, depending on the variety of sources and their isotopic signals. S isotope ratios 

in lichen parts have been used to investigate temporal changes in atmospheric S. 
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Decreasing δ34S values with time were found and differences between young and old 

lichen segments were observed for a polluted site in Newfoundland, Canada. Unimpacted 

coastal sites did not show any variation in δ34S values between lichen segments (Yun et 

al., 2010). In general, lichen sulfur isotope ratios appear to be dominated by δ34S values 

of the source (Case and Krouse, 1980; Takala et al., 1991; Wadleigh and Blake, 1999; 

Wiseman and Wadleigh, 2002; Wadleigh, 2003). 

Pearson et al. (2000) determined δ15N values in mosses in the UK and found that δ15N 

values either represent NOx with higher δ15N values or NHx with lower δ15N values and 

concluded that δ15N values in mosses are source dependent. Atmospheric NH3 with δ15N 

values as low as -8‰ was also reported as a source of N for lichens (Tozer et al., 2005). 

Tozer et al. (2005) reported δ15N values of total nitrogen in lichen samples from New 

Zealand between -6.5 and -20.5‰. The extremely low δ15N values of those lichen 

samples were explained by dual isotope fractionation of nitrogen, caused by volatilization 

of NH3 followed by diffusive uptake of NH3 by the lichens (Tozer et al., 2005). Lichen 

samples from the maritime Antarctic were also depleted in 15N compared to atmospheric 

N2 with δ15N values as low as -15.3‰ (Lee et al., 2009). The lowest lichen δ15N value of 

-21.0‰ was observed on lichens growing on mangrove trees in Central America (Fogel et 

al., 2008). It appears that nitrogen in lichens is typically depleted in 15N compared to 

atmospheric N2, likely due to preferential uptake of 15N depleted NHx (Dahlman et al., 

2004; Tozer et al., 2005; Fogel et al., 2008). 

δ15N values have also been used in artificial tracer studies on lichens to investigate their 

nitrogen uptake mechanisms (Gaio-Oliveira et al., 1999; Dahlman et al., 2004). 
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Ammonium uptake by lichens was found to be greater compared to any other N uptake 

(Dahlman et al., 2004).  

Sulfur and nitrogen contents and their isotopic composition were also determined in 

conifer needles to investigate sources of tree N and S (Krouse, 1977; Winner et al., 1978; 

Ammann et al., 1999). δ34S values of total S in pine needles was influenced by SO2 

emissions near a sour gas processing plant in Alberta, Canada (Winner et al., 1978), 

whereas δ15N values of total nitrogen in pine needles collected close to a highway in 

Switzerland revealed that vehicle NO2 was a major source of tree nitrogen (Ammann et 

al., 1999). Conifer needles have therefore the potential as bio-indicators for atmospheric 

N and S pollution. 
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CHAPTER THREE: METHODS 

3.1 Introduction 

The collection of the samples investigated in this study was only possible by joint efforts 

from many individuals. Samples of particulate matter (PM2.5) emitted by two stacks in the 

AOSR were collected by Dr. Judith Chow and Dr. John Watson from the Desert Research 

Institute (DRI) in Reno (Nevada, USA) in March 2011. They kindly provided the eluants 

from PM2.5 filters for this study and NO3, NH4 and SO4 concentration data. The eluants 

were analyzed for δ 15N (n=7), δ 18O (n=7), Δ 17O (n=5) of nitrate, δ 15N of ammonium 

(n=5), δ34S (n=10) and δ18O (n=9) of sulfate. Samples that are potential sources of N and 

S (oil sand, coke, elemental S, ammonium sulfate) were provided by WBEA and industry 

colleagues and analyzed for δ15N of total N (oil sand, coke, ammonium sulfate), δ34S of 

total S (oil sand, coke, elemental S), and δ 34S and δ 18O of sulfate (ammonium sulfate). 

Atmospheric nitrate (n=455 for δ15N and δ18O, n=30 for Δ17O), ammonium (δ15N, n=134) 

and sulfate (n=294 and 328 for δ34S and δ18O, respectively) samples from bulk deposition 

and throughfall collectors from 16 sites in 3 to 113 km distance to one of the major 

emission stacks were analyzed. Deposition collectors were exposed for 6 months periods 

over 2 years (April 2007 – May 2009) and used ion exchange resins for the collection of 

atmospheric nitrate, ammonium and sulfate. The extracts for those resins were provided 

by Dr. Mark Fenn and Christopher Ross from the USDA Forest Service Laboratory in 

Riverside (California, USA). They also provided concentration data and deposition rates 

for each sample. To investigate whether bio-indicators respond to industrial N and S 

emission, lichen samples and conifer needles were collected in summer 2008 by Dr. 

Shanti Berryman and Justin Straker (Integral Ecology Group Ltd., Victoria, British 
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Columbia, Canada). Thirty-two lichen samples from 24 sites (3-113 km) were analyzed 

for total N contents, δ 15N of total N, total S contents and δ 34S of total S to investigate 

whether isotopically distinct industrial N and S emissions impact lichen N and S. The 

same parameters of conifer needles (pine and spruce) from 25 sites (3-119 km) were 

determined (n=143). The conifer needles were collected by Dr. Dennis Jaques (Ecosat 

Geobotanical Surveys Inc., Vancouver, British Columbia, Canada). Total S, organic S 

and SO4 contents in pine needles were determined at Pacific Soil Analysis Inc. 

(Vancouver, British Columbia). Several field trips to the AOSR were conducted for the 

collection of soil water and soil samples. In order to investigate whether soil water N and 

S are influenced by industrial N and S emissions, plant root simulator (PRS) probes were 

deployed to collect soil water nitrate, ammonium and sulfate at 9 sites between 13 and 

119 km distance to the oil sand operations between September 2009 and May 2011. 

Nitrate, ammonium and sulfate concentrations and δ 15N and δ18O of nitrate (n=18), and 

δ34S of sulfate (n=15) were determined on the eluants of the probes. Samples of the 

mineral soil horizon (n=18) from 18 sites and the organic top-soil layer (n=14, where 

applicable) were collected and analyzed for δ 34S of total sulfur. Most of the samples 

required pre-treatment, which is described in subsequent chapters. If not otherwise stated, 

the charge of ions (e.g. NO3
-, NH4

+, SO4
2-) was often unknown since particles e.g. 

depositing in bulk deposition samplers or on PM2.5 filters may occur in neutralized form 

(e.g. as NH4NO3, (NH4)2SO4). In these cases, NO3, NH4, and SO4
 are noted without 

charges in this dissertation. 

 



37 

 

3.2 Concentration Analyses of NO3, NH4 and SO4 

The eluants of the PM2.5 filters were analyzed for nitrate (NO3) and sulfate (SO4) 

concentrations using ion chromatography (IC) at the Desert Research Institute in Reno 

(Nevada, USA). Ammonium (NH4) concentrations in the eluants were measured by 

automated colorimetry (AC) at the DRI. The ion exchange extracts of bulk deposition and 

throughfall collectors were analyzed at the USDA Forest Service Laboratory, Riverside 

(California, USA), using high performance ion chromatography. Ammonium 

concentrations in those samples were also determined colorimetrically with an 

autoanalyzer. Nitrate, sulfate and ammonium concentrations on PRS probe extracts and 

soil extracts were analyzed using a Dionex ICS-2000 ion chromatograph. Dionex lists the 

detection limits of NO3 as 20 ppb and of sulfate and ammonium as 10 ppb. Measurement 

precision is ±5%. 

 

3.3 δ15N and δ18O Analyses of Nitrate 

Nitrogen isotope ratios (δ15N) and oxygen isotope ratios (δ18O) of nitrate (NO3
-) were 

analyzed using the denitrifier method according to Sigman et al. (2001) and Casciotti et 

al. (2002). This technique uses the bacterial denitrifier strain Pseudomonas aureofaciens 

which converts nitrate into nitrous oxide (N2O). This strain is genetically modified and 

lacks the enzyme to conduct the last step (N2O →  N2) of the denitrification pathway 

(NO3
- → NO2

- → NO → N2O). 

This method requires only 20-30 nmoles N, a much smaller sample size than required by 

other techniques (e.g. AgNO3 technique (Silva et al., 2000)). Samples were stored in 
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either refrigerators or freezers until analysis. Preparation of the bacterial cultures was 

conducted as follows (Sigman et al., 2001; Casciotti et al., 2002): 

The denitrifier strain Pseudomonas aureofaciens was grown in 130 ml batches of tryptic 

soy broth medium. The broth was prepared with 10 mmol/l KNO3, 15 mmol/l NH4Cl, and 

1 ml/l antifoam agent. The broth was autoclaved before use. The bacteria were harvested 

after 7 days and then concentrated 10-fold. The concentrated medium was split in 2 ml 

aliquots in 20 ml headspace vials. The vials were purged with high purity N2 for at least 2 

hrs to minimize the size of any N2O blank. Following this, the sample amount 

corresponding to 30 nmoles N was added to the sample vials and incubated overnight. 

The next day, 0.15 ml of 10 mol/l NaOH was added to stop the reaction and to convert 

any CO2 gas to dissolved inorganic carbon (DIC). To avoid corrections for mass 

spectrometer nonlinearity at different amounts of N2O, a constant sample size is 

desirable. The N2O produced by the bacteria from the sample nitrate in the headspace 

vials was then analyzed by gas source isotope ratio mass spectrometry. A 24 vial 

autosampler was connected to a gas chromatograph (GC) with a PreCon device interfaced 

to a Finnigan MAT Delta+XL mass spectrometer. The sample vials were flushed with 

helium to carry the sample N2O gas through a series of traps. After cryofocussing the 

N2O in the PreCon, it was separated from residual CO2 by a GC and introduced in the 

mass spectrometer. Peak sizes at the masses 44, 45, and 46 of the sample were compared 

to those of a working reference N2O gas. δ 15N and δ 18O values were calculated by the 

software ISODAT 2.63 and corrections according to Casciotti et al. (2002). δ15N values 

are reported relative to AIR and δ 18O values relative to Vienna Standard Mean Ocean 

Water (VSMOW) normalized with reference materials used in each run. The international 
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reference materials include IAEA-NO3 ( δ15N=+4.7±0.2‰, δ 18O=+25.6±0.6‰) and 

USGS-34 (δ15N=-1.8±0.2‰, δ 18O=-27.9±0.6‰) (Böhlke et al., 2003). The international 

reference materials IAEA KNO3 and USGS-34 and in-house laboratory standards were 

also used to ensure accuracy and long-term external precisions of ±0.5‰ and ±1.0‰ for 

δ15N and δ18O values of nitrate, respectively. 

 

3.4 Δ17O Analyses of Nitrate 

Commonly used δ18O measurement methods which use generated CO2 or CO for analysis 

(e.g. Silva et al. 2000) are not suitable for the determination of ∆ 17O because of the 

isobaric interferences at mass 45 (16O13C16O and 16O12C17O) or 29 (13C16O and 12C17O). 

Hence, pure O2 is required for ∆17O analysis (Michalski et al., 2002). 

Michalski et al. (2002) presented a technique to analyze both δ18O and δ17O in nitrate 

based on the AgNO3 method developed by Silva et al. (2000). Instead of AgNO3 

combustion with graphite to produce CO2, AgNO3 is thermally decomposed to generate 

O2. Since the AgNO3 method for δ18O and δ15N analysis of nitrate requires relatively 

high sample volumes and involves labor intensive steps, the denitrifier method has been 

adapted and modified for 17O measurements (Kaiser et al., 2007).  

Samples were analyzed at IsoLab at the University of Washington, Seattle, USA, and 

Δ17O-NO3 values were determined using a modified bacterial denitrification method 

(Kaiser et al., 2007). The analysis was similar to the principles used for δ 15N and δ 18O 

determination (see section 3.3). The sample preparation follows the same steps, using the 

denitrifier strain Pseudomonas aureofaciens but requires 50 nmol of nitrate-N and the 
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catalytic conversion of N2O to O2 gas. The strain shows less than 5% isotope exchange 

with water and is therefore suitable for oxygen isotope analysis. Figure 3.1 summarizes 

the main N2O generation steps (steps 1 to 9) and its subsequent conversion into O2. 

Similar to δ15N and δ18O analysis, helium is used as the carrier gas to purge the N2O from 

sample vials (step 1) followed by a water trap (ethanol/liquid nitrogen cooling mixture) 

(step 2) and a N2O trap (U-tube, liquid nitrogen) (step 3). The remaining gases (N2, He) 

are vented. The U-tube must be purged in between samples at a high He flowrate of 80-

100 ml/min (step 3). The sample N2O from the U-tube is transferred to a modified 

Finnigan MAT PreCon device (step 4) after passing a hydrocarbon purge trap removing 

volatile organic compounds (VOCs). Bacterial VOCs can lead to partial O2 consumption 

in the gold furnace. The Sulpeco type F hydrocarbon purge trap was found to be the most 

efficient trap for removing VOCs and it replaces the standard Mg(ClO4)2/ascarite trap of 

the PreCon (Kaiser et al., 2007). The VOC trap can be used for ∼200 analyses when 

conditioned at 180 °C overnight with a helium flowrate of 100 ml/min in reverse flow 

direction (step 5). The purified N2O sample is preconcentrated and cryofocused again 

using a standard PreCon configuration (step 6). The released N2O sample travels with the 

He flow through a gold furnace which decomposes the N2O to N2 and O2. The original 

methane oxidation furnace provided with the PreCon device is fitted with a 500-mm long, 

1.6-mm-o.d., 0.6-mm-i.d. pure gold tube (C. Hafner, Germany) that is held at 800 °C. 

Copper plates are fitted at the ends of the gold tube and cooled by forced air ventilation to 

avoid excessive heating of the unions joining the gold tube to the fused-silica tubing (step 

7). In a GC, the two gases N2 and O2 are then separated directly on a molecular sieve 

fused-silica column (Chrompack, 0.5nm, 25 m x 0.32 mm, 40° C, 1.3 ml/min, Δp=1.3 
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bar). After 200 s the O2 peak elutes (step 8). The O2 gas is admitted into a Finnigan MAT 

252 IRMS and analyzed for its masses 32, 33 and 34 via a Finnigan MAT conflo II 

device (step 9). 

 

Figure 3.1: Instrumental setup for the extraction of sample N2O followed by 

catalytic conversion into O2 according to Kaiser et al. (2007). For details on steps 1 

to 9 see text. 

A common principle in the measurement of stable isotope ratios is the parallel 

measurement of both sample and standard to achieve identical measurement conditions, 

because isotope fractionation may occur during sample processing. The method for triple 

oxygen isotope analysis of nitrate described by Kaiser et al. (2007) uses the international 

nitrate reference material IAEA-NO3 to place the isotopic analyses on the Vienna 

Standard Mean Ocean Water (V-SMOW) scale. Additionally, the reference materials 
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USGS-34 and USGS-35 were processed in the same way as the nitrate samples. Δ17O and 

δ18O values of USGS-35 are 21.56±0.11‰ and 54.1±1.5‰, respectively (Michalski et 

al., 2002; Böhlke et al., 2003). The resulting O2 peaks of the standards are then measured 

relative to an O2 working reference gas with a known isotopic composition relative to 

V-SMOW. This reference gas is injected into the mass spectrometer via the reference 

open split. For details on the injection intervals see Kaiser et al. (2007). The Finnigan 

Isodat NT 2.0 software was used to integrate the peak areas and determine isotopic ratios. 

Kaiser et al. (2007) determined the typical peak area for a 50 nmol nitrate sample (12.5 

nmol O2) to be 40 Vs. 

 

3.5 δ15N Analyses of Ammonium 

δ15N of ammonium (NH4
+) was measured using the diffusion method (Sebilo et al., 2004). 

The sample preparation took place in an ammonia free environment and blanks were 

included in each sample set. Blanks prepared in the Isotope Science Laboratory (ISL, 

University of Calgary) and in the preparation laboratory of the Applied Geochemistry 

group (AGg, University of Calgary) resulted both in no peak on the IRMS. The cleaned 

incubation bottles were washed in dilute HCl, rinsed with DI water and dried at 400 °C 

for 4 hrs. A target range of 50 to 150 µg of dissolved sample NH4-N was suggested for 

this method (Sebilo et al., 2004). However, testing the range of recommended ammonium 

target concentrations yielded variations in δ15N values of up to 1.5‰. Figure 3.2 shows 

that there is a drift towards lower δ15N values with lower sample size. The higher end of 

the target range proposed by Sebilo et al. (2004) resulted in accurate δ15N values, hence 
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150 µg of NH4-N was chosen for sample analysis. Sample solutions were loaded into the 

reaction bottles that were filled up with deionized water to a total volume of 150 ml per 

flask (aqueous sample containing 150 µg of NH4-N plus deionized water). A membrane 

package and 2 ml of 5 N NaOH were added and the bottle was closed quickly. The 

membrane package included a strip of glass fibre filter with 30 µl of 8 N H2SO4. The 

hydrophobic filter (PTFE) was impermeable for water but allowed the diffusion of NH3. 

Due to the high pH, the ammonium of the sample is volatilized to NH3 which is trapped 

as (NH4)2SO4 on the filter. It is crucial that the volatilization process is complete because 

of large N isotope effects that preferentially partition the light isotope 14N in the produced 

NH3 (Holmes et al., 1998). Hence the solutions were stirred for a week before the 

membrane package was removed. Figure 3.3 shows that complete diffusion is achieved 

after 6 days. The glass fibre filters are then freeze-dried for 24 hrs and packed into tin 

cups. The international reference material IAEA-N2 (20.3±0.1‰) and an in-house 

standard (ISL (NH4)2SO4, -1.3±0.3‰) were included in each sample set to assure 

accuracy. The δ15N values of the obtained NH4-containing filters were determined using 

an elemental analyzer (EA, Costech 4010) interfaced with an IRMS (Finnigan MAT 

Delta+XL). Samples were combusted with an oxygen pulse at 1020 °C. Helium carried 

the eluent gases through a reduction oven to produce N2 gas followed by purification in a 

GC and subsequent IRMS. Accuracies and precisions of δ15N values were ensured using 

the reference materials USGS-40 (δ15N=-26.4±0.2‰) and USGS-41 (δ15N=37.6±0.2‰) 

(precision ±0.15‰). External precision of δ 15N-NH4 values determined using the 

ammonium diffusion method was ±0.6‰. 
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Figure 3.2: δ15N-NH4 values measured for the reference material IAEA-N2 with a 

known δ15N value of 20.3±0.1‰ (a) and ISL with a δ15N value of -1.3±0.3‰ (b) using 

different NH4-N target amounts. Dashed lines represent mean values and dotted 

lines standard deviations of the δ15N-NH4 values reported for the reference 

materials. 
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Figure 3.3: δ15N-NH4 values of 18 samples of the standard material IAEA-N2 

(20.3±0.1‰). The samples were obtained over 19 days of diffusion. Diffusion 

appears to be complete after 6 days. Not entirely sealed caps can potentially cause 

outliers such as on day 13. The dashed line represents the mean value and the dotted 

lines the standard deviation of the δ15N-NH4 value reported for the IAEA-N2. 

3.6 δ15N and Total N Content of Solids 

δ15N values and total N contents of solids (e.g. lichens, conifer needles) were determined 

using an elemental analyzer (EA, Costech 4010) interfaced with an IRMS (Finnigan 

MAT Delta+XL) according to the set up described for δ15N-NH4 analysis of the glass 

fibre filters. The same reference materials USGS-40 (δ15N=-26.39±0.2‰) and USGS-41 

(δ15N=37.63±0.2‰) were used to assure accuracy and precision of ±0.15‰ for δ15N 
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values of solids. Samples were thermally decomposed with an oxygen pulse at 1020 °C. 

Helium carried the eluent gases through a reduction oven to produce N2 gas followed by 

purification and separation by a GC and subsequent IRMS (Preston and Owens, 1983). 

The size of the resulting N2 peak in the mass spectrometer depends on the amount of N in 

the sample and can therefore be used to determine total N contents (Barrie and Prosser, 

1996). The measurement uncertainty in the total N content mainly depends on the 

weighing error during sample preparation. Precision is typically better than ±5%. 

 

3.7 δ34S and δ18O of Sulfate 

Sulfur and oxygen isotope ratios (δ34S, δ 18O) of sulfate were determined on BaSO4 

precipitated from SO4-containing aqueous samples. BaCl2 (10%) solution was added in 

excess to the SO4 samples and the resulting BaSO4 precipitate was filtered, rinsed with 

deionized water, and dried. Approximately 250 µg of BaSO4 precipitate were weighed 

into tin cups. Niobium pentoxide was added to enhance the thermal decomposition of the 

samples that were analyzed by continuous flow-isotope ratio mass spectrometry (CF-EA-

IRMS), using a Carlo Erba NA 1500 elemental analyzer (EA) interfaced to a VG PRISM 

II mass spectrometer (Giesemann et al., 1994). The samples were thermally decomposed 

in the EA and the produced and purified SO2 was carried into the IRMS for the 

determination of sulfur isotope ratios. δ18O values of sulfate were determined on CO 

generated by pyrolysis of BaSO4 in the presence of graphite in a TC/EA pyrolysis reactor 

at 1450 °C (Kornexl et al., 1999). δ18O values are reported relative to VSMOW and δ34S 

values relative to Vienna Canyon Diablo Troilite (V-CDT). For δ 34S and δ 18O analysis 
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the standards NBS 127 (δ34S=+21.1‰, δ18O=+8.7±0.7‰), IAEA S05 

(δ34S=+0.49±0.11‰, δ18O=+12.1±0.2) and IAEA S06 (δ34S=+34.05±0.08‰, 

δ18O=-11.2±0.2) were used resulting in precisions of ±0.3‰ and ±0.5‰ for δ 34S and 

δ18O values of sulfate, respectively. 

 

3.8 δ34S and Total S Content of Solids 

Isotope ratios of total S of solids (e.g. oil sand, lichens, conifer needles, soil samples) 

were also analyzed by EA-IRMS after Parr-bombing the sample (Siegfriedt et al., 1951) 

or acid-washing with nitric acid (HNO3) and bromine (Br2) (Mayer and Krouse, 2004). 

The Parr-bomb method converts all organic S compounds to sulfate in a closed high 

temperature reactor under high pressure, and under the presence of O2. After the sample 

(~1g) was placed in a cup in the bomb, distilled water was added. The bomb was closed 

and 25 atm O2 were added, and placed in a water bath. A current was passed through a 

thin Ni alloy wire placed above the cup containing the sample to ignite the sample. All S 

was converted to SO3 and reacted with the water in the bomb to H2SO4 (Siegfriedt et al., 

1951). After opening the bomb, the sample was transferred into a beaker and BaCl2 

solution was added to convert the sulfate into BaSO4. For materials that did not combust 

well in the Parr-bomb, the acid digestion method was used (Zhabina and Volkov, 1978). 

The sample was soaked in concentrated HNO3 and liquid Br2 overnight and followed by 

heating. Following drying of the sample, the SO4 was re-dissolved in dilute HCl, and 

after filtering, the sulfate was precipitated as BaSO4 by the addition of BaCl2. 
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Approximately 250 µg of the BaSO4 precipitate was placed into tin cups and niobium 

pentoxide was added, followed by EA-IRMS. Measurement uncertainty was ±0.5‰ for 

δ34S of total S. Total S contents were determined gravimetrically using the initial weight 

of the sample and the weight of the resulting BaSO4. The precision for total S contents is 

typically less than ±5%. 
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CHAPTER FOUR: ISOTOPIC CHARACTERIZATION OF NITRATE, 

AMMONIUM AND SULFATE IN STACK PM2.5 EMISSIONS IN THE 

ATHABASCA OIL SANDS REGION, ALBERTA, CANADA 

 

4.1 Abstract 

The rapid industrial development of the Athabasca oil sands region (AOSR) in 

northeastern Alberta, Canada, has raised concerns about potential impacts of industrial 

emissions on the surrounding environment. Stable isotope techniques may be a suitable 

tool for elucidating such environmental impacts provided that the isotopic compositions 

of industrial emissions are distinct. We determined the isotopic compositions of nitrate, 

ammonium and sulfate in PM2.5 emitted from two industrial stacks in the AOSR and 

compared them to the nitrogen and sulfur isotopic compositions of source materials and 

upgrading products. We found distinct isotopic compositions of nitrate and ammonium in 

PM2.5 compared to those reported for atmospheric nitrate and ammonium in the literature. 

Nitrate in PM2.5 had δ15N values of 9.4‰ (Stack A) and 16.1±1.2‰ (Stack B) that were 

significantly enriched in 15N compared to the feedstock materials (~2.5‰), by-products 

of upgrading (-0.3 to 1.3‰), and atmospheric N2 (0‰). δ15N of ammonium in PM2.5 

showed a large range with values between -4.5 to +20.1‰ (Stack B). We report the first 

measurements of the triple oxygen isotopic composition of industrial emitted nitrate. 

Nitrate emitted as PM2.5 is not mass-independently enriched in 17O resulting in 

Δ17O=0.5±0.9‰ (Stack B) and is therefore distinct from atmospheric nitrate, constituting 

an excellent tracer of industrial derived nitrate. δ18O values of nitrate (36.0 and 

17.6±1.8‰ for Stack A and B, respectively) were also significantly lower than δ 18O 
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values of atmospheric nitrates and hence isotopically distinct. δ 34S values of sulfate in 

PM2.5 were 7.3±0.3‰ (Stack A) and 9.4±2.0‰ (Stack B) and hence slightly enriched in 

34S compared to δ34S in bitumen (4.3±0.3‰) and coke (3.9±0.2‰). δ18O values of sulfate 

in PM2.5 were 18.9±2.9‰ and 14.2±2.8 for Stack A and Stack B, respectively. The 

isotopic composition of sulfate in PM2.5 was not sufficiently different from δ34S and δ18O 

values of sulfate in long-range atmospheric deposition in industrial countries to serve as a 

quantitative tracer for industrial emitted PM2.5. We conclude that δ18O and Δ17O values of 

nitrate in stack-emitted PM2.5 are excellent tracers, and δ 15N values of nitrate and 

ammonium are suitable tracers for tracing the transport and fate of PM2.5 nitrate and 

ammonium emitted from stacks in the AOSR in the surrounding terrestrial and aquatic 

ecosystems. 

 

4.2 Introduction 

Fossil fuel combustion releases various nitrogen (N) and sulfur (S) compounds into the 

atmosphere, mostly as nitrogen oxide (NO), nitrogen dioxide (NO2) and sulfur dioxide 

(SO2) that can react to nitrate (NO3) and sulfate (SO4) suspended particulate matter (PM). 

Ammonia (NH3) also derives from industrial emissions and may form particulate 

ammonium (NH4), but is more commonly emitted by natural and agricultural activities 

(Beuning et al., 2008). These gases and particles cause acid rain and may result in 

acidification or eutrophication of terrestrial and aquatic ecosystems and decreases in soil 

pH (Aherne and Shaw, 2010). Particulate matter such as PM2.5 (particles <2.5 µm in 
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diameter) is also directly related to impacts on human health (Schwartz et al., 2002; 

Boldo et al., 2006). 

In the Athabasca Oil Sands Region (AOSR) in northeastern Alberta, Canada, rapid 

industrial development and associated N and S emissions may impact nearby acid-

sensitive ecosystems and soils. Recent studies reported elevated NH3 and HNO3 gas 

concentrations in the vicinity of the oil sand operations (Bytnerowicz et al., 2010), 

although evidence of impact of elevated NO3 and NH4 deposition in the AOSR is limited 

(Aherne and Shaw, 2010; Whitfield et al., 2010a; Whitfield et al., 2010b; Whitfield et al., 

2010c; Wieder et al., 2010). To assess the impact of industrial emissions on aquatic and 

terrestrial ecosystems in the AOSR, tracer techniques capable of distinguishing industrial 

N and S emission are desirable. 

Nitrogen and sulfur isotope ratios (δ15N, δ34S) have been widely used to trace the sources 

and fate of N and S compounds in the environment where anthropogenic emissions are 

isotopically distinct from background values (Case and Krouse, 1980; Elliott et al., 2007; 

Puig et al., 2008). Literature values for δ15N and δ34S of source materials and emissions to 

the atmosphere are often used for the interpretation of sources and transformations of 

atmospheric N and S (Elliott et al., 2007), although reported isotope ratios of industrial 

emissions span wide ranges, making the characterization of local sources crucial for 

anthropogenic impact studies. δ 15N of gaseous NOx reported for engine exhaust in the 

literature vary from values as high as +3.7‰ (Boulder, CO) (Moore, 1977) and +5.7‰ 

(near a highway, Switzerland) (Ammann et al., 1999) to values as low as -13‰ (Pretoria, 

South Africa) (Heaton, 1990). δ 15N values of gaseous nitrogen emitted from coal-fired 
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power stations varied from +6 to +13‰ in Pretoria, South Africa (Heaton, 1990). δ15N 

values of aerosols tend to be enriched in 15N compared to atmospheric N2 (Moore, 1977). 

Extremely high δ15N values were reported for PM10 in China with highest values in the 

city Baoji during winter (23.1±8.3‰) (Wang et al., 2010). Widory (2007) reported δ15N 

values of +4.6‰ for particles from exhaust of unleaded gasoline and diesel in Paris, 

France. Widory (2007) also determined δ15N values of nitrogen in PM10 from waste 

incinerators (+5.5 to +8.0‰), natural gas (+7.7±5.9‰), fuel oil (-7.5±8.3‰), and coal 

combustion (-5.3‰). PM2.5 derived from biomass combustion in Brazil had δ15N values 

ranging from +23.5 to +25.7‰ and were significantly enriched in 15N compared to 

nitrogen in the surrounding vegetation and soil (Kundu et al., 2009). δ15N in aerosol 

organic matter ranged from -14.6 to +12.5‰ in the UK (Kelly et al., 2005), confirming 

again that δ15N values for industrial emissions reported in the literature are extremely 

variable. 

The δ 34S value of total S in gasoline and diesel fuels used in Alberta and British 

Columbia is ~+9‰ (Norman et al., 2004). Norman et al. (2004) also determined the δ34S 

value of the diesel additive molybdenum sulfide (MoS2) (+5‰) and several oils (~0‰), 

resulting in a δ34S value for SO2 in engine exhaust of ~+5‰ (Norman et al., 2006). δ34S 

for gaseous SO2 emitted from natural gas plants and refineries in Alberta, Canada, had 

values as high as +25‰ (Winner et al., 1978), whereas δ 34S of SO2 from a coal-fired 

power plant in Spain was depleted in 34S yielding a δ34S-SO2 value of -2.8±0.5‰ (Puig et 

al., 2008). Coal samples, a source for sulfur emissions in the UK, have even lower δ34S 

values of -6 to -10‰ (Zhao et al., 2003) again revealing a wide variability of δ34S values 
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in anthropogenic emissions. δ18O values of sulfate have been used to distinguish between 

primary sulfate that is directly formed in the emission stack, and secondary sulfate that is 

formed by oxidation of SO2 in the atmosphere. Holt et al. (1982) reported that primary 

sulfates have δ 18O-SO4 values of +35 to +40‰ at high temperatures >450°C, which is 

higher than the δ18O-SO4 values of secondary sulfates which typically range from ~0 to 

+20‰ (Holt and Kumar, 1991). Lee et al. (2002) also investigated the sulfur and oxygen 

isotopic compositions of primary sulfates formed at high combustion temperatures and 

observed rather low δ18O-SO4 values (+5.5 to +10.5‰), which is in conflict with Holt et 

al.’s (1982) original observations. 

To our knowledge, no δ 18O or Δ 17O values of industrial emitted particulate nitrate or 

industrial emitted gaseous NOx have been reported in the literature. Atmospheric nitrate 

is typically anomalously enriched in oxygen-17 due to interactions with ozone (O3) in the 

atmosphere and Δ 17O-NO3
- values have been used to gain insights into oxidation 

pathways of atmospheric compounds (Michalski et al., 2003; Hastings et al., 2004; 

Michalski et al., 2004a; Michalski et al., 2004b). There is also a lack of nitrogen isotope 

data for NH4 in industrial emissions, despite that reduced nitrogen has profound effects 

on terrestrial ecosystems (Krupa, 2003). Currently, there is no information on the N, S 

and O isotopic composition of nitrate, ammonium and sulfate emitted from industrial 

stacks in the AOSR. 

If N and S isotopic ratios from AOSR emissions differ from those of other sources, 

receptor-models (Watson et al., 1984; Watson et al., 2008) can be applied to estimate 

industrial source contributions at nearby and distant locations. The objective of this work 
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was to determine the nitrogen and triple oxygen isotope ratios (δ15N, δ18O and Δ17O) of 

nitrate, the δ15N values of ammonium as well as the sulfur and oxygen isotope ratios 

(δ34S, δ18O) of sulfate in PM2.5 emitted from selected industrial stacks in the AOSR. The 

goal was to determine whether industrial N and S emissions from stacks in the AOSR 

have characteristic isotopic compositions that can be used to trace their transport, cycling 

and fate in the surrounding environment. 

 

4.3 Study Site 

The AOSR located in close proximity to Fort McMurray, Alberta, Canada, is one of the 

largest oil sand deposits in the world that is becoming increasingly important as the 

availability of conventional fossil fuel reserves continues to decline. In 2009, production 

from oil sands totaled 1.5 million barrels oil from 91 active oil sands projects, including 5 

mining projects (Government of Alberta, 2010). The bitumen is either mined by open pit 

or in-situ operations (e.g. steam-assisted gravity drainage). Upon mining, the oil sand is 

processed to separate the bitumen from sand and other undesired components and 

upgraded to remove excess nitrogen and sulfur. Because different oil sand operators use 

different refining techniques, feedstocks, petrochemicals, and upgrading procedures, 

detailed descriptions of the bitumen processing methods and emissions differ among 

facilities (Keesom et al., 2009). Flue gas desulfurization (FGD) systems may be 

employed to decrease SO2 emissions from the bitumen processing using a NH3 scrubber 

(V. Chisholm, pers. communication). In the removal process, NH3 reacts with SO2 to 

form ammonium sulfite/bisulfite, followed by forced oxidation with air producing 

ammonium sulfate ((NH4)2SO4) that crystallizes from the saturated absorber liquor. 
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During this ammonium sulfate process (ASP), granular (NH4)2SO4 fertilizer is produced 

(Netzer, 2006). Despite efforts to reduce sulfur emissions into the atmosphere, SO2 stack 

or point source emissions exceeded 100,000 tonnes in the AOSR in 2009 (NPRI, 2011). 

NO2 emissions from stack or other point sources accounted for over 27,000 tonnes, NH3 

for at least 586 tonnes and total particulate matter more than 4600 tonnes (NPRI, 2011). 

 

4.4 Methods 

4.4.1 Stack Sampling 

Two stacks from bitumen processing facilities in the AOSR were sampled for this study: 

Stack A was sampled during March 16-19, 2011, and Stack B was sampled during March 

21-24, 2011. The major source of S in stack emissions is from the processed bitumen. 

The source of N and O is either from ambient air used as a part of the processes feeding 

each stack (“thermal NO”), or from feedstocks (bitumen, coke) containing N and O that 

are incorporated into the air emissions (“fuel NO”) (Heaton, 1990). If temperatures are 

not high enough for thermal NO production (> ~2000 °C), the majority of nitrogen is 

from the fuel (Pershing and Wendt, 1977; Kundu et al., 2010). Stack A exhausts flue gas 

from two carbon monoxide (CO) boilers that burn overhead gas from two fluid cokers, 

sour water treating units, and sometimes the sulfur recovery units. Most of the solid 

particular matter (PM) was removed by two electrostatic precipitators (ESP) before 

entering the stack and prior to venting to the atmosphere. Stack B is fed by a CO boiler, 

flue gas from a third fluid coker and sulfur recovery units after a portion of the primary 

PM was removed by an ESP and SO2 was scrubbed by the FGD system. The hot off-gas 



56 

 

from the fluid coker exiting the ESP enters a spray tower where it is contacted with a 

diluted slurry of (NH4)2SO4 containing an excess of NH3 produced by source water 

stripper units. The SO2 in the flue gas reacts with the NH4
+ and produces a slurry, which 

drains into the tower sump where it reacts to form (NH4)2SO4 (fertilizer). The treated flue 

gas is emitted to the atmosphere via the FGD stack. The temperature of Stack A varies 

between 240 °C in the winter and 258 °C in the summer. Stack B temperatures are much 

lower with 75 °C in the winter and 80 °C in summer time. 

Twenty-six samples of flue gas were extracted from the stack sampling ports (91 m and 

61 m above ground levels for Stacks A and B, respectively) and diluted with filtered 

ambient air by a factor of 17 to 47 times (Wang et al., 2011). Dilution air was kept at 

ambient temperature or heated to 24-37 °C to reduce condensation when it was observed. 

The diluted sample was aged in a residence chamber for ~20 seconds to achieve 

gas/particle equilibrium. A stream of the diluted sample was drawn by real-time PM 

measurement instruments (Wang et al., 2011). The remaining flow passed through a 

Bendix 240 PM2.5 cyclone (113 L/min) into a conical plenum where it was split into 

multiple streams for quantification by real-time gas instruments and integrated samplers. 

Filter packs were used to collect gases and particles for comprehensive characterization 

of chemical and physical properties (Watson et al., 2010; Chow and Watson, 2012). 

Isotopic characterization of eluted NO3, NH4 and SO4 used water extracts from the PM2.5 

front-filter samples collected on the quartz-fiber filter/potassium carbonate-impregnated 

cellulose-fiber filter packs. 
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In Stack A, 0.3% of the total nitrogen released was in form of reduced N (NH4 in PM2.5), 

while the majority of N was emitted in gaseous oxidized form (NO 91.6%, NO2 8.1%). 

Particulate sulfate accounted for 0.8% of the total sulfur with the remainder exiting Stack 

A as SO2. In Stack B, the PM2.5 NH4 accounted for 10.3% of the total emitted nitrogen, 

and PM2.5 SO4 constituted 10.1% of the total emitted sulfur. The remainder was emitted 

in gaseous form (NO 50.6%, NO2 37.9%, SO2 89.9%). 

 

4.4.2 Source and Product Samples 

Twenty-three bitumen samples from 3 wells were taken in the Long Lake area near 

Anzac, ca. 45 km southeast of Fort McMurray (Marcano, 2011). One untreated oil sand 

sample was collected from the McMurray Formation near one of the oil sands operators, 

and a coke sample was obtained from one of the upgraders. Coke is a by-product of the 

bitumen upgrading. In addition, an elemental S sample from one of the sulfur blocks 

(open air S storage) north of Forth McMurray was taken. A sample from the (NH4)2SO4 

fertilizer produced in the FGD system was kindly provided by one of the oil sands 

operators. All samples were dried, ground and homogenized prior to analyses. 

 

4.4.3 Concentration Analyses 

Particles of half of the front quartz-fiber filters were extracted in 15 ml of distilled-

deionized water (DDW) and analyzed for chloride (Cl-), nitrite (NO2
-), NO3

-, phosphate 

(PO4
3-) and SO4

2- concentrations by ion chromatography (IC) (Chow and Watson, 1999). 
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NH4
+ was measured by automated colorimetry (AC) (Chow, 1995; Chow and Watson, 

2012). The remaining water extracts were used for subsequent isotopic analyses. 

 

4.4.4 Isotope Analyses 

The isotopic compositions of NO3, NH4, and SO4 were determined. Isotope abundance 

ratios are reported in the internationally accepted δ notation defined as 

δsample(‰)=[(Rsample/Rstandard)-1]×1000, where R is the 15N/14N, 34S/32S or 18O/16O ratio of 

the sample and a standard respectively. 

Sulfur and oxygen isotope ratios (δ34S, δ 18O) of sulfate eluted from the filters were 

determined on barium sulfate (BaSO4), precipitated from the elution by adding barium 

chloride (BaCl2) (10%) in excess. 250 µg of BaSO4 were packed in tin cups and analyzed 

by continuous flow-isotope ratio mass spectrometry (CF-EA-IRMS), using a Carlo Erba 

NA 1500 elemental analyzer (EA) interfaced to a VG PRISM II mass spectrometer 

(Giesemann et al., 1994). δ 18O values of sulfate were determined on CO generated by 

pyrolysis of BaSO4 in the presence of graphite at a temperature of 1450 °C (Kornexl et 

al., 1999). δ18O values are reported relative to Vienna Standard Mean Ocean Water 

(VSMOW) and δ 34S values relative to Vienna Canyon Diablo Troilite (V-CDT). For 

calibration of δ 34S and δ 18O values the reference materials NBS 127, IAEA S05 and 

IAEA S06 were used resulting in precisions of ±0.3‰ and ±0.5‰ for δ34S and δ18O of 

sulfate, respectively. Isotope ratios of total S of solids (e.g. oil sand) were also analyzed 

by EA-IRMS after Parr-bombing the sample and converting all sample S into BaSO4 
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(Siegfriedt et al., 1951) or acid-washing with nitric acid (HNO3) and bromine (Br2) 

(Mayer and Krouse, 2004). Measurement uncertainty was ±0.5‰ for δ34S of total S. 

Nitrogen isotope ratios (δ15N) and oxygen isotope ratios (δ18O) of nitrate were analyzed 

by isotope ratio mass spectrometry (IRMS) on N2O gas generated via the bacterial 

denitrification method described by Sigman et al. (2001) and Casciotti et al. (2002). δ15N 

values are reported relative to atmospheric N2 (AIR) and δ18O values relative to Vienna 

Standard Mean Ocean Water (VSMOW). The international reference materials IAEA 

KNO3 and USGS 34 as well as in-house laboratory standards were used to ensure 

accuracy and long-term external precisions of ±0.5‰ and ±1.0‰ for δ 15N and δ 18O 

values of nitrate, respectively. 

Δ17O values of nitrate were determined at IsoLab, University of Washington (Seattle, 

USA), on O2 gas using a modified bacterial denitrification method including a gold oven 

(Kaiser et al., 2007). Precision was ±0.2‰. Δ17O-NO3 is reported as the deviation of δ17O 

from the mass dependent relationship (δ17O=0.52×δ18O) and expressed as ∆ 17O in ‰ 

(∆17O=δ17O−0.52×δ18O). 

δ15N of ammonium (NH4) was measured using the diffusion method (Sebilo et al., 2004). 

150 µg of sample NH4-N was diffused onto sulfuric acid containing filter packages in 

glass bottles for 7 days. The international reference material IAEA-N2, an in-house 

standard, and a blank were included in each diffusion set to assure accuracy. The δ 15N-

NH4 values of the obtained NH4-containing filter were determined using an elemental 

analyzer interfaced with an IRMS. External precision of δ 15N-NH4 values using the 

ammonium diffusion method was ±0.6‰. δ15N values of total N of solids (e.g. oil sand) 



60 

 

were determined using an elemental analyzer interfaced with an IRMS. Accuracy and 

precisions of δ15N values of solids were ensured using the reference materials USGS 40 

and USGS 41 and the precision of these measurements was ±0.15‰. 

 

4.5 Results 

4.5.1 Nitrogen and Sulfur Isotopic Composition of Potential Source Materials 

δ15N values of total nitrogen in bitumen from the Long Lake area ranged from 1.2 to 

2.9‰ with an average δ15N value of 2.1±0.3‰ (n=22) (Marcano, 2011). An untreated oil 

sand sample from the McMurray Formation (85% silicates, 0.07 wt% N) had a similar 

mean δ15N value of 2.5±0.8‰ (n=5). 

Total sulfur in bitumen from the Long Lake area varied between 3.7 and 4.7‰, resulting 

in an average δ34S value of 4.3±0.3‰ (n=23). The δ34S value of the untreated oil sand 

sample from the McMurray Formation (4.87 wt% S) was 6.4±0.5‰ using either Parr-

bombing or the nitric acid/Br2 technique for extracting total S (n=5). 

 

4.5.2 Stack Samples 

4.5.2.1 Concentration of NO3, NO2, NH4 & SO4 

The concentrations of NO3, NO2, NH4, and SO4 in the eluted PM2.5 samples (n=26) were 

determined. NO3 ranged from <26.2 µg/m3 (Stack A), near the detection limit, to 

350.9±88.4 µg/m3 (Stack B). NH4 ranged from 743.6±54.1 µg/m3 (Stack A) to 

19,575±1467 µg/m3 (Stack B). SO4 ranged from 39,701±1488 µg/m3 (Stack A) to 

64,228±5110 µg/m3 (Stack B). NO2 concentrations were below the detection limit. 

Chemical analysis of particle compositions shows that in Stack A, NO3, NH4, and SO4 
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account for <1%, 0.9%, and 47.6% of PM2.5, respectively, indicating particles are mostly 

sulfuric acid droplets (H2SO4•xH2O). In Stack B, NO3, NH4, and SO4 account for 0.3%, 

24.9%, and 72.7% of PM2.5, respectively, indicating particles are mostly (NH4)2SO4. PM 

NO3 is usually low when there is a dearth of NH3, as any gaseous HNO3 that might be 

present will not be neutralized into the NH4NO3 particulate phase (Stelson et al., 1979). 

 

4.5.2.2 Nitrogen and Oxygen Isotopic Composition of Nitrate 

Only one sample from Stack A provided enough NO3 for analysis of the isotopic 

composition of nitrate, yielding a δ 15N value of 9.4‰ and a δ 18O value of 36.0‰, 

respectively. For Stack B, six samples contained sufficient NO3 for isotopic analyses. 

δ15N-NO3 values ranged from 14.3 to 17.9‰ (average 16.1±1.2‰) and δ18O-NO3 values 

varied between 15.6 and 20.4‰ (average 17.6±1.8‰). For both δ15N-NO3 and δ18O-NO3 

values, no correlation was found with either the dilution flow temperature or the NO3 

concentration, and values were relatively constant throughout the sampling program 

(Figure 4.1a, b). 

The Δ17O-NO3 values of five Stack B samples ranged from -0.2 to 1.8‰ (Figure 4.1c), 

with a mean value of 0.5±0.9‰. For Stack A, there was insufficient sample material for 

Δ17O-NO3 analysis. 
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Figure 4.1: δ15N, δ18O and Δ17O values of nitrate from the emission Stack A and 

Stack B, plotted versus NO3 concentrations of diluted samples (a-c), and versus 

dilution factor (d-f). There was not enough sample material for Δ17O analysis of

Stack A nitrate. 
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4.5.2.3 Nitrogen Isotopic Composition of Ammonium 

Five samples from Stack B provided enough material for δ15N-NH4 measurements. A 

wide range of δ15N-NH4 values was observed, from -4.5‰ at high concentrations to 

+20.1‰ at the lowest NH4 concentration, though there was no trend with dilution factor 

(Figure 4.2a). The δ15N-NH4 variability did not appear to be dependent on NH3

conversion into (NH4)2SO4. If all NH3 is converted into (NH4)2SO4, the [SO4]/[NH4]  

mass ratio is ~2.7. All five samples analyzed for δ15N-NH4 had a [SO4]/[NH4] mass ratio 

close to 2.7 (Figure 4.2b). 

 

Figure 4.2: δ15N values of ammonium from the emission Stack B plotted versus 

dilution factor (a) and versus the ratio [SO4]/[NH4] (b). At a ratio of 2.7, all 

ammonia is converted into ammonium sulfate. 

4.5.2.4 Sulfur and Oxygen Isotopic Composition of Sulfate 

Sulfate sampled in Stack A had δ34S-SO4 values between 7.0 and 7.8‰ (average 

7.3±0.3‰, n=5) and δ18O-SO4 values ranging from 14.4 to 21.7‰ (average 18.9±2.9‰, 
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n=5). The average δ 34S value of sulfate from Stack B was slightly higher than that of 

Stack A, 9.4±2.0‰ (n=5), with values varying between 6.1 and 11.5‰ (Figure 4.3a). 

Sulfate from Stack B had δ18O-SO4 values as low as 10.7‰ and up to 17.2‰, with an 

average of 14.2±2.8‰ (n=4), almost 5‰ lower than the average δ 18O value of sulfate 

from Stack A (Figure 4.3b). Figure 4.3c shows that δ34S values tend to approach +7‰ 

with increasing [SO4]/[NH4] ratios. At low [SO4]/[NH4] ratios higher δ34S values of up to 

11.5‰ were observed. There is no trend of δ18O-SO4 values with [SO4]/[NH4] ratio 

(Figure 4.3d). 
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Figure 4.3: δ34S and δ18O values of sulfate from the emission Stack A and Stack B, 

plotted versus dilution factor (a-b), and versus the ratio [SO4]/[NH4] (c-d). 

4.5.3 Nitrogen and Sulfur Isotopic Composition of Products 

Coke (0.78 wt% N), an upgrading product, had a δ15N value of -0.3±0.7‰ (n=5), slightly 

lower than bitumen (δ15N=2.1±0.3‰) and oil sand (δ15N=2.5±0.8‰). The δ15N value of 

(NH4)2SO4 that is produced in the FGD system was 1.3±0.1‰ (18.2 wt% N, n=12). 

The (NH4)2SO4 had a δ34S value of 7.2‰ (n=2). Analysis of the coke sample (0.58 wt% 

S) resulted in δ34S values of 4.0±0.2‰ using either Parr-bombing or the nitric acid/Br2

technique for extracting of total S (n=5). Elemental sulfur obtained from a sulfur block 
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north of Fort McMurray yielded an average δ34S value of 5.3±0.5‰ (n=10), similar to the 

δ34S value of bitumen (4.3±0.3‰).  

Figure 4.4 summarizes the isotopic compositions of nitrate, ammonium, and sulfate 

described above. 

 

 

Figure 4.4: Summary of δ 15N, δ 34S, δ 18O and Δ 17O values found in stack emitted 

PM2.5 (Stack A and Stack B), bitumen, oil sand, coke, elemental S and ammonium 

sulfate. 
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4.6 Discussion 

δ18O values of nitrate in atmospheric deposition typically vary between 60 and 95‰ 

(Kendall et al. 2007 and references therein). The oxygen isotopic composition of nitrate 

depends on the oxidation pathway that generates NO3 and high δ18O values are the result 

of interaction with ozone with δ 18O values of +82 to +90‰ (Johnston and Thiemens, 

1997). Nitrate in stack emitted PM2.5 in the AOSR had much lower δ18O values of 

+36.0‰ for Stack A and ranged between 15.6‰ and 20.4‰ for Stack B. These low δ18O 

values of nitrate from the emission stacks are indicative of interaction with atmospheric 

molecular oxygen with a δ18O value of ~23.5‰ (Kroopnick and Craig, 1972) during the 

reaction: 

2NO + O2 → 2NO2         (4.1) 

Subsequently, atmospheric nitrate (NO3 + HNO3) may be formed by either one of the two 

homogenous reactions (4.2, 4.3) or by the heterogeneous reaction (4.4) (Michalski et al., 

2003): 

NO2 + OH + M → HNO3 + M       (4.2) 

NO2 + O3 → NO3 + O2        (4.3) 

NO2 + NO3 ↔ N2O5, N2O5 + H2O (surf) →2 HNO3 (aq)    (4.4) 

Reaction (4.3) introduces high δ18O values from ozone. OH exchanges rapidly with 

oxygen from H2O; the δ18O value of nitrate derived via reaction (4.2) is therefore 

controlled by the δ18O value of water and water vapor. However, OH is likely not present 

within stack and facility since O3 is also not present, as reflected in low δ18O-NO3 values. 

Water vapor is typically depleted in 18O compared to O2 and O3. Flue gas in Stack B is 
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treated by the FGD system including a spray tower involving large amounts of water. The 

processing water is extracted from the Athabasca River with a δ18O-H2O value of -17.8‰ 

(Gue et al., 2011) that is markedly lower than δ18O of atmospheric oxygen (+23.5‰). 

Therefore, Stack A δ18O values of nitrate in PM2.5 suggest that a combination of the 

reactions (4.1), (4.3) and (4.4) occurred, whereas Stack B δ 18O values indicate that a 

combination of reactions (4.1), possibly (4.4) and water vapor was involved in NO3 

formation.  

Atmospheric nitrate is also enriched in 17O resulting in Δ17O values of ~20 to 31‰ 

(Michalski et al., 2003) due to the interaction with O3 possessing a Δ17O value of ~35‰ 

(Michalski et al., 2004a). Stack B emitted nitrate in PM2.5 had Δ17O values ranging from -

0.2 to 1.8‰ and hence no evidence of mass-independent isotope fractionation. These low 

Δ17O values in nitrate also suggest that no ozone was involved in the NO2 oxidation 

process. Therefore, oxidation via molecular oxygen and water vapor appears to be the 

dominant oxidation pathway for NO to NO3 in Stack B. Equation (4.2) may also be 

involved because any Δ17O of OH is overwritten by the the oxygen isotopic composition 

of water (Δ17O≈0‰) (Lyons, 2001), although the presence of OH radicals is unlikely. We 

conclude that industrial processes in the AOSR release NO3 from stacks with low δ18O 

and Δ17O values constituting a potential tracer for industrial nitrate in the atmosphere and 

in terrestrial and aquatic ecosystems (Figure 4.5). Low δ18O values of atmospheric 

nitrates (~33‰) have also been observed in precipitation in a Chinese city that is heavily 

impacted by industrial emissions (Fang et al., 2011). 
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Figure 4.5: Conceptual model of oxidation pathway of NO derived from combustion 

versus “background” NO. 

 

The δ15N values of nitrate in PM2.5 were several per mil higher than those of feedstock 

materials (bitumen 2.1±0.3‰, oil sand 2.5±0.8‰), by-products (coke -0.3±0.7‰, 

ammonium sulfate 1.3±0.1‰), or atmospheric N2 (0‰). Stack A nitrate had a δ15N value 

of 9.4‰ and the average Stack B value was 16.1±1.2‰. Temperatures during the 

bitumen processing are generally between 200 and 300 °C, although some process such 

as delayed coking may involve temperatures up to 1425 °C (Netzer, 2006). However, 

temperatures are not high enough to produce “thermal NO” (Heaton, 1990), suggesting 

that most of the nitrogen in the oxidized N form is from the feedstock nitrogen. 

Since the δ15N values of PM2.5 nitrate are more than 7‰ higher compared to nitrogen in 

feedstock materials and by-products, there must be a process enriching 15N in PM2.5. 
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Kundu et al. (2010) found that δ15N values of particles produced during biomass burning 

were up to 7.8‰ higher than those of unburned vegetation. Also, elevated δ15N values in 

atmospheric deposition are often associated with dry deposition and hence particles 

(Moore, 1977; Heaton et al., 1997; Xiao and Liu, 2002). It is unclear why Stack B δ15N-

NO3 values are higher than those from Stack A, but we hypothesize that this may be 

associated with the particle formation in the FGD system or due to differences in stack 

temperatures. Irrespective of the cause, elevated δ15N values of stack nitrate in PM2.5 may 

serve as a suitable tracer to track industrial emissions in the atmosphere and surrounding 

terrestrial and aquatic ecosystems. 

δ18O values of sulfate, 18.9±2.9‰ for Stack A and 14.2±2.8‰ for Stack B, are lower 

than the δ18O value of ~23.5‰ of atmospheric oxygen (Kroopnick and Craig, 1972). The 

δ18O values of sulfate in PM2.5 are not in the range for primary sulfate oxygen reported by 

Holt et al. (1982) via metal catalysis at high temperatures (+35 to +40‰). However, the 

δ18O of the primary sulfates observed in Stack A and B are higher than the δ18O values 

reported by Lee et al. (2002) for sulfate from combustion processes ranging from +5.5 to 

+10.5‰. This may either be the case because temperatures in Stack A (240 to 258°C) and 

in Stack B (75 to 80°C) are not high enough to result in elevated δ18O-SO4 values, or 

because different combustion conditions may be responsible for different oxidation 

pathways. δ18O values of SO4 of stack emitted PM2.5 are in the typical range of ~0 to 

20‰ reported for atmospheric sulfates (Holt and Kumar, 1991). Therefore, this parameter 

is not suitable to differentiate particulate sulfate from industrial emissions in the AOSR 

from atmospheric SO4 derived via long-range transport. According to Lee et al. (2002), 
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sulfate is produced when the gas cools and travels up the stack. The primary oxidation 

pathway of SO2 to SO3 during combustion processes is  

SO2 + O + M → SO3 + M ,        (4.5) 

following the formation of sulfuric acid (H2SO4) (Lee et al., 2002): 

SO3 + (H2O)2 → H2SO4 + H2O .       (4.6) 

This suggests that 3 out of 4 oxygen in H2SO4 are derived from atmospheric oxygen, and 

only one oxygen is from water. Using 23‰ for δ18O of atmospheric oxygen and -18‰ 

for δ 18O of processing water, the δ 18O value of the resulting sulfate should be ~13‰, 

which is close to the average δ18O-SO4 value of Stack B (14.2±2.8‰). Most of the SO4 

particles in Stack B are likely already formed by aqueous phase reactions within the stack 

due to the FGD system forming (NH4)2SO4. However, some of the H2SO4 of Stack A 

may have formed in the dilution chamber, possibly incorporating more oxygen from the 

ambient dilution air with a δ18O value of 23.5‰ resulting in higher δ18O-SO4 values 

compared to Stack B. 

The δ34S values of sulfate in PM2.5 were 7.3±0.3‰ in Stack A and 9.4±2.0‰ in Stack B, 

higher than δ 34S values measured for bitumen (4.3±0.3‰), oil sand (6.5±0.5‰), 

elemental sulfur (5.3±0.5‰), and coke (4.0±0.2‰), but similar to the δ 34S value of 

ammonium sulfate (7.2‰). At low [SO4]/[NH4] ratios, δ34S values higher than 9‰ were 

observed in PM2.5. That indicates that sulfur incorporated into (NH4)2SO4 becomes 

enriched in 34S compared to the excess gas. The operating system of Stack A does not 

include a FGD system and [SO4]/[NH4] ratios in PM2.5 are hence >>2.7. It appears that 

excess sulfur that is not neutralized by NH3 in the FGD system, characterized by high 

[SO4]/[NH4] ratios, had lower δ 34S values, suggesting that gaseous SO2 emitted by the 
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stacks may have lower δ 34S values than 6.1‰. However, δ34S values of stack emitted 

sulfate in PM2.5 is in the range of δ34S values in atmospheric sulfates (Chapter 6) and may 

therefore not be a suitable tracer of industrial sulfate in the AOSR. 

δ15N values of ammonium in Stack B PM2.5 span a wide range, from -4.5 to 20.1‰. The 

low end of this range overlaps with δ15N values of feedstock materials (bitumen 

2.1±0.3‰, oil sand 2.5±0.8‰), by-products (coke -0.3±0.7‰, ammonium sulfate 

1.3±0.1‰), and atmospheric N2 (0‰), but the elevated δ15N values indicate another 

process that enriches 15N in the NH4 of PM2.5. The FGD system uses NH3 from a 

fertilizer supplier. δ15N values of fertilizers in Western Canada are typically around 0‰ 

(M. Nightingale, pers. comm.), since nitrogen used in the Haber-Bosch-process is from 

atmospheric N2. However, if all these possible N sources are considered, they cannot be 

responsible for the wide range of δ15N-NH4 values observed. A similar wide range of 

δ15N-NH4 values varying from approximately -15 to +25‰ was reported for an 

experiment forming ammonium sulfate on filters containing sulfuric acid that were 

exposed to NH3 (Heaton et al., 1997). Under short exposure times (<5 min) of the 

sulfuric acid filters to NH3, ammonium sulfate with very low δ15N-NH4 values was 

formed, up to ~10‰ lower than the δ15N of the injected NH3. The resulting δ15N-NH4 of 

the ammonium sulfate after an exposure time of more than 10 minutes, δ15N values were 

up to ~30‰ higher compared to the injected NH3. We suggest that isotope fractionation 

during the formation of ammonium sulfate in the FGD system is responsible for the wide 

range of δ15N-NH4 values and that δ15N-NH4 values depend on the reaction time of 

injected NH3 with SO2. While this requires further investigation, we conclude that 

elevated δ15N values of NH4 in PM2.5 of up to +20‰ may serve as a unique tracer for 
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tracking industrial NH4 emissions in the atmosphere and surrounding terrestrial and 

aquatic ecosystems in the AOSR. 

 

4.7 Conclusion 

We determined the nitrogen and triple oxygen isotope ratios (δ15N, δ 18O and Δ 17O) of 

nitrate, the δ15N values of ammonium as well as the sulfur and oxygen isotope ratios 

(δ34S, δ 18O) of sulfate in PM2.5 emitted from two industrial stacks in the AOSR. We 

found distinct isotopic compositions of nitrate and ammonium in PM2.5 compared to 

those typical for nitrate and ammonium in atmospheric deposition (Chapter 5). Nitrate in 

PM2.5 had δ 15N values of 9.4‰ (Stack A) and 16.1±1.2‰ (Stack B) that were 

significantly enriched in 15N compared to the feedstock materials (~2.5‰), by-products 

of upgrading (-0.3 to 1.3‰), and atmospheric N2 (0‰) in all likelihood due to 

preferential incorporation of 15N into the particle phase. We found that nitrate emitted as 

PM2.5 is not mass-independently enriched in 17O resulting in Δ17O=0.5±0.9‰ (Stack B) 

and is therefore distinct from atmospheric nitrate which has Δ17O values typically varying 

between ~20 to 31‰ (Michalski et al., 2003). δ18O values of nitrate (36.0 and 17.6±1.8‰ 

for Stack A and B, respectively) were significantly lower than δ18O values of atmospheric 

nitrates (~60 to 95‰) (Kendall et al., 2007). If it is confirmed elsewhere that nitrate from 

industrial emissions has low δ18O and Δ17O values, this may affect the interpretation of 

δ18O and Δ 17O values observed in atmospheric nitrate, in particular in regions that are 

heavily impacted by industrial emissions. 

δ15N values of ammonium in PM2.5 showed a large range with values as high as +20.1‰ 

(Stack B). These first δ15N values reported for industrial emitted NH4 in the AOSR are in 
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part higher compared to δ 15N values of atmospheric NH4 reported in the literature 

(Heaton, 1986; Garten, 1992) and constitute a suitable tracer for industrial emissions in 

the AOSR. 

δ34S values of sulfate in PM2.5 were with 7.3±0.3‰ (Stack A) and 9.4±2.0‰ (Stack B) 

slightly enriched in 34S compared to δ34S in bitumen (4.3±0.3‰) and coke (3.9±0.2‰). 

However, ammonium sulfate, a by-product from the FGD system, had a δ 34S value of 

7.2‰, identical to that in PM2.5 sulfate. δ18O values of sulfate in PM2.5 were 18.9±2.9‰ 

and 14.2±2.8 for Stack A and Stack B, respectively, lower compared to δ 18O values 

found in primary sulfates reported by Holt et al. (1982). The isotopic composition of 

particulate sulfate emitted by stacks in the AOSR is not markedly distinct, but PM2.5 only 

contributed <10.1% of total S emissions from the investigated stacks. Further 

investigations of δ 34S and δ 18O values of gaseous emissions and atmospheric sulfur 

deposition in the vicinity of industrial emitters in the AOSR are necessary to assess the 

potential of stable isotope techniques to trace industrial sulfur emissions. 

The isotopic characterization of stack emitted PM2.5 revealed that in particular δ15N, δ18O 

and Δ 17O values of nitrate and in part δ 15N of NH4 are distinct from isotopic 

compositions typical for atmospheric nitrate and ammonium. Therefore, δ15N, δ 18O and 

Δ17O of nitrate and δ 15N of ammonium are suitable tracers for the investigation of 

transport of PM2.5 emitted from stacks in the AOSR and will help to understand the 

cycling and fate of industrial emitted PM2.5 in the surrounding environment in 

northeastern Alberta, Canada. 
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CHAPTER FIVE: A MULTI-ISOTOPE APPROACH FOR ASSESSING 

INDUSTRIAL CONTRIBUTIONS TO ATMOSPHERIC NITROGEN 

DEPOSITION IN THE ATHABASCA OIL SANDS REGION IN ALBERTA, 

CANADA 

Reproduced with permission from Environmental Science & Technology, submitted for 
publication. Unpublished work copyright 2012 American Chemical Society. 
 

5.1 Abstract 

Anthropogenic nitrogen (N) emissions in the Athabasca oil sands region (AOSR), 

Alberta, Canada, affect nitrate (NO3) and ammonium (NH4) deposition rates in close 

vicinity of industrial emitters. Ammonium exceeded NO3 deposition rates at 15 out of 16 

sites monitored between May 2008 and May 2009. At sites >90 km from industrial 

emitters, background NO3 and NH4 deposition rates of ~0.5 kg NO3-N ha-1 yr-1 and ~1 kg 

NH4-N ha-1 yr-1 were observed. Sites within 12 km distance from the oil sands operations 

had markedly elevated NO3 and NH4 deposition rates (up to 11.0 kg NO3-N ha-1yr-1 and 

18.3 kg NH4-N ha-1yr-1 in throughfall) and moderately elevated NO3 and NH4 deposition 

rates above background were evident within 30 km distance from the industrial emitters. 

Isotopically distinct Δ 17O and δ 18O values of NO3 in industrial emissions were used to 

determine industrial contributions to atmospheric NO3 deposition. Conservative estimates 

reveal that industrial derived NO3 contributed up to 65% to NO3 deposition at sites near 

mining operations. Industrial contributions to atmospheric NH4 deposition could not be 

quantified due to a large variability of δ 15N-NH4 values for stack emitted NH4, but 

elevated δ15N-NH4 and δ15N-NO3 values were a qualitative indicator of N derived from 

industrial emissions. 
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5.2 Introduction 

Fossil fuels will be required to supply society with energy for the next several decades 

while transitioning towards renewable energy systems (Sims et al., 2007). The Athabasca 

oil sands in northeastern Alberta, Canada, constitute an enormous heavy oil resource that 

is becoming increasingly important as the availability of conventional fossil fuel reserves 

continues to decline. There has been a rapid development in the exploitation of this 

unconventional oil resource over the last decade with an unprecedented expansion of 

mining projects (open pit mining) and in-situ operations (e.g. steam-assisted gravity 

drainage). After mining the oil sand is then processed and upgraded to separate the 

bitumen from undesired components while removing excess nitrogen and sulfur. The 

exploitation and processing of bitumen is accompanied by significant anthropogenic 

nitrogen (N) emissions (Galloway et al., 2008; Gaffney and Marley, 2009). NOx (nitrous 

oxides) emissions have increased by 29% in Western Canada between 1985 and 2000 

contrasting with declines that were observed in Eastern Canada (Schindler et al., 2006). 

The potential consequences of elevated N emissions are manifold, ranging from smog 

affecting human health to acid rain, causing acidification and eutrophication of terrestrial 

and aquatic ecosystems (Galloway et al., 2008; Gruber and Galloway, 2008). There is 

increasing concern regarding potential detrimental effects of elevated nitrogen deposition 

on the environment in the Athabasca oil sands region (AOSR) in northeastern Alberta 

(Canada) (Whitfield et al., 2009; Wieder et al., 2010). Hence, monitoring of atmospheric N 

deposition and a better understanding of the nitrogen cycle in the AOSR are crucial for a 
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thorough assessment of the impacts of elevated nitrogen emissions and deposition on 

surrounding terrestrial and aquatic ecosystems. 

Nitrogen isotope ratios have been successfully used in some case studies of the 

atmospheric N cycle determining the sources and fate of anthropogenic atmospheric 

nitrogen (Elliott et al., 2007; Nanus et al., 2008). However, the usefulness of nitrogen 

isotope ratios to trace N emissions is often limited due to significant variability observed 

for δ15N values of atmospheric nitrate (NO3) and ammonium (NH4) (Freyer, 1991; Garten, 

1992; Hastings et al., 2004), wide ranges of nitrogen isotope ratios observed for potential 

NOx sources, and possible isotope fractionation during nitrogen conversion reactions 

(Moore, 1977; Ammann et al., 1999; Pearson et al., 2000). As a consequence, δ15N values 

of atmospheric nitrate and ammonium can vary between -15 and +15‰ (Kendall et al., 

2007). However, it is also possible to determine the oxygen isotope ratios (18O/16O, 

17O/16O) of atmospheric nitrate, which have been shown to be enriched in both 18O and 

17O due to reactions involving ozone (O3) that is anomalously enriched in the heavy 

oxygen isotopes (Durka et al., 1994; Michalski et al., 2003; Kendall et al., 2007). Oxygen-

17 contents are typically expressed as ∆ 17O [‰] (∆17O =δ17O−0.52×δ18O). Recently, 

Δ17O of nitrate emitted from the oil sands operations has been reported to be near 0‰ 

(Chapter 4) and is hence distinct from atmospheric nitrate Δ17O values that typically 

range between 20 and ~31‰ (Michalski et al., 2003), providing a valuable tracer for 

industrial nitrate emissions. δ18O of nitrate emitted from industrial point sources have 

also been shown to have low values (~18‰) (Chapter 4) compared to δ18O values of 

atmospheric nitrate (~60 to ~95‰) (Kendall et al., 2007). Hence δ18O and Δ17O values of 

nitrate in atmospheric deposition are not only capable of revealing oxidation pathways in 
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the atmosphere (Michalski et al., 2003; Savarino et al., 2007; Morin et al., 2008), but 

possibly also sources of nitrate. However, no studies of the isotopic composition of 

nitrogen compounds in atmospheric deposition have been reported for western Canada or 

the Athabasca oil sands region in particular. Therefore, atmospheric nitrate and 

ammonium were collected in bulk and throughfall deposition samplers located at various 

distances from industrial emission sources in the AOSR for two years. The objectives of 

this study were: 1) to test whether stable isotope techniques (δ18O, Δ 17O, δ15N) reveal 

novel insights into the atmospheric nitrogen cycle in the vicinity of industrial emitters 

and 2) to quantify N contributions from industrial emission sources to NO3 and NH4 

deposition in the Athabasca oil sands region. 

 

5.3 Experimental 

5.3.1 Sample Collection 

Sixteen sampling sites established by the Terrestrial Environmental Effects Monitoring 

(TEEM) group of the Wood Buffalo Environmental Association (WBEA) were selected 

based on rigorous site selection criteria (AMEC, 2001) for collection of bulk deposition 

(wet deposition + dry deposition) and throughfall deposition between April 2007 and 

May 2009. The site selection criteria ensured that all sites were ecologically analogous. 

The criteria included landscape characteristics (e.g. topographic position), vegetation 

characteristics, soil characteristics and other site characteristics (e.g. distance to roads). A 

major emission stack from one of the oil sands operators near Fort McMurray 

(57.0479875 °N, 111.615502 °W) was used as a central marker point and distances from 

marker to sampling sites vary between 3 and 113 km. The two largest bitumen processing 
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facilities in the Athabasca oil sands region (AOSR) are operated by Syncrude and Suncor. 

However, these sites are not the only sources of anthropogenic N emissions as there are 

several other oil sand processing plants and open pit mines operated with numerous 

heavy haulers in the AOSR, and the town of Fort McMurray is rapidly developing and 

expanding, creating a nearby urban emission source. Four of the sampling sites have 

existed since April 2007 (JPH2, 212, 213 and JPL7), and twelve additional sites were 

established in May 2008 (AMS 1, AMS 5, AMS 9, AMS 10, AMS 13, AMS 14, AMS 

15, LYS, JPH4, W1, Peat Pond, R2) (Figure 5.1). 

Nitrate (NO3
-) and ammonium (NH4

+) in bulk deposition were sampled using an ion 

exchange resin (PVC tubes containing ion exchange resin beads) method (Fenn and Poth, 

2004). At each of the 16 sites, four open field (bulk deposition) samplers were installed in 

clearings in the boreal forest. In addition, eight throughfall samplers were mounted on 

trees in nearby jack pine forests (Fenn and Ross, 2010). Resins were typically exposed for 

half-year periods. The results from the following 4 sampling periods are presented: April 

2007 to September 2007 (“summer 2007”) and October 2007 to May 2008 (“winter 

2007/2008”) for four different sites (JPL7, JPH2, 212, 213), and May 2008 to October 

2008 (“summer 2008”) and October 2008 to May 2009 (“winter 08/09”) for all 16 sites. 

In the laboratory, the ion exchange resins were quantitatively eluted with 1N KI. NO3
- 

and NH4
+ concentrations were analyzed and deposition rates for the 6-months periods 

were determined at the USDA Forest Service Laboratory, Riverside (California, USA). 

Annual deposition rates for the year May 2008 to May 2009 were calculated by adding 

summer 2008 deposition rates to winter 08/09 deposition rates. Sub-samples of the eluted 

solutions were subsequently shipped to the University of Calgary (Alberta, Canada) for 
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isotopic analyses of nitrate (δ15N-NO3 and δ18O-NO3, n=455) and ammonium (δ15N-NH4, 

n=134). Δ17O of nitrate was analyzed on 30 samples at the University of Washington in 

Seattle (WA, USA). Samples with too low concentrations or with contamination 

problems (e.g. due to bird droppings) were excluded from isotopic analyses. For each 

collection period, N-deposition weighted mean values for samples from several collectors 

at one site were calculated for δ15N-NH4, δ15N-NO3 and δ18O-NO3 in bulk deposition and 

throughfall, but it was not possible to calculate averages for Δ17O values due to the low 

number of measurements (n=30). Both N-deposition weighted site averages and the non-

deposition weighted individual measurements are reported here. 

 

5.3.2 Isotope Analyses 

Nitrogen isotope ratios (δ15N) and oxygen isotope ratios (δ18O) of nitrate were analyzed 

by isotope ratio mass spectrometry (IRMS) using N2O gas generated via the bacterial 

denitrification method (Sigman et al., 2001; Casciotti et al., 2002). Results are reported in 

the internationally accepted δ notation defined as 

 

δ sample (‰) = [(Rsample/Rstandard)-1]×1,000      (5.1) 

 

where R is the 15N/14N or 18O/16O ratio of the sample and a standard respectively. δ 15N 

values are reported relative to AIR and δ 18O relative to Vienna Standard Mean Ocean 

Water (VSMOW). The international reference materials IAEA KNO3 and USGS 34, and 

in-house laboratory standards were used to ensure accuracy and long-term external 

precisions of ±0.5‰ and ±1.0‰ for δ15N and δ18O values of nitrate, respectively. 
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Δ17O-NO3 values were determined using a modified bacterial denitrification method 

(Kaiser et al., 2007). Δ 17O-NO3 is reported as the deviation of δ 17O from the mass 

dependent relationship (δ17O=0.52×δ18O) and expressed as ∆ 17O (∆17O 

=δ17O−0.52×δ18O). Each sample was analyzed in duplicate, and the average standard 

deviation was 0.6‰. 

δ15N of ammonium (NH4
+) was measured using the ammonium diffusion method (Sebilo 

et al., 2004). The international reference material IAEA-N2, an in-house standard, and a 

blank were included in each diffusion set to assure accuracy. The δ15N-NH4 values of the 

obtained NH4-containing filters were determined using an elemental analyzer interfaced 

with an isotope ratio mass spectrometer (IRMS). Accuracy and precisions of δ15N values 

of solids were ensured using the reference standards USGS 40 and USGS 41 (precision 

±0.15‰). External precision of δ15N-NH4 values using the ammonium diffusion method 

was ±0.6‰. 
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Figure 5.1: The Athabasca Oil Sands Region in northeastern Alberta, Canada, 

showing the sampling site locations for ammonium and nitrate deposition collectors 

(circles), towns (black boxes), and the open pit mining sites as of 2008 (grey shaded 

areas). The sampling site colors indicate conservative estimates of industrial nitrate 

contributions to atmospheric nitrate deposition according to the model results 

applying bulk deposition δ18O-NO3 values of summer 2008. 
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5.4  Results 

5.4.1 Ammonium Deposition Rates 

Yearly ammonium (NH4-N) deposition rates for the sixteen sampling sites monitored 

between May 2008 and May 2009 varied between 1.0 kg N ha-1 yr-1 and 4.7 kg N ha-1 yr-1 

for bulk deposition and between 1.0 kg N ha-1 yr-1 and 18.3 kg N ha-1 yr-1 for throughfall. 

On average, yearly ammonium deposition rates in throughfall were twice as high as those 

in bulk deposition, but there was no difference in bulk deposition and throughfall 

deposition rates at the sites 94 and 113 km distant from the emission sources (JPL7 and 

213, Figure 5.2a). The highest deposition rate (18.3 kg N ha-1 yr-1) was observed in 

throughfall at the site LYS, 3 km away from the emission stack. Annual ammonium 

deposition rates were dominated by summer 2008 deposition rates, partly due to above 

average rainfall in the period (Figure 5.2a). 

 

5.4.2 Nitrate Deposition Rates 

Annual nitrate deposition rates (NO3-N) for the sixteen sampling sites monitored from 

May 2008 to May 2009 varied between 0.5 and 2.0 kg N ha-1 yr-1 for bulk precipitation 

samples, and between 0.3 and 11.0 kg N ha-1 yr-1 for throughfall samples. NO3-N 

deposition rates were lowest (<0.5 kg N N ha-1 yr-1) for sampling sites farthest (>90 km) 

from the industrial emission sources and highest for both bulk deposition 

(2.0 kg N ha-1 yr-1) and throughfall (11.0 kg N ha-1 yr-1) at site AMS 5, 12 km east of the 

emission stack (Figure 5.2b). On average, throughfall deposition rates were about twice 

as high as the bulk deposition rates. However, throughfall samples from sites >90 km 

from the emission stack had yearly deposition rates as low as 0.3 kg N ha-1 yr-1, slightly 
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lower than those of the co-located open field samplers (~0.5 kg N ha-1 yr-1). Annual 

nitrate deposition rates were also dominated by summer 2008 deposition rates (Figure 

5.2b). 
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Figure 5.2: Yearly deposition rates (May 2008 to May 2009) of NH4-N (a) and NO3-

N (b) (averages for each sampling site) obtained for bulk deposition and throughfall, 

divided into summer 2008 and winter 2008/09 contributions. The light shaded grey 

zone indicates annual background deposition rates (~1 kg NH4-N ha-1 yr-1 and ~0.4 

kg NO3-N ha-1 yr-1) determined according to Figure 5.4. 



86 

 

5.4.3 Isotopic Characterization of N emissions in the AOSR 

The isotopic compositions of NO3 and NH4 in PM2.5 (particulate matter with <2.5 µm 

diameter) in stack emissions from oil sands operators and other N source materials in the 

AOSR were reported in Chapter 4. Nitrate in PM2.5 sampled within one of the major 

emission stacks had an average δ15N-NO3 value of 16.1±1.2‰ and an average δ18O-NO3 

value of 17.6±1.8‰. Δ17O values of nitrate from the same stack averaged 0.5±0.9‰, 

indicating that nitrate emitted from stacks in the AOSR is not anomalously enriched in 

oxygen-17. δ15N values of ammonium sampled within the emission stack varied 

considerably, ranging from -4.5 to +20.1‰. 

 

5.4.4 δ15N of Ammonium in Atmospheric Deposition 

The NH4-N-deposition weighted, site averaged nitrogen isotope ratios of ammonium in 

bulk deposition and throughfall samples varied between -6.3 and +11.3‰ (Figure 5.3a). 

δ15N-NH4 values at sites at 74, 94 and 113 km distance were less variable ranging from 

-4.1 to +3.3‰, with an average of -0.9‰. Nitrogen isotope ratios of ammonium were 

more variable closer (<29 km) to the emission sources (-6.3 to +11.3‰). δ15N-NH4 

values > +4‰ were only observed within 18 km distance of the emission stack (Figure 

5.3a). Overall, δ15N-NH4 values tended to be higher in summer (-2.7 to +11.3‰) than in 

winter (-6.3 to +9.0‰). However, this trend was not observed at background deposition 

rates (see below). On average, deposition weighted mean values of δ 15N-NH4 for 

throughfall were 2‰ higher than the corresponding bulk deposition δ15N-NH4 values. 
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5.4.5 δ15N of Nitrate in Atmospheric Deposition 

The NO3-N-deposition weighted, site averaged nitrogen isotope ratios of atmospheric 

nitrate measured in bulk deposition and throughfall are shown in Figure 5.3b. Mean δ15N 

values for bulk deposition and throughfall ranged between -4.9 and +6.3‰. Nitrogen 

isotope ratios were highly variable within 29 km distance of the emission stack (-4.9 to 

+6.3‰). At distances >29 km predominantly negative δ15N values were observed, 

particularly in the summer (1.1 to -4.4‰). There was a shift of ~5‰ from lower δ 15N 

values during the summer sampling periods (average: -2.6±2‰; range: -4.9 to +1.9‰) 

towards higher δ 15N values during the winter sampling periods (average: +2.1±2.2‰; 

range: -2.0 to +6.3‰). For all sampling periods, the throughfall δ15N-NO3 values were on 

average 1.2‰ higher (δ15N values ranging between -3.8 to +6.3‰) than those of open 

field nitrate (-4.9 and +4.7‰). The difference between throughfall and open field δ 15N 

values of nitrate was most pronounced in the summer 2008 sampling period when 

average δ 15N-NO3 values were almost 4‰ higher in throughfall samples compared to 

open field samples. 

 

5.4.6 δ18O of Nitrate in Atmospheric Deposition 

The NO3-N-deposition weighted, site averaged δ 18O values for bulk deposition and 

throughfall ranged from 35.0 to 80.7‰. Lower δ18O values of deposited nitrate (35.0 to 

76.4‰) were observed within 29 km from the emission sources (Figure 5.3c). Further 

distant sites (>29 km) had δ18O values of nitrate between 67.2 and 80.7‰. δ18O values as 

low as 35.0‰ were only measured in close proximity (<18 km) to the emission stack. 

δ18O-NO3 values lower than 56.8‰ were only observed during summer (Figure 5.3c). On 
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average, δ18O-NO3 values in open field samplers were 3.6‰ higher than δ18O-NO3 values 

in the corresponding throughfall samplers for the summer sampling periods, but δ18O-

NO3 values were similar (within 1‰) for both collector types during winter. 

 

5.4.7 Δ17O of Nitrate in Atmospheric Deposition 

The Δ17O values of nitrate in open field samples (n=17) and throughfall samples (n=13) 

collected in summer 2007, winter 07/08, summer 2008 and winter 08/09 indicated non-

zero Δ 17O values, and therefore mass-independent oxygen isotope fractionation. Δ 17O 

values ranged from 18.3 to 30.5‰ for open field samples and from 15.3 to 32.0‰ for 

throughfall samples (Figure 5.3d). Δ 17O values lower than 20‰ were only observed 

within 12 km of the emission stack. Figure 5.3d also indicates that Δ17O values of nitrate 

deposited in winter are higher than those of summer deposition, on average by ~6‰. 
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Figure 5.3: Site averaged and deposition weighted δ15N-NH4 (a), δ15N-NO3 (b), δ18O-

NO3 (c) and Δ17O-NO3 (d) values in bulk deposition and throughfall versus distance 

from the emission stack for the summer periods (left) and winter periods (right). 
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5.5 Discussion 

5.5.1 Nitrogen Deposition in the AOSR 

Our results show distinct spatial trends in atmospheric nitrate and ammonium deposition 

with distance from the oil sands operations. Overall, nitrogen deposition rates in the 

AOSR are low compared to those in more industrialized regions of North America and 

Europe (Wright et al., 2001). The sites JPL7 (94 km) and 213 (113 km) had annual 

deposition rates of <1 kg ha-1 yr-1 and <0.5 kg ha-1 yr-1 for NH4-N and NO3-N, 

respectively. However, elevated annual deposition rates for NH4-N (i.e >>1 kg ha-1 yr-1) 

and NO3-N (i.e. >>0.5 kg ha-1 yr-1) were observed in throughfall, particularly at sites near 

open pit mines at 3 km, 12 km, 16 km, and 18 km distance from the emission stack (sites 

LYS, AMS 5, JPH2 and AMS 9). NH4-N in throughfall exceeded 18 kg ha-1 yr-1 at LYS, 

the site closest to the emission stack (3 km). The highest NO3-N deposition rate was 

observed in throughfall at AMS 5 (11 kg ha-1 yr-1, 12 km), a site close to open pit mining 

and the major highway (Hwy 63) that connects Fort McMurray with the oil sand 

operations. Overall, NH4-N deposition rates are higher than NO3-N deposition rates 

except for one throughfall (AMS 5) and one open field sampling site (AMS 9), making 

ammonium the dominant contributor to nitrogen deposition in the AOSR. NH4-N 

deposition rates were highest near one of the major emission stacks. High NH3 gas 

concentrations have been reported for the AOSR (Bytnerowicz et al., 2010) suggesting 

that industrial activities may be responsible for elevated ammonia concentrations and 

hence ammonium deposition in the AOSR. Soil emission of NH3 may be a significant 

source of background NH3 (Seinfeld and Pandis, 2006), but agricultural and light duty 



91 

 

vehicles equipped with 3-way catalytic converters may also contribute to elevated 

atmospheric NH3 concentrations (Seinfeld and Pandis, 2006; Bishop et al., 2010). 

Agricultural emissions can be excluded in the AOSR, but significant NH3 emissions have 

been reported for vehicle engines (Fraser and Cass, 1998; Bishop et al., 2010). Open pit 

mining in the AOSR is accomplished with trucks and shovels powered by diesel engines. 

A Caterpillar 797 mining truck, for example, consumes 246 L of diesel per hour 

(Orlemann, 2003). The trucks and shovels are operated 24 hours a day each day of the 

year and are only stopped for maintenance. With circa 250 heavy haulers operating in the 

Athabasca oil sand mines, we estimate that the overall fuel consumption exceeds 538 

million L of diesel per year, not including shovels and other equipment. There are no data 

on ammonia vehicle emissions in the AOSR, but an average of 31 g NOx/kg fuel has been 

measured for a heavy hauler in the AOSR (Chow et al., 2010). Applying this number to 

the fuel consumption estimate yields 16,701 t of NOx per year released by vehicles alone, 

indicating that they are a major source of NO2, and possibly NH3. Stack released gaseous 

NO2 and NH3 emissions of the main oil sand operators are 26,848 t and 587 t for 2009 

(NPRI, 2011), indicating that NH3 stack emissions alone cannot account for ammonium 

deposition rates that typically exceed nitrate deposition rates. This suggests that emission 

monitoring in the AOSR is either insufficient or a not yet identified source of NH4 must 

exist, requiring stable isotope techniques for source apportionments. Both stationary and 

mobile sources, and both reduced and oxidized forms of nitrogen emissions have to be 

considered in future emission reduction efforts. 
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5.5.2 Nitrogen Isotope Ratios of Ammonium and Nitrate 

Nitrogen isotope ratios of ammonium and nitrate may provide information about sources 

and processes occurring in the atmospheric N cycle. High deposition weighted, site 

averaged δ15N-NH4 values of up to +11.3‰ were observed within 18 km distance to the 

oil sands operations. Figure 5.4a shows that elevated δ 15N-NH4 values were generally 

associated with elevated NH4-N deposition rates (=low 1/(NH4-N) values). Stack emitted 

ammonium in PM2.5 had δ15N values of up to +20.1‰ (Chapter 4). The high δ15N-NH4 

values in ammonium deposited at sites close to the industrial stacks in the AOSR strongly 

indicate that elevated ammonium deposition rates are associated with industrial stack 

emissions. Background deposition rates were determined using Figure 5.4. Samples with 

NH4-N deposition rates <0.5 kg N ha-1 (1/(NH4-N)≈2) had an average δ15N-NH4 value of 

-3.6±0.9‰ during summer and -3.2±2.2‰ during winter (Figure 5.4), indicating 

background ammonium. Background ammonium deposition was indicated by samples 

that differed less than 3.5‰ in δ15N-NH4 values from the average δ15N-NH4 value of 

background samples. Low δ15N-NH3 values of -10.0±2.6‰ in less polluted air as a result 

of natural soil emissions have been reported by Moore (1977), suggesting natural sources 

of background ammonium in the AOSR. 

δ15N-NH4 values are usually lower than δ15N-NO3 values in atmospheric deposition, due 

to the fact that natural NH3 is often depleted in 15N (Heaton, 1986; Garten, 1992; Kendall, 

1998). In contrast, we observed higher δ15N-NH4 than δ15N-NO3 values during summer at 

sites with elevated N deposition rates (Figure 5.3a, b). Similar observations have been 

made for nitrogen deposition in Boulder, Colorado (Moore, 1977). Furthermore, Moore 

(1977) reported 15N enrichment for both NO3 and NH4 in particulates compared to δ15N 
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values in rainfall. This is consistent with our data that show slightly higher δ 15N-NH4 

values and higher NH4 deposition rates in throughfall samples (Figure 5.3a), likely 

related to dry deposition of NH4 particles enriched in 15N in the forest canopy (Garten, 

1992; Heaton et al., 1997). 

Figure 5.4b shows that elevated δ 15N values in atmospheric nitrate deposition during 

winter were also associated with elevated NO3-N deposition rates (=low 1/(NO3-N)). 

Nitrate emitted from a major stack in the AOSR had an average δ 15N-NO3 value of 

16.1±1.2‰ (Chapter 4). Elevated δ 15N values of atmospheric nitrate deposited in the 

AOSR occur mostly within 29 km radius of the emission stack (Figure 5.3b). Deposition 

weighted, site averaged δ 15N values of atmospheric nitrate in winter as high as +6.3‰ 

(Figure 5.3b) suggest that industrial nitrogen is the source of some atmospheric nitrate in 

the vicinity of industrial emitters in the AOSR. Background atmospheric nitrate in 

samples with NO3-N deposition rates <0.1 kg N ha-1 (1/(NO3-N)≈10) had an average 

δ15N-NO3 value of -3.2±1.5‰ during summer and 0.3±1.7‰ during winter (Figure 5.4b). 

Background atmospheric nitrate was indicated by samples with differences in δ15N-NO3 

values from the average δ15N-NO3 value of background samples smaller than 3‰. 

Seasonal variations of δ15N of nitrate in atmospheric deposition with higher values during 

winter have been observed previously (Freyer, 1991; Elliott et al., 2007). This may be 

caused by elevated natural nitrogen emissions during the summer time having lower δ15N 

values due to biogenic processes. Freyer (1991) proposed that higher δ15N-NO3 values in 

winter are due to increased fossil fuel combustion. Higher anthropogenic emission rates 

during the heating season have also been reported to affect δ 34S in atmospheric sulfate 

deposition (Novák et al., 2001). Our data show that N deposition rates are highest during 
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the summer months (Figure 5.4b) as a result of higher precipitation rates compared to 

winter, but δ 15N values of nitrate were elevated during the winter periods. Throughfall 

δ15N-NO3 values were usually higher than corresponding bulk deposition δ 15N-NO3 

values. This indicates that dry deposition likely associated with industrial particles with 

high δ15N values (Chapter 4) may be significant, in particular during the winter when wet 

precipitation is low. 
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Figure 5.4: (a) δ15N-NH4, (b) δ 15N-NO3, (c) δ 18O-NO3 and (d) Δ17O-NO3 values in 

bulk deposition and throughfall samples versus 1 over deposition rates (1/(kg ha-1)) 

for the summer periods (left) and winter periods (right). Horizontal lines indicate 

mean values of isotope ratios and their standard deviations (grey shaded area) of 

background deposition samples. Background deposition rates (in kg ha-1) 

correspond to samples to the right of the vertical dotted lines. 
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5.5.3 Oxygen Isotope Ratios of Nitrate 

Oxygen isotope ratios of nitrate may reveal additional information about sources and 

processes occurring in the atmospheric N cycle. Anomalous enrichment of 17O and 18O in 

nitrate is due to oxidation of NOx (NO + NO2) via oxygen transfer of ozone (O3). The 

Δ17O anomaly in ozone is well known (Thiemens and Heidenreich, 1983) and has been 

widely used to understand atmospheric oxidation pathways and sources of nitrate 

(Michalski et al., 2004a; Savarino et al., 2007), although its origin is still debated today 

(Michalski and Bhattacharya, 2009). 

Both Δ17O and δ18O values measured in atmospheric nitrate deposition in the AOSR are 

typically higher in the winter compared to summer values (Figure 5.4c, d), indicating a 

change in atmospheric oxidation pathways. There are two homogenous reactions (5.2, 

5.3) and one heterogeneous reaction (5.4) that form atmospheric nitrate (NO3 + HNO3) 

from NO2 (Michalski et al., 2003): 

NO2 + OH + M → HNO3 + M       (5.2) 

NO2 + O3 → NO3 + O2        (5.3) 

NO2 + NO3 ↔ N2O5, N2O5 + H2O (surface) →2 HNO3 (aq)   (5.4) 

The oxidation via ozone (5.3) predominantly occurs during winter (Hastings et al., 2003; 

Michalski et al., 2003; Morin et al., 2008) resulting in higher Δ17O and δ18O values due to 

interaction with ozone. Tropospheric OH does not possess an anomalous enrichment of 

17O, hence Δ17O of OH is ∼0 (Lyons, 2001), whereas tropospheric O3 at mid latitudes has 

Δ17O values of ~35‰ (Michalski et al., 2004a). Δ 17O values in atmospheric nitrate 

deposition typically range from ~20 to 31‰ (Michalski et al., 2003). Consistent with 

these literature data, background atmospheric nitrate in the AOSR with NO3-N deposition 
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rates <0.2 kg ha-1 (1/(NO3-N)≈5) had average Δ17O values of 22.2±1.1‰ during summer 

and 28.9±2.2‰ during winter (Figure 5.4d). With increasing NO3-N deposition rates 

(>0.2 kg ha-1), however, a trend towards lower Δ17O values of ~15‰ for summer and 

~20‰ for winter was observed (Figure 5.4d). The lowest Δ17O values were found at sites 

<12 km from the emission sources that were characterized by the highest nitrate 

deposition rates (Figure 5.4d). Stack emitted nitrate had Δ 17O values close to zero 

(0.5±0.9‰) (Chapter 4), and we therefore suggest that industrial derived nitrate causes 

atmospheric nitrate deposition with Δ17O values lower than background values. The 

discrepancy between near zero Δ17O values of directly emitted nitrate and higher Δ 17O 

values of industrially impacted atmospheric nitrate deposition may be due to oxygen 

isotopic equilibrium reactions of gaseous NOx with ozone prior to its conversion to 

nitrate (Alexander et al., 2009). Since it is expected that NO3 derived via long-range 

transport is anomalously enriched in oxygen-17 due to oxygen exchange with ozone, we 

conclude that the Δ 17O values as low as 15.3‰ observed in atmospheric nitrate 

deposition samples close to the emission stack indicate elevated contributions of 

industrial nitrate emitted in the AOSR. 

Figure 5.4c shows that lower δ 18O values in atmospheric nitrate deposition were 

generally associated with elevated NO3-N deposition rates, regardless of the season, 

whereas the highest δ 18O values were associated with lowest NO3-N deposition rates 

(=high 1/(NO3-N)). Samples of background atmospheric nitrate deposition, indicated by 

NO3-N deposition rates <0.2 kg ha-1 (1/(NO3-N)≈5), had average δ18O-NO3 values of 

67.4±4.4‰ during summer and 73.0±7.4‰ during winter (Figure 5.4c). Background 

atmospheric nitrate samples were indicated by δ18O values typically within standard 
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deviation of the average δ18O value of nitrate at low deposition rates. Our site averaged 

deposition weighted δ18O-NO3 values observed within 32 km distance to the oil sand 

operations were as low as ∼35‰ during the summer, lower than δ18O typically reported 

for atmospheric nitrate deposition ranging from ~60 to ~95‰ (Kendall et al. 2007 and 

references therein). Nitrate in PM2.5 emitted from a major stack in the AOSR had low 

δ18O values averaging 17.6±1.8‰ (Chapter 4). We conclude that low δ 18O values in 

atmospheric nitrate deposition occurring within 32 km distance to the stack indicate 

elevated contributions of industrial nitrate emitted in the AOSR. Similarly, low oxygen 

isotope ratios in atmospheric deposition were reported by Fang et al. (2011) for a N-

polluted city in China (Fang et al., 2011), indicating that low δ18O-NO3 values constitute a 

valuable tracer of anthropogenic atmospheric nitrate. 

 

5.5.4 Quantification of Industrial Nitrate in Atmospheric Nitrate Deposition 

Nitrate emitted from stacks in the AOSR had markedly lower δ18O and Δ 17O values 

(Chapter 4) compared to background nitrate with high δ18O and Δ17O values. In case that 

δ18O and Δ17O values for industrial emissions and for background nitrate are known and 

different, a two-end-member mixing model can be used to determine industrial 

contributions to atmospheric nitrate deposition in the AOSR. The fraction f of industrial 

nitrate contributing to the total nitrate deposition can be resolved applying a two-end-

member mixing model 

δ18OM = f δ18OSTACK + (1 − f ) δ18OBGRD      (5.5) 

yielding 

f = (δ18OM − δ18OBGRD) ⁄ (δ18OSTACK − δ18OBGRD)           (0 < f < 1)   (5.6) 
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where δ18OM is the oxygen isotopic composition of the mixture (site averaged deposition 

weighted values), δ 18OSTACK and δ 18OBGRD the oxygen isotopic composition of the 

emission stack nitrate and the background atmospheric nitrate, respectively. The same 

equations can be applied to Δ17O values with Δ17OSTACK and Δ17OBGRD. Since the oxygen 

isotopic composition of nitrate depends on its oxidation pathways which varies with 

season, calculations with different background values were conducted for summer and 

winter. For stack nitrate, Δ17OSTACK and δ18OSTACK average values of 0.5 and 17.6‰ were 

used, respectively. Exact δ18O and Δ17O values for industrial nitrate are not known since 

gaseous emissions and vehicle emissions have not been determined yet. However, 

applying these low values for Δ17OSTACK and δ18OSTACK results in an underestimation of 

industrial nitrate contributions. Background Δ17OBGRD and δ18OBGRD values of 22.2‰ and 

67.4‰ for summer, and 28.9 and 73.0‰ for winter, respectively, were used (Figure 5.4c, 

d). Industrial contributions to atmospheric nitrate deposition in the AOSR vary between 0 

and 65% depending on the site location (Figure 5.1) and results are summarized in Table 

5.1. On average, results between δ18O and Δ17O calculations differ by only 5 percentage 

points, suggesting that both parameters are suitable for estimating industrial nitrate 

contributions. The difference may be due to the fact that average site values were used for 

δ18O, but only measurements of individual samples were available for Δ 17O values. At 

site W1, 8 km from the emission stack, up to 65% of the deposited nitrate can be 

attributed to industrial nitrate. Figure 5.1 shows that industrial contributions are highest at 

sites located near mining sites, however, atmospheric nitrate deposition at further distant 

sites (>90 km) does not appear to be impacted by significant contributions of industrial 

derived nitrate. 



101 

 

Table 5.1: Results of the end-member mixing analysis showing the contributions 

(%) of industrial nitrate to atmospheric nitrate deposition in the AOSR (n.d.=not 

determined). 

Summer 2007 Winter 07/08 
 

Open Throughfall Open Throughfall 

Site km δ18O Δ17O δ18O Δ17O δ18O Δ17O δ18O Δ17O 

212 13 0.0 0.0 0.0 4.9 16.4 0.0 0.0 3.9 

JPH2 16 0.0 0.0 7.1 n.d. 0.0 2.9 0.0 8.3 

JPL7 94 0.3 5.6 0.1 n.d. 0.0 1.7 0.0 0.0 

213 113 0.0 0.0 0.0 n.d. 0.7 17.2 0.0 0.0 

Summer 2008 Winter 08/09 
 

Open Throughfall Open Throughfall 

Site km δ18O Δ17O δ18O Δ17O δ18O Δ17O δ18O Δ17O 

LYS 3 22.3 17.9 41.0 29.9 11.6 18.6 29.2 33.7 

Peat 

Pond 
6 30.9 n.d. n.d. n.d. 4.1 n.d. n.d. n.d. 

W1 8 65.1 n.d. n.d. n.d. 6.6 n.d. n.d. n.d. 

AMS 5 12 31.1 17.7 35.4 29.7 17.3 20.1 21.4 25.8 

AMS 13 13 0.0 0.0 2.4 0.5 7.9 n.d. 9.3 n.d. 

212 13 0.0 n.d. 2.4 n.d. 3.4 n.d. 4.4 n.d. 

R2 14 n.d. n.d. 0.0 n.d. n.d. n.d. 4.2 n.d. 

JPH4 14 0.0 n.d. 0.0 n.d. 0.0 n.d. 2.6 n.d. 

AMS 1 16 0.0 n.d. n.d. n.d. 1.7 n.d. 2.0 n.d. 

JPH2 16 0.0 n.d. 12.7 n.d. 0.7 n.d. 4.7 n.d. 

AMS 9 18 40.2 n.d. 51.8 n.d. 28.9 n.d. 17.9 n.d. 

AMS 10 27 22.8 n.d. 31.5 n.d. 25.9 n.d. 13.9 n.d. 

AMS 15 29 4.7 4.4 26.7 n.d. 2.9 n.d. 0.0 n.d. 

AMS 14 74 0.0 0.0 0.0 n.d. 0.4 n.d. 10.4 n.d. 

JPL7 94 0.0 n.d. 0.0 n.d. 0.0 2.4 0.2 2.1 

213 113 0.0 n.d. 0.0 n.d. 0.0 0.0 0.0 0.0 
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CHAPTER SIX: TRACING INDUSTRIAL SULFUR CONTRIBUTIONS TO 

ATMOSPHERIC SULFATE DEPOSITION IN THE ATHABASCA OIL SANDS 

REGION, ALBERTA, CANADA 

6.1 Abstract 

Anthropogenic sulfur (S) emissions in the Athabasca oil sands region (AOSR) in Alberta, 

Canada, affect sulfate (SO4) deposition in close vicinity of industrial emitters. Between 

May 2008 and May 2009, SO4-S deposition was monitored using bulk collectors at 15 

sites and throughfall collectors at 14 sites at distances between 3 and 113 km from the 

emission sources. At sites >90 km from industrial emitters, sulfate deposition was at 

background levels for bulk deposition with ~1.4 kg SO4-S ha-1 yr-1 and throughfall 

deposition with ~3.3 kg SO4-S ha-1 yr-1. Throughfall sulfate deposition rates in the AOSR 

exceeded bulk deposition rates at all sites by a factor of 2 to 3, indicating significant 

inputs of dry deposition from the forest canopy. Both bulk and throughfall sulfate 

deposition rates were elevated within ~30 km distance to the emission sources with 

deposition rates as high as 11.7 kg SO4-S ha-1 yr-1 for bulk deposition and 39.2 kg SO4-S 

ha-1 yr-1 for throughfall. Sulfur isotope ratio measurements of atmospheric sulfate 

deposited in the AOSR revealed that at few selected locations 34S-depleted sulfate likely 

derived from H2S emissions from tailing ponds contributes to local atmospheric sulfate 

deposition. In general, however, δ 34S values of sulfate in long-range background 

deposition was not isotopically different from δ34S values at high deposition rates in close 

proximity to the industrial emissions and is therefore not suitable to differentiate between 

background sulfate deposition and industrial sulfur contributions. However, oxygen 

isotope ratios of atmospheric sulfate in bulk and throughfall deposition in the AOSR 
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showed a distinct trend of decreasing δ 18O values with increasing deposition rates 

allowing quantification of industrial contributions to atmospheric sulfate deposition. 

Two-end-member mixing calculations revealed that bulk sulfate deposition at sites in 

close proximity (<30 km) to the emission stacks is significantly (>50%) impacted by 

industrial activities. 

 

6.2 Introduction 

Anthropogenic sulfur dioxide (SO2) emissions and subsequent oxidation lead to the 

formation of sulfuric acid (H2SO4) in the atmosphere (Savarino et al., 2000). H2SO4 

dissociates to sulfate (SO4
2-) under the release of hydrogen ions (H+), acidifying aquatic 

and terrestrial ecosystems (Doney et al., 2007). In northeastern Alberta and northern 

Saskatchewan, Canada, the potential for acid deposition has been a concern for more than 

30 years due to extensive development in the Athabasca oil sands region (AOSR) 

(Shewchuk, 1982; Sandhu and Blower, 1986). The majority of anthropogenic sulfur (S) 

emitted in the AOSR is in the form of SO2 (NPRI, 2011) which is subsequently oxidized 

to atmospheric sulfate (Newman et al., 1991). Monitoring sulfate (SO4) in precipitation in 

the AOSR began in 1966 (Klemm, 1977) and was continued in subsequent years (Bertram 

et al., 1986). In 1980, sulfur deposition rates in northeastern Alberta and northern 

Saskatchewan were believed to be near background levels (Shewchuk, 1982) and Sandhu 

and Blower (1986) reported that wet sulfate deposition from 14 sites including urban 

centers in Alberta in 1982 averages 3.2 kg SO4-S ha-1 yr-1 (Sandhu and Blower, 1986). 

More recently, lower bulk sulfate deposition rates in the AOSR were reported, averaging 
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1.14±0.06 kg SO4-S ha-1 yr-1 (Wieder et al., 2010), but no sampling sites within close 

proximity (<25 km) to the oil sands operations were investigated. Monitoring sulfate 

deposition is important because of its potential to impact terrestrial and aquatic 

ecosystems since some of the surrounding soils in the AOSR are acid sensitive 

(Shewchuk, 1982; Whitfield et al., 2010c).  

Previous research has shown that stable isotope techniques can be used successfully for 

tracing sources and cycling of S, particularly if anthropogenic emissions are isotopically 

distinct from background values (Newman et al., 1991; Novák et al., 2001; Puig et al., 

2008). The sulfur isotopic composition of atmospheric sulfate depends on the sulfur 

sources. Potential S sources include sea spray with δ 34S values around +21‰ (Jamieson 

and Wadleigh, 2000) and marine aerosols with δ34S≈17‰ (Sanusi et al., 2006), biogenic 

emissions with δ34S values lower than 0‰ (Wadleigh and Blake, 1999) such as H2S from 

bacterial sulfate reduction, soil-derived sulfates (Nriagu et al., 1987), and S emitted from 

coal combustion (Puig et al., 2008), smelters, and vehicle exhaust (δ34S=∼5‰) (Norman 

et al., 2004; Norman et al., 2006). Nakai & Jensen (1967) found δ34S-SO4 values in rain 

and snow from sites in Japan and U.S.A. between +3.2 and +7.3‰ for industrial sites, 

and +12.3 to +19.0‰ for non-industrial sites, suggesting contribution of fuel S depleted 

in 34S to atmospheric sulfate (Nakai and Jensen, 1967). 

The oxygen isotopic composition of atmospheric sulfate depends on the oxidation 

pathway of emitted SO2. In the atmosphere, the main homogeneous (gaseous) oxidation 

pathway of SO2 is initiated by OH radicals (Savarino et al., 2000): 

SO2+OH+M → HOSO2+M        (6.1) 
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HOSO2+O2 → SO3+HO2        (6.2) 

SO3+H2O+M → H2SO4        (6.3) 

In the aqueous oxidation of SO2 (e.g. in droplets), the oxidation pathways are (Newman 

et al., 1991): 

SO2+H2O → H2SO3         (6.4) 

H2SO3 → HSO3
-+H+         (6.5) 

HSO3
- → SO3

2-+2H+         (6.6) 

The oxidation of SO3
2- to SO4

2- may then proceed via O2 (with or without presence of 

metal catalysts), H2O2 or O3 (Newman et al., 1991; Savarino et al., 2000).  

In the atmosphere, the oxygen in SO2 equilibrates rapidly with the oxygen of the water 

vapor and hence oxygen isotope ratios of SO2 cannot be used to identify sources of SO2 

(Holt et al., 1983). The oxygen isotopic composition of atmospheric secondary sulfate 

derived from SO2 oxidation therefore depends on the isotopic composition of water or 

vapor (Holt et al., 1983). If liquid water is present, 3 out of 4 oxygens in the sulfate 

molecule are derived from the water (Holt et al., 1981; Holt and Kumar, 1991). 

Rainwater and snow in Alberta have an average δ18O value of -18‰ (Peng et al., 2004) 

whereas atmospheric oxygen is more enriched in 18O with δ18O=+23.5‰ (Kroopnick and 

Craig, 1972). After oxidation of SO2 to SO4, the oxygen isotopic composition of sulfate is 

stable (Holt and Kumar, 1991; Jamieson and Wadleigh, 2000). 

δ18O values of SO4 have been used to distinguish between primary sulfate that is directly 

formed in the emission stack at high temperatures >450°C, and secondary sulfate that is 

formed by oxidation of SO2 in the atmosphere. Primary sulfates formed in the presence of 
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metal catalysts have been reported to have elevated δ 18O-SO4 values of +35 to +40‰ 

(Holt et al., 1982) compared to δ18O-SO4 values of secondary sulfates ranging from ~0 to 

+20‰ (Holt and Kumar, 1991). More recently, Lee et al. (2002) investigated the sulfur 

and oxygen isotopic compositions of primary sulfates formed during high temperature 

combustion and observed low δ 18O-SO4 values between +5.5 and +10.5‰, suggesting 

that different oxidation mechanisms may lead to different δ18O-SO4 values in the 

resulting sulfate (Lee et al., 2002). 

The objective of this study was (a) to determine whether sulfate derived from industrial 

sulfur emissions is isotopically distinct from sulfate in background atmospheric 

deposition. If so, the goal was (b) to determine relative contributions of industrial sulfur 

to sulfate deposition in the AOSR by measurement of deposition rates and isotopic 

composition (δ34S, δ18O) of atmospheric sulfate in bulk deposition and throughfall. 

 

6.3 Study Area 

The Athabasca oil sands region (AOSR), Canada’s largest oil sand deposit, is located in 

northeastern Alberta west of the neighboring province of Saskatchewan, Canada. The 

nearest town is Fort McMurray (57.0479875 °N, 111.615502 °W), ca. 450 km northeast 

of Edmonton, Alberta. The bitumen constitutes an unconventional oil resource and there 

has been an expansion of mining operations (open pit mining) as well as of in-situ oil 

recovery projects (e.g. steam-assisted gravity drainage) in the AOSR over the last decade. 

Upgrading is necessary to separate the bitumen from the sand and to remove excess 

nitrogen and sulfur. Both on-site mining operated by heavy haulers, trucks and shovels, 
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and the bitumen upgrading facilities release sulfur-bearing compounds into the 

atmosphere. While there is no estimate on the contribution of vehicle exhaust to S 

emissions in the AOSR, SO2 on-site stack emissions of all oil sand operators in the 

AOSR were estimated at 100,908 t for the year 2010 (NPRI, 2011). There has also been 

concern over H2S emissions from tailing ponds related to a process called ‘souring’ 

during which sulfur-reducing bacteria convert SO4-S to hydrogen sulfide (H2S) 

(Kumaraswamy et al., 2011). However, sulfide emissions were suggested to be limited 

due to the high solubility and oxidation of sulfide in surface waters (Ramos-Padrón et al., 

2011). 

The Athabasca oil sands operations are surrounded by a mixture of muskeg peatlands and 

upland forests composed of jack pine, spruce and aspen (Whitfield et al., 2009). Some of 

the forested soils are known to be acid-sensitive (Whitfield et al., 2010c), particularly in 

regions of the Precambrian Shield and the Athabasca Sedimentary Basin (Shewchuk, 

1982). 

Annual precipitation in Fort McMurray (airport station) is 455.5 mm and the mean annual 

temperature is 0.7 °C (30-year-average (1971-2000), Environment Canada, 2011a). 

Lowest average monthly precipitation rates are reported for January (0.5 mm) and highest 

average monthly precipitation rates occur in July (81.3 mm). Monthly precipitation rates 

in 2007 were generally lower than reported 30-year-averages, whereas monthly 

precipitation rates in 2008 indicated a wet summer with 156.5 mm of precipitation during 

August alone (Environment Canada, 2011a). The prevailing wind direction is dependent 

on season (Government of Alberta, 2011) and varies for each sampling site (D. Jaques, 
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pers. comm.). It was suggested that terrain may affect wind direction and hence plume 

distributions in the AOSR, even at sites well above average ground level (Leahey and 

Hansen, 1982). However, Sandhu and Blower (1986) reported that the prevailing winds 

at surface and at 1100 m height in the AOSR are from the West and Northwest. Acid-

forming emissions from Alberta may therefore predominantly affect regions east and 

southeast of the ASOR and potentially also some western portions of the province of 

Saskatchewan. 

 

6.4 Methods 

6.4.1 Sample Collection 

Atmospheric sulfur species enter the environment as dry deposition or as wet deposition. 

Sixteen sampling sites established by the Terrestrial Environmental Effects Monitoring 

(TEEM) group of the Wood Buffalo Environmental Association (WBEA) were selected 

based on rigorous site selection criteria (AMEC, 2001). At a subset of these sites bulk 

deposition (wet deposition + dry deposition) and throughfall deposition was collected 

between April 2007 and May 2009. The site selection criteria ensured that all sites were 

ecologically analogous and the criteria were based on landscape characteristics, 

vegetation characteristics, soil characteristics and other site characteristics. One of the 

major emission stacks in the AOSR near Fort McMurray (57.0479875 °N, 

111.615502 °W) was used as a central marker point. Distances between the stack and the 

sampling sites vary between 3 and 113 km. However, this stack is not the only source of 

anthropogenic S emissions as there are several other oil sand processing plants and open 
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pit mines in the AOSR, and the town of Fort McMurray is rapidly developing and 

expanding, creating a nearby urban emission source. Four of the sampling sites have 

existed since April 2007 (JPH2, 212, 213 and JPL7), and twelve additional sites were 

established in May 2008 (AMS 1, AMS 5, AMS 9, AMS 10, AMS 13, AMS 14, AMS 

15, LYS, JPH4, W1, Peat Pond, R2) (Figure 6.1). 

Sulfate (SO4
2-) in bulk deposition was sampled using an ion exchange resin (PVC tubes 

containing ion exchange beads) method (Fenn and Poth, 2004). At each of the 16 sites, 

four open field samplers were installed in clearings in the boreal forest. In addition, eight 

throughfall samplers were mounted on trees in nearby jack pine forests (Fenn and Ross, 

2010). Resins were typically exposed for half-year periods. The results from the 

following 4 sampling periods are presented: April 2007 to September 2007 (“summer 

2007”) and October 2007 to May 2008 (“winter 2007/2008”) for four different sites 

(JPL7, JPH2, 212, 213), and May 2008 to October 2008 (“summer 2008”) and October 

2008 to May 2009 (“winter 08/09”) for all 16 sites.  
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Figure 6.1: The Athabasca oil sands region in northeastern Alberta, Canada, 

showing the sulfate deposition sampling sites (white circles) and towns (black 

boxes). The grey shaded areas are open pit mining sites as of 2008. 
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6.4.2 Concentration Analyses and Deposition Rates 

In the laboratory, the ion exchange resins were quantitatively eluted with 1N KI and 

SO4
2- concentrations were analyzed and deposition rates determined at the USDA Forest 

Service Laboratory in Riverside (California, USA). Sub-samples of the eluted solutions 

were subsequently shipped to the University of Calgary (Alberta, Canada) for isotopic 

analyses of sulfate (δ34S-SO4 (n=294) and δ 18O-SO4, (n=328)). Samples with too low 

concentrations or contamination problems, e.g. due to bird droppings, were excluded 

from isotopic analyses.  

 

6.4.3 Isotope Analyses 

Sulfur and oxygen isotope ratios (δ34S, δ 18O) of sulfate were determined on BaSO4 

precipitated from the samples. BaCl2 (10%) was added in excess and the resulting BaSO4 

precipitate was filtered, rinsed with deionized water, and dried. Approximately 250 µg of 

BaSO4 precipitate were weighed into tin cups. Niobium pentoxide was added to enhance 

the combustion of the samples that were analyzed by continuous flow-isotope ratio mass 

spectrometry (EA-CF-IRMS) using a Carlo Erba NA 1500 elemental analyzer (EA) 

interfaced to a VG PRISM II mass spectrometer (Giesemann et al., 1994). δ18O values of 

sulfate were determined on CO generated by pyrolysis of BaSO4 in the presence of 

graphite at a temperature of 1450 °C (Kornexl et al., 1999). Isotope ratios are reported in 

the internationally accepted delta (δ) notation (δ34S, δ18O) defined as 

 

δ sample (‰) = [(Rsample/Rstandard)-1]×1,000      (6.7) 
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where R is the 34S/32S or 18O/16O ratio of the sample and a standard respectively. δ 18O 

values are reported relative to Vienna Standard Mean Ocean Water (VSMOW) and δ34S 

relative to Vienna Canyon Diablo Troilite (V-CDT). For δ 34S and δ 18O analysis the 

standards NBS 127 (δ34S=+21.1‰, δ18O=+8.7±0.7‰), IAEA S05 (δ34S=+0.49±0.11‰, 

δ18O=+12.1±0.2) and IAEA S06 (δ34S=+34.05±0.08‰, δ18O=-11.2±0.2) were used 

resulting in precisions of ±0.3‰ and ±0.5‰ for δ 34S and δ 18O values of sulfate, 

respectively.  

Average δ 34S and δ 18O values of atmospheric sulfate from bulk deposition and 

throughfall samplers were determined by calculating deposition weighted means (

! 

x ) per 

site and sampling period according to 

! 

x =
wii=1

n
" xi

wii=1

n
"

          (6.8) 

where wi is the deposition rate and xi the isotope ratio of the sample i. 

 

6.5 Results 

6.5.1 Sulfate Deposition Rates 

Annual deposition rates for the sixteen sampling sites monitored from May 2008 to May 

2009 were calculated by adding the summer 2008 to the winter 08/09 deposition rates 

(Figure 6.2). The annual sulfate (SO4-S) deposition rates varied between 1.4 and 11.7 kg 

SO4-S ha-1 yr-1 for bulk deposition, and between 3.2 and 39.2 kg SO4-S ha-1 yr-1 for 

throughfall deposition. SO4-S deposition rates were lowest at sampling sites farthest 

distant from the oil sands operations. The two background sites JPL7 and 213 located 94 

km north and 113 km east of the emission stack, respectively, had annual sulfate 
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deposition rates in bulk deposition of ~1.4 kg SO4-S ha-1 yr-1 and ~3.3 kg SO4-S ha-1 yr-1 

in throughfall. Annual sulfate deposition rates in bulk deposition exceeded 5 kg SO4-S 

ha-1 yr-1 only at sites located near open pit mines (LYS, W1, Peat Pond, AMS 5, AMS 9, 

AMS 10). However, annual throughfall sulfate deposition rates were as high as 39.2 kg 

SO4-S ha-1 yr-1 for site AMS 5 and were higher than 7.4 kg SO4-S ha-1 yr-1 for all sites 

except the two background sites. The site AMS 5, located near an open pit mine 12 km 

east of the emission stack (Figure 6.2), also had the highest annual bulk deposition rate 

(11.7 kg SO4-S ha-1 yr-1). Annual throughfall sulfate deposition rates exceeded the 

corresponding bulk deposition rate at all sites. Annual throughfall deposition rates were 

about twice as high as the corresponding bulk deposition rates at background sites, and 

about three times as high at sites located at a distance of <90 km to the emission stack. 

Sulfate deposition rates were influenced by the amount of precipitation during the 

sampling period and varied considerably between the sampling periods. Figure 6.3 shows 

the variability of sulfate deposition rates with the sampling period for the four sampling 

sites that were monitored since April 2007 (212, JPH2, JPL7 and 213). Summer bulk and 

throughfall deposition rates were typically higher compared to winter deposition rates. 

The highest bulk and throughfall sulfate deposition rates for all four sites were observed 

during summer 2008. The summer of 2008 was extremely wet with more than 150 mm of 

precipitation during the month of August, twice as high as in August 2007. 
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Figure 6.2: Yearly deposition rates (May 2008 to May 2009) for SO4-S in bulk 

deposition and throughfall. The grey shaded zones indicates the annual background 

deposition rate determined for throughfall deposition (~2.7 kg SO4-S ha-1 yr-1) 

according to visual deviations of δ34S-SO4 values at higher deposition rates from 

background δ34S-SO4 values Figure 6.7. Bulk deposition at the two most remote sites 

are believed to be background bulk sulfate deposition rates (~1.4 kg SO4-S ha-1 yr-1). 
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Figure 6.3: SO4-S deposition rates for bulk deposition (left) and throughfall (right) 

for the four sampling periods. Deposition rates were highest during summer 2008 

when highest precipitation amounts were observed. 

6.5.2 Sulfur Isotope Ratios of Atmospheric Sulfate 

Site averaged, SO4-S deposition weighted sulfur isotope ratios of sulfate in bulk 

deposition and throughfall are shown in Figure 6.4a with respect to distance from the 

emission stack. Average δ34S values of sulfate in bulk deposition varied between -3.9 and 

+5.9‰. Average δ34S values of sulfate in throughfall were higher, ranging from +3.6 and 

+7.1‰. Average δ34S values <2‰ were only observed in open field samplers at sites W1, 

Peat Pond, and AMS 5, during the summer, except for the site W1 which also had a δ34S 

value <2‰ in the winter. All three sites are in close proximity to tailing ponds. Aside 

from those sites, there is no trend of δ34S with distance, regardless of the season. 

However, Figure 6.4a shows that sites closer (<29 km) to the oil sands operations have a 

wider range of δ34S values (-3.9 to 5.5‰ during summer and 1.4 to 7.1‰ during winter), 

whereas sites at >74 km distance have a background δ34S value of 4.1‰ during summer 
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and 5.2‰ during winter. On average, winter bulk and throughfall δ 34S values of sulfate 

were around 1.5‰ higher than those of summer bulk deposition and throughfall. 

 

6.5.3 Oxygen Isotope Ratios of Atmospheric Sulfate 

Figure 6.4b shows SO4-S deposition weighted site averages of the oxygen isotope ratios 

of atmospheric sulfate in the AOSR with distance from the emission stack. Average 

δ18O-SO4 values in bulk deposition varied between 3.2 and +19.7‰. Average δ18O-SO4 

values in throughfall were lower, ranging between -2.4 and +11.9‰. Summer δ18O-SO4 

values ranged from -1.9 to 19.7‰ and were higher than winter δ18O-SO4 values, ranging 

from -2.4 to 12.1‰. 
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Figure 6.4: SO4-S deposition weighted site averaged δ34S (a) and δ18O values (b) of 

sulfate in bulk deposition and throughfall versus distance from the emission stack 

for summer (left) and winter sampling periods (right). 

6.6 Discussion

6.6.1 Sulfate Deposition Rates 

Background sulfate deposition rates, assessed at the two sites furthest away from the oil 

sand operations (94 and 113 km), are low in the AOSR. Annual bulk deposition rates at 

background sites were ~1.4 kg SO4-S ha-1 yr-1, and annual throughfall deposition rates at 
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background sites were ~3.3 kg SO4-S ha-1 yr-1. The observed background bulk deposition 

rates are similar to those reported by Wieder et al. (2010) who also found that sulfate 

deposition rates in the AOSR were on average 1.14±0.06 kg SO4-S ha-1 yr-1 between 

2005-2008. However, the deposition sampling sites of their study were more than 25 km 

distant from the oil sand operations. In our study, we found SO4-S deposition rates 

elevated above background values within 27 km distance from the emission stack, 

particularly at sites close to open pit mines. For these sites, annual bulk deposition rates 

ranged from 2.6 to 11.7 kg SO4-S ha-1 yr-1, and annual throughfall deposition rates varied 

from 7.4 to 39.2 kg SO4-S ha-1 yr-1. The background sulfate deposition rates in the AOSR 

are relatively low compared to sulfate deposition rates reported for other regions 

especially in northeastern parts of North America or in Central Europe. However, sulfate 

deposition rates in close proximity to the oil sand operations are exceeding sulfate 

deposition rates reported for North America and Europe that are generally decreasing as a 

result of SO2 emission reductions (Lynch et al., 2000; Novák et al., 2001; Van Der 

Swaluw et al., 2011). 

To reduce industrial SO2 emissions in the AOSR, flue gas desulfurization systems (FGD) 

are employed by some operators. Flue gas exiting the bitumen upgraders enters a spray 

tower where it contacts a dilute slurry of ammonium sulfate ((NH4)2SO4) and excess 

ammonia (NH3). In the spray tower, the injected NH3 reacts with SO2 from the flue gas to 

form ammonium sulfate particles. Sulfate in PM2.5 emitted from a FGD stack in the 

AOSR is in the form of (NH4)2SO4 (Chapter 4). If all the emitted SO2 was to be scrubbed 

out by ammonia to produce ammonium sulfate instead of being released as SO2 that is 

subsequently oxidized to sulfate via different pathways, a mass ratio of 1.14 is expected 
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for [SO4-S]/[NH4-N], indicating (NH4)2SO4 particles. Calculating these ratios from 

sulfate and ammonium deposition data (Chapter 5) in the AOSR showed that sulfate 

deposition generally exceeds ammonium deposition (Figure 6.5). This indicates that 

ammonium sulfate PM2.5 is not the main component of sulfate depositing in the AOSR. 

SO2 emitted from stacks with or without FGD systems and subsequent oxidation to SO4

is likely responsible for most of the elevated sulfate deposition in close proximity to the 

oil sand operations. Wet deposition is an important sink of sulfate deposition in the 

AOSR indicated by higher SO4-S deposition rates during the rainy summer periods 

compared to winter. Dry deposition scavenged by tree canopies is also a sink of SO4 in 

the AOSR indicated by throughfall deposition rates exceeding bulk deposition rates at all 

sites. 

Figure 6.5: Sulfate-S to ammonium-N deposition rate ratios versus distance. 

Ammonium sulfate particles would plot on the dotted line representing a mass ratio 

of 1.14. 
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6.6.2 Sulfur Isotopic Composition of Atmospheric Sulfate Deposition 

Deposition-weighted and site-averaged δ 34S values in atmospheric sulfate in bulk 

deposition and throughfall varied between -3.9 and +7.1‰. Figure 6.6a shows the 

individual δ34S values plotted versus sulfate deposition rate. δ 34S values of atmospheric 

sulfate samples were less variable at high SO4-S deposition rates (>10 kg ha-1). The 

average δ 34S value for samples with deposition rates >10 kg ha-1 is 5.0±0.6‰ during 

summer (n=25) and 6.2±0.5‰ during winter (n=5). In particular, throughfall samples 

during summer 2008 and winter 2008/09 were associated with these high atmospheric 

sulfate deposition rates. Chapter 4 reports the isotopic compositions of different sulfur 

containing materials in the AOSR that are potential sources of sulfur for industrial SO2 

emissions. Total sulfur in bitumen and untreated oil sand material had δ34S values of 

4.3±0.3‰ and 6.5±0.4‰, respectively. Elemental sulfur from a sulfur storage block and 

total sulfur in coke are both upgrading by-products and had δ34S values of 5.3±0.5‰ and 

3.9±0.2‰, respectively. Different potential source materials are therefore not isotopically 

distinct, and have δ34S values in a similar range as atmospheric sulfate samples with high 

sulfate deposition rates. 

Plotting the δ34S values of atmospheric sulfate deposition in the AOSR versus the inverse 

sulfate deposition rates (1/(SO4-S)) may help to reveal the sources of atmospheric sulfate 

(Krouse, 1980). The highest δ34S-SO4 values associated with low inverse deposition 

ratios (=high SO4 deposition rate) is 5.9‰ during summer 2008 and 8.2‰ during winter 

2008/09 (Figure 6.7a). Chapter 4 reports δ34S-SO4 values of industrial emitted sulfate as 

found in PM2.5 in two stacks in the AOSR of 7.3±0.3‰ and 9.4±2.0‰, indicating that 
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industrial emissions appear to be responsible for elevated atmospheric sulfur deposition. 

The lowest δ34S-SO4 values associated with low inverse deposition ratios (=high SO4 

deposition rate) were -4.0‰ during summer and 0.9‰ during winter indicating an 

additional sulfate source depleted in 34S. Particularly summer δ34S-SO4 values at the sites 

W1 (site average -3.9‰) and Peat Pond (site average +0.3‰) show evidence for 

contribution of SO4 from a 34S depleted source. Both sites are in close proximity to tailing 

ponds, suggesting hydrogen sulfide (H2S) emissions from the ponds with low δ34S values 

are a local source of atmospheric S especially during summer. The production of H2S via 

sulfate-reducing bacteria in SO4 rich water associated with oil extraction processes has 

been recently reported (Kumaraswamy et al., 2011). A prevalence of fermenters and 

sulfate-reducing bacteria was found in the Mildred Lake Settling Basin (Penner and 

Foght, 2010), and bacterial sulfate reduction is also known to take place in Suncor’s 

tailing pond 6 (Ramos-Padrón et al., 2011). Bacterial sulfate reduction is associated with 

high sulfur isotope fractionation, resulting in 34S depleted H2S (Canfield, 2001). The 

isotopic composition of S is not expected to change during oxidation of H2S to SO2 and 

SO4 (Newman et al., 1991; Sanusi et al., 2006). The low δ34S values observed for sites 

close to the tailing ponds suggest that H2S was oxidized to SO4 that subsequently 

contributed to local sulfate deposition. It has been suggested that sulfide produced via 

microbial sulfate reduction mostly remains in the pond due to mineral precipitation and 

oxidation at the pond surface, although migration of H2S formed in deeper pond layers to 

upper pond layers was deemed possible (Ramos-Padrón et al., 2011). The relatively short 

residence time of H2S in the atmosphere of only 1 day (Brimblecombe et al., 1989) is 
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consistent with our finding that δ34S values of further distant sites (>12km) do not show 

evidence of 34S depleted SO4 (Figure 6.4a+b). 

Figure 6.7a was used for determination of atmospheric sulfate background deposition 

rates. Based on visual deviations from background δ34S values (Figure 6.7a), an annual 

average background sulfate deposition rate of ~2.7 kg SO4-S ha-1 yr-1 for throughfall was 

determined (Figure 6.2). Samples with SO4-S deposition rates <1.4 kg SO4-S ha-1 

(1/(SO4-S)=0.73 in summer and 0.76 in winter) had an average δ 34S value of 4.3±0.3‰ 

during summer and 5.4±0.7‰ during winter (Figure 6.7a), indicating that the δ34S value 

of background atmospheric sulfate deposition is ~5‰. δ34S value values of samples with 

deposition rates <1.4 kg SO4-S ha-1 were typically within 1‰ difference to the average 

background δ34S value. A similar δ34S value of ~+4‰ has been reported for long-range 

atmospheric sulfate in eastern Canada (Jamieson & Wadleigh, 2000). Deposition values 

close to the background sulfate deposition rate for throughfall were observed at the two 

most remote sites in 94 and 113 km distance from the emission sources (~3.3 kg SO4-S 

ha-1 yr-1). Hence, bulk sulfate deposition rates at those sites are likely also close to 

background deposition rates for bulk deposition (~1.4 kg SO4-S ha-1 yr-1). In the AOSR, 

δ34S values for background atmospheric sulfate at deposition rates <1.4 kg SO4-S ha-1 

(~5‰) are identical to δ34S values at high deposition rates >10 kg SO4-S ha-1 (~5.0‰). 

The sulfur isotopic composition of atmospheric sulfate deposition in the AOSR can 

therefore not be used to distinguish industrial derived sulfate from long-range 

background sulfate deposition. 

 

 



124

Figure 6.6: δ34S (a) and δ18O values (b) of atmospheric sulfate versus deposition 

rates for summer (left) and winter sampling periods (right). 

6.6.3 Oxygen Isotopic Composition of Atmospheric Sulfate 

The highest deposition-weighted and site-averaged δ18O value of sulfate in atmospheric 

bulk deposition of 19.7‰ (Figure 6.4b) was observed during summer 2007 at the 

background site 213 (113 km) that received sulfate from long-range transport at 

background levels. High δ18O-SO4 values (>10‰) are associated with low SO4-S 

deposition rates. Jamieson and Wadleigh (2000) also reported relatively high δ18O-SO4

values of +15‰ for long-range transported sulfate in eastern Canada. With increasing 
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SO4-S deposition rates, there is a trend towards lower δ18O-SO4 values for both summer 

and winter periods (Figure 6.6b). Figure 6.7b shows the δ 18O-SO4 values versus the 

inverse atmospheric sulfate deposition rates for summer and winter sampling periods. 

The majority of the δ 18O-SO4 values plot on a mixing line constrained by two end 

members representative for different sulfate sources: background atmospheric sulfate at 

low deposition rates associated with high δ18O-SO4 values and industrial derived sulfate 

with δ 18O-SO4 values near 0‰ associated with high deposition rates. Background 

atmospheric sulfate, as indicated by samples with SO4-S deposition rates <1.4 kg S ha-1 

(Figure 6.7a) had average δ 18O values of 12.9±1.9‰ during summer and 6.4±3.3‰ 

during winter. Figure 6.7b also indicates a trend to even higher δ18O-SO4 values at low 

deposition rates (r2=0.55 in summer, r2=0.43 in winter). Since water and water vapor 

δ18O values vary with season (e.g. Peng et al., 2004), δ18O values of atmospheric sulfate 

tend to be lower in winter compared to summer (Jamieson and Wadleigh, 1999; Novák et 

al., 2001). 

Sulfate in PM2.5 emitted from stacks in the AOSR had δ18O as high as 18.9±2.9‰ 

(Chapter 4). However, Figure 6.5 indicates that particulate ammonium sulfate emitted 

from stacks is not the main source of atmospheric sulfate deposition in the AOSR. In fact, 

atmospheric sulphate at high deposition rates are associated with low δ18O values (Figure 

6.7b). Both trendlines in Figure 6.7b intersect the y-axis at a δ18O value ~0.6‰, which is 

indicative of SO4 derived from industrial SO2 emissions. 

During bitumen extraction, significant amounts of hot water are used for bitumen 

processing (Masliyah et al., 2004). The processing water is partially withdrawn from the 
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Athabasca River which also has δ18O values around -18‰ (Gue et al., 2011). Rainwater 

in Alberta is also depleted in 18O with average δ18O-H2O values around -18‰ (Peng et 

al., 2004). The observed low δ18O values in atmospheric sulfate at high deposition rates 

are likely caused by the oxidation of SO2 to SO4 via water (droplets) and water vapor. 

This appears to be the dominant oxidation pathway for industrially emitted SO2 in close 

proximity to the oil sand operations. 
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Figure 6.7: δ34S-SO4 (a) and δ18O-SO4 values (b) versus the inverse SO4-S deposition 

rate (in 1/(kg ha-1)) during summer (left) and winter (right) periods. The horizontal 

lines in (a) indicate mean values of isotope ratios and their standard deviations (grey 

shaded area) for background deposition samples plotting to the right of the dotted 

line. The trendlines in (b) show mixing of sulfate from two sources, background and 

industrial emissions. 

6.6.4 Quantification of Industrial Contributions to Atmospheric Sulfate Deposition 

Atmospheric sulfate at high deposition rates had markedly lower δ18O values compared 

to background atmospheric sulfate indicated by low deposition rates. If the oxygen 
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isotopic composition of industrial derived sulfate and atmospheric background sulfate 

deposition are known and different, a two-end-member mixing analysis can be applied to 

determine industrial contributions to atmospheric sulfate deposition in the AOSR. The 

fraction f of industrial derived sulfate contributing to the total atmospheric sulfate 

deposition can be resolved applying a two-end-member mixing model 

δ18OM = f δ18OIND + (1 − f ) δ18OBGRD       (6.9) 

yielding 

f = (δ18OM − δ18OBGRD) ⁄ (δ18OIND − δ18OBGRD)           (0 < f < 1)   (6.10) 

where δ18OM is the oxygen isotopic composition of the mixture (site averaged deposition 

weighted values), δ 18OIND and δ 18OBGRD the oxygen isotopic composition of the sulfate 

derived from industrial SO2 emissions and of the background atmospheric sulfate, 

respectively. Industrial derived sulfate is characterized by a δ 18O value of ~0.6‰ (y-

intercept in Figure 6.7b). Background atmospheric sulfate at low deposition rates of 

<1.4 kg S ha-1 (Figure 6.7a), had an average δ 18O value of 12.9±1.9‰ during summer 

2008. However, there was a trend towards higher δ 18O-SO4 values with lower sulfate 

deposition rates (Figure 6.7b), indicating that background sulfate not derived from local 

industrial activities may have higher δ18O values than the average value of 12.9±1.9‰. 

Using the average δ18O value for background sulfate according to Figure 6.7a therefore 

results in an underestimation of industrial sulfate contributions to atmospheric deposition. 

Because most of the annual sulfate deposition between May 2008 and May 2009 

occurred during the summer sampling period, calculations were only conducted for 

summer 2008. The results for industrial contributions to atmospheric bulk sulfate 

deposition are summarized in Table 6.1. Industrial contributions to sulfate bulk 
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deposition in summer 2008 range from 0 to 59%. Figure 6.8 shows the spatial distribution 

of these results for bulk sulfate deposition during summer 2008. The map shows that in 

particular sites in close proximity to mining sites (W1, AMS5, Peat Pond, LYS, AMS 9 

and AMS 10) are impacted with industrial contributions between 25 and 59%. The 

overall error for these estimates is ±20% based on calculations applying the highest 

deposition weighted site averaged δ18O value of summer 2008 (14.4‰) for δ 18OBGRD 

instead of the average δ18O value of background sulfate deposition samples. 
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Table 6.1: Results of the two-end-member mixing analysis showing industrial 

contributions (in %) to atmospheric sulfate deposition in the AOSR. 

Summer 2008 Bulk Deposition 
Site km (%) 
LYS 3 36 

Peat Pond 6 39 
W1 8 59 

AMS 5 12 51 
AMS 13 13 18 

212 13 25 
R2 14 n.d. 

JPH4 14 10 
AMS 1 16 20 
JPH2 17 11 

AMS 9 18 41 
AMS 10 27 41 
AMS 15 29 17 
AMS 14 74 7 

JPL7 94 12 
213 113 *(-12) 

n.d.=not determined, *=calculation yielded negative value. 
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Figure 6.8: Results of the two-end-member mixing analysis using δ 18O values of 

atmospheric sulfate in bulk deposition in summer 2008, showing industrial 

contributions to sulfate deposition (in %) in the AOSR. 
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6.7 Conclusions 

Atmospheric throughfall sulfate deposition rates in the AOSR are at background level 

(~2.7 kg SO4-S ha-1 yr-1) at sites farthest from the oil sand operations (94 and 113 km, 

~3.3 kg SO4-S ha-1 yr-1). Annual deposition rates of atmospheric sulfate in bulk 

deposition samplers at those background sites were ~1.4 kg SO4-S ha-1 yr-1. Both bulk 

and throughfall sulfate deposition rates were elevated within ~30 km distance from the 

industrial emission sources. The highest deposition rates were observed for sites close to 

open pit mining sites. Throughfall deposition rates exceeded bulk deposition rates at all 

sites, indicating that dry deposition from the tree canopy is significant. Sulfur isotope 

ratio measurements of atmospheric sulfate deposited in the AOSR revealed that δ 34S 

values of sulfate in long-range background deposition were not different from δ34S values 

at high deposition rates in close proximity to the industrial emissions. δ 34S values can 

therefore not be used to distinguish between sulfate from long-range transport and local 

industrial sulfur emissions. However, δ34S values revealed that sulfate derived from H2S 

emissions from tailing ponds depleted in 34S contributes to local atmospheric sulfate 

deposition (W1, Peat Pond). 

δ18O values of atmospheric sulfate in bulk and throughfall deposition in the AOSR 

showed a distinct trend with deposition rates. δ 18O values of sulfate at high deposition 

rates were more than 10‰ different from background sulfate δ 18O values, providing an 

excellent tracer of industrial derived sulfate. Two-end-member mixing calculations 

revealed that bulk sulfate deposition at sites in close proximity (<27 km) to the emission 

stack, in particular close to open pit mining sites, is significantly (>50%) impacted by 

industrial activities. 
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We recommend that monitoring of deposition rates and isotopic composition of 

atmospheric sulfate deposition is expanded to assess the future impact of industrial S 

emissions on surrounding terrestrial and aquatic ecosystems in the AOSR. 
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CHAPTER SEVEN: MONITORING ATMOSPHERIC NITROGEN AND 

SULFUR INPUTS IN THE ATHABASCA OIL SANDS REGION, ALBERTA, 

CANADA, USING CHEMICAL AND ISOTOPIC COMPOSITIONS OF 

EPIPHYTIC LICHENS 

7.1 Introduction 

Lichens constitute an excellent bio-monitoring tool because lichens are perennial, can be 

sampled all year, grow on a variety of substrates, and take up nutrients and pollutants 

over much of their outer surface from predominantly atmospheric sources (Nimis and 

Purvis, 2002). Nitrogen (N) and sulfur (S) pollution may therefore cause an increase in S 

and N content in the lichen thallus (Nimis et al., 2002). Epiphytic lichens take up 

atmospheric compounds from gases as well as from wet and dry deposition, providing the 

potential to monitor atmospheric S and N pollution (Balaguer and Manrique, 1991; Gries 

et al., 1997; Wadleigh, 2003; Dahlman et al., 2004). Element uptake may occur as particle 

adsorption, extra- or intracellular ion exchange and intracellular uptake (Bargagli and 

Mikhailova, 2002). Intracellular uptake occurs when gases and water with dissolved 

substances are absorbed (Bargagli and Mikhailova, 2002). Particles may be adsorbed onto 

the lichen surface directly or dissolve after their entrapment on the lichen or between 

lichen and substrate (Miller and Brown, 1999; Conti and Cecchetti, 2001; Bargagli and 

Mikhailova, 2002). Some compounds such as sulfur dioxide (SO2), hydrogen sulfide 

(H2S), ammonia (NH3), ammonium (NH4) and NOx were reported to have a profound 

effect on lichens (Hawksworth and Rose, 1970; Van Dobben and Ter Braak, 1999; 

Krupa, 2003; Dahlman et al., 2004; Tozer et al., 2005; Loppi and Frati, 2006; Loppi and 
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Nascimbene, 2010) but particulate matter (e.g. PM2.5) may also influence element 

composition of lichens (Carvalho and Freitas, 2011). It appears that regardless of the 

phase of a pollutant or nutrient (gaseous, aqueous, solid), its content in lichen may 

change, but environmental stress may also be reflected in lichen diversity and lichen 

growth (Rheault et al., 2003; Loppi and Nascimbene, 2010). Therefore, lichens have been 

used extensively as bio-indicators for anthropogenic pollution (Nimis et al., 2002) and 

may be an integral part of air pollution monitoring programs, in particular in areas of 

difficult accessibility. 

Sulfur (S) and nitrogen (N) stable isotopes may reveal additional information about the 

origin of atmospheric N and S pollution, if the isotopic composition of the pollution 

source differs from the isotopic composition of background N and S in the environment 

(Case and Krouse, 1980; Takala et al., 1991; Wadleigh and Blake, 1999; Wiseman and 

Wadleigh, 2002; Wadleigh, 2003; Tozer et al., 2005). Transplanted epiphytic lichens were 

shown to change S isotopic composition and content according to the level of 

atmospheric S pollution within 18 months (Wiseman and Wadleigh, 2002). Wadleigh and 

Blake (1999) used S isotope ratios of lichens across the island of Newfoundland to 

investigate the influence of sea salt sulfate as well as local anthropogenic activities e.g. in 

the city of St. John’s, an oil refinery, mining areas, and fossil-fuel powered pulp and 

paper mills. S content and thalli damage were greatest at high levels of sulfur dioxide 

(SO2) pollution, and S isotope ratios in the lichens changed according to the source. Case 

and Krouse (1980) also report that S isotope ratios in lichens closer to a point source 

became similar to those of the pollution source. Nitrogen isotope ratios have also been 



136 

 

used as an indicator for pollution sources in lichens (Tozer et al., 2005) and mosses 

(Pearson et al., 2000), and to examine N uptake of lichens (Dahlman et al., 2004), 

although internal nitrogen recycling may alter δ 15N values in some lichens (Ellis et al., 

2003). Recent studies revealed that lichens were typically depleted in 15N compared to 

atmospheric N2 (Tozer et al., 2005; Fogel et al., 2008; Lee et al., 2009). Lee et al. (2009) 

investigated terrestrial plants on King George Island, maritime Antarctic, and found 

lichens to be most depleted in 15N amongst mosses, liverworts, algae and grasses with a 

mean δ 15N value of -7.4±6.4‰. Lichens collected from mangrove trees on Twin Cays 

Islands, Belize, Central America, were also extremely depleted in 15N compared to 

atmospheric N2, with δ 15N values ranging from 0.4 to -21.0‰ (Fogel et al., 2008). 

Lichens collected near a geothermal site in New Zealand had δ 15N between -6.5 and 

-20.5‰ (Tozer et al., 2005). Lichen δ15N may be lower compared to the source δ15N due 

to isotope fractionation caused by diffusive uptake of NH3, especially when other N 

sources are limited (Tozer et al., 2005). Sulfur and nitrogen isotope ratios may therefore 

reveal additional information about the sources and cycling of lichen nitrogen. 

Due to the expanding oil industry in the Athabasca oil sands region (AOSR) in 

northeastern Alberta, Canada, there is increasing concern about the impact of 

anthropogenic N and S emissions on the surrounding environment. The objective of this 

study was to investigate whether epiphytic lichens in the AOSR are suitable for 

monitoring N and S emissions from the oil sand operations and to evaluate whether stable 

isotope techniques can provide further insights into the sources of N and S accumulated 

by the lichens. 
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7.2 Sampling & Methods 

In August and September 2008, 32 epiphytic lichen samples of Evernia mesomorpha 

were collected from trees at 24 sites in the AOSR (including 5 duplicates) for 

concentration and isotope analyses. In addition, lichen samples from the edge of the 

forest stand and the interior of the forest were taken at one site (JPH4). Figure 7.1 shows 

a map of the sampling site locations (AMS 2, SYN1, AMS 11, AMS 13, AMS 5, 212, 

JPH4, AMS 12, AMS 1, JPH2, AMS 9, AH7, AMS 10, AH8R, AMS 15, AMS 6, AH3, 

65B27, JPL1, AMS 14, JPL7, 210, 205, 213). One of the major emission stacks in the 

AOSR was used as a central marker point and distances between lichen sampling sites 

and the emission stack ranged from 3 to 113 km. The lichen samples were sorted to 

generate a clean Evernia mesomorpha sample and dried. Total nitrogen and total sulfur 

contents and the isotopic compositions of total nitrogen and sulfur were determined. For 

total nitrogen contents and nitrogen isotope ratios (15N/14N), the lichen samples were 

ground because differences in the isotopic composition within lichens (apex and thallus) 

have been found, suggesting internal fractionation of N isotopes within lichens (Ellis et 

al., 2003). Approximately 8 mg of ground and homogenized lichen material was weighed 

into tin cups. Nitrogen isotope ratios were determined using an elemental analyzer (EA) 

interfaced with an isotope ratio mass spectrometer (IRMS) (Preston and Owens, 1983). 

Isotope abundance ratios are reported in the internationally accepted δ notation defined 

as: 

δ sample (‰) = [(Rsample/Rstandard)-1]×1,000 ,      (7.1) 
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where R is the 15N/14N or 34S/32S ratio of a sample and a standard respectively. δ15N 

values are reported relative to AIR. Accuracy and precision of δ15N values were ensured 

using the reference materials USGS 40 (δ15N: -26.4±0.2‰) and USGS 41 (δ15N: 

+37.6±0.2‰), resulting in a precision of ±0.15‰. δ15N values typically deviated less than 

0.3‰ for the duplicates, except for one site (SYN1) where the δ15N value of the duplicate 

was 1.8‰ different from that of the corresponding sample. Total N contents were also 

determined on the EA and measurement precision was typically less than ±5%. 

For determination of the total sulfur content and δ34S values in lichens, total sulfur of 

200-500 mg lichen material was converted to BaSO4 using the Parr-bomb technique 

(Siegfriedt et al., 1951). The resulting BaSO4 precipitate was filtered, washed and dried. 

Approximately 250 µg of the BaSO4 precipitate was weighed into tin cups and niobium 

pentoxide was added. Subsequently the BaSO4 sample was decomposed thermally in an 

EA and the produced and purified SO2 was swept with a He stream into an IRMS for 

determination of the sulfur isotope ratios of the lichen samples. For δ 34S analysis the 

reference materials NBS 127 (+21.1‰), IAEA S05 (+0.49±0.11‰) and IAEA S06 

(34.05±0.08‰) have been used. The external precision for δ 34S values is ±0.5. δ34S 

values are reported relative to Vienna Canyon Diablo Troilite (V-CDT). δ34S values of 

duplicates taken at five sites were within 0.7‰ deviation to their corresponding sample. 

Total S contents of lichen samples were determined gravimetrically by weighing the 

sample and the resulting BaSO4 precipitate. Measurement precision is typically less than 

±5%. All duplicate values are included in the following sections. 
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Figure 7.1: The Athabasca Oil Sands Region in northeastern Alberta, Canada. 

Lichen sampling sites are marked with white circles. The grey shaded area 

represents oil sand open pit mining projects as of 2008. 
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7.3 Results 

7.3.1 Nitrogen Content and Nitrogen Isotope Ratios 

Figure 7.2 summarizes nitrogen contents (a) and the δ15N values (b) of the lichen samples 

versus distance from the emission stack. Nitrogen contents varied between 0.6 and 2.7%. 

The highest N contents between 1.9 and 2.7% were observed for lichens collected at sites 

AMS 2 (3 km), SYN1 (3 km) and AMS 11 (7 km). Lichens collected at site AMS 5 (12 

km) also showed an elevated N content (2.3%). Lichen samples from sites most distant to 

the emission stack, sites 210 (111 km), 205 (113 km), and 213 (113 km), had the lowest 

N contents between 0.6 and 0.8%. The total N content of lichens collected at the forest 

edge of site JPH4 (14 km) was higher (1.2%) compared to samples from the interior of 

the forest stand (0.8%). 

δ15N values of total N of lichens varied between -7.4‰ and +11.6‰. δ15N values higher 

than -3.9‰ were only observed for lichens from site SYN1 (3 km, +9.8 and +11.6‰) and 

from site AMS 2 (3 km, -2.5‰). δ 15N values of lichens from all other sites varied 

between -3.9 and -7.4‰. Lichens from the most distant sites, site 210 (111 km), 205 (113 

km), and 213 (113 km), had δ 15N values between -5.4 and -3.9‰. There was no 

difference in the N isotopic composition of the lichen samples from the forest edge of site 

JPH4 (-4.8‰) compared to lichen samples from the interior of the stand (-4.7‰). 
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Figure 7.2: Nitrogen contents (a) and δ15N values (b) of the lichen samples plotted 

versus distance from the emission stack. Both N content and N isotope ratios are 

highest close to the emission source. 

7.3.2 Sulfur Content and Sulfur Isotope Ratios 

Figure 7.3 displays sulfur contents (a) and the δ34S values (b) of lichen samples versus 

distance from the emission stack. Sulfur contents vary between 0.09 and 0.37%. The 

highest S content was observed for lichens obtained at AMS 11 (7 km, 0.37%), but also 

lichens from sites AMS 2 (3 km, 0.27%), SYN1 (3 km, 0.25%), AMS 5 (12 km, 0.32%) 

and AMS 12 (16 km, 0.26%) showed elevated S contents compared to those of further 

distant sites. All other lichen samples had sulfur contents between 0.09 and 0.19%. The 

total S content in lichens collected at the forest edge of site JPH4 was slightly higher 

(0.17%) compared to that of lichens from the interior of the stand (0.14%).  

δ34S values of total S in lichens varied between +1.1 and +8.2‰. The lowest δ34S values 

were observed for lichens from AMS 5 (12 km, 1.1‰) and AMS 12 (16 km, 1.9‰). Both 

sites are close to the highway (Hwy 63) connecting Fort McMurray with Fort McKay, 

and are also close to some of Syncrude’s and Suncor’s tailing ponds. Lichens from the 
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three farthest sites 210 (111 km), 205 (113 km), and 213 (113 km) had among the highest 

δ34S values, between +6.4 and +8.2‰. There was no difference in the S isotopic 

composition of lichens collected at the edge of JPH4 (+5.8‰) compared to lichen 

samples from the interior of the forest stand (+5.7‰). 

Figure 7.3: Sulfur contents (a) and δ34S values (b) with distance from the emission 

source. The S contents are higher close to the emission stack and are associated with 

lower δ34S values compared to S contents and isotope ratios of lichens from sites 94 

and 113 km distant to the stack. 

7.4 Discussion

7.4.1 Nitrogen 

Total nitrogen contents in lichen samples ranged from 0.6 to 2.7%. Nitrogen contents 

were about three times higher with an average N content of 2.2±0.3% in lichen samples 

from sites within 7 km distance to the emission stack (AMS 2, SYN1, AMS 11) 

compared to lichens from sites more than 111 km distant that had an average N content of 
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0.7±0.1% (sites 210, 205, and 213). Lichen samples from sites further than 7 km distance 

to the emission stack showed little variability in total N content with an average of 

1.0±0.3%. 

δ15N values of total nitrogen in lichens ranged from -7.4 to +11.6‰. Only duplicate 

lichen samples from the site SYN1 (3 km) were highly enriched in 15N with δ15N values 

of +11.6 and +9.8‰, respectively. Excluding the δ15N values of lichens at site SYN1, the 

mean δ15N value for all other sites was -5.3±1.0‰. There was no significant correlation 

between δ15N and N content (r2=0.14, Figure 7.5). 

Plotting isotopic compositions versus inverse concentration data reveals whether data 

patterns can be explained by mixing of N from two or more sources (Krouse, 1980). To 

investigate the sources of nitrogen in Evernia mesomorpha, the δ15N values were plotted 

versus the inverse N content (Figure 7.4). Figure 7.4 shows that there are two sources of 

nitrogen. Lichen samples were typically depleted in 15N compared to atmospheric N2 

(δ15N=0‰) with a mean δ15N value of -5.3±1.0‰, independent of their nitrogen content. 

Only the two lichen samples taken at SYN1, the site closest to the emission stack (3km), 

were strongly enriched in 15N and were also associated with high N contents. 

Extrapolating a mixing line between background N, indicated by the lowest N content, 

and SYN1 nitrogen with high δ 15N values intersects the y-axis at +20‰ (Figure 7.4). 

This suggests that the source for nitrogen at SYN1 may have a δ15N value around +20‰. 

Ammonium in PM2.5 emitted from one of the major oil sand operators in the AOSR had 

δ15N values of up to +20.1‰ (Chapter 4). Ammonium is preferentially taken up by some 

lichens compared to uptake of other N compounds such as amino acids, nitrate and 

particles may be adsorbed onto the lichen surface (Miller and Brown, 1999; Bargagli and 
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Mikhailova, 2002; Dahlman et al., 2004; Carvalho and Freitas, 2011). This suggests that 

industrial emitted particulate NH4 with high δ 15N value has likely caused the high δ 15N 

values of total N in lichens at SYN1 (+11.6 and +9.8‰). Nitrate in stack emitted PM2.5 

was also enriched in 15N compared to atmospheric N2 ( δ15N between 9.4 and 17.9‰, 

Chapter 4) and may also be a possible source of nitrogen in lichen samples from SYN1. 

The particles may have been adsorbed by the lichen or were trapped on the bark, 

underneath the lichen thallus or between bark and lichen. Subsequently the particles may 

have been dissolved and then been transferred into lichen cytoplasm (Miller and Brown, 

1999; Bargagli and Mikhailova, 2002; Tozer et al., 2005). All other lichen samples had 

little variability of δ15N values (-5.3±1.0‰). Bulk and throughfall deposition samples at 

background deposition rates averaged -3.6±0.9‰ for δ15N-NH4 and -3.2±1.5‰ for δ15N-

NO3 during summer (Chapter 5). Ammonia is more easily absorbed by lichens (Bargagli 

and Mikhailova, 2002) or taken up as NH4 (Dahlman et al., 2004) compared to nitrate. 

Tozer et al. (2005) suggested that diffusive assimilation of gaseous NH3 into lichens is 

associated with isotope fractionation and may lead to 15N depleted nitrogen isotope ratios 

in lichens. This fractionation step may be responsible for lichen δ15N values lower than 

background δ15N-NH4 and δ15N-NO3 values in atmospheric deposition. This suggests that 

nitrogen in lichen samples at all sites except SYN1 is likely from atmospheric ammonium 

or nitrate, and additional isotope fractionation during the uptake of N into the lichen may 

result in slightly lower δ15N values of total N in lichens compared to atmospheric 

ammonium and nitrate. 
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Figure 7.4: δ15N values of total N in lichen samples versus 1/[N]. Except for the δ15N 

values of lichens from site SYN1 (3 km), δ15N values are rather constant around 

-5.3±1.0‰. 

At 13 of the 27 lichen sampling sites, site averaged deposition rates and δ15N values 

(deposition weighted and sites averaged) of atmospheric nitrate and ammonium in bulk 

deposition and throughfall were determined (Chapter 5). Since the lichen samples were 

taken in August and September 2008, contents of total N in lichens were compared to 

NO3 and NH4 bulk deposition and throughfall deposition rates, and the corresponding 

δ15N values for the summer 2008 sampling period (May - October).  

Ammonium and nitrate deposition rates in bulk deposition and throughfall during 

summer 2008 at the 13 sites were highly variable, ranging from 0.2 to 14.9 kg ha-1

(Chapter 5). Figure 7.5 shows the correlations of total N content in lichens with nitrate 
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and ammonium bulk and throughfall deposition rates. The highest correlation of total N 

content in lichens and nitrogen deposition rates was found for NO3-N deposition rates in 

throughfall (r2=0.87). However, only 13 sites could be compared and it remains unclear 

to what extent gaseous NOx and NH3 influence the nitrogen content in lichen samples. 

δ15N values in lichens correlated with neither δ15N values of atmospheric nitrate nor with 

δ15N values of atmospheric ammonium deposition at the 13 sites. However, δ15N-NH4 in 

throughfall at the site SYN1 was +10.9‰, similar to lichen δ15N at the same site (+11.6 

and 9.8‰), confirming that industrial emitted ammonium is responsible for high δ 15N 

lichen values at SYN1. At all other sites, δ15N values in lichens (-5.3±1.0‰) were lower 

compared to atmospheric δ15N-NH4 and δ15N-NO3.  

The elevated nitrogen contents within 12 km of the emission stack suggest industrial N 

impact on Evernia mesomorpha. Neither elevated N content nor high δ 15N values were 

observed at sites further than 12 km distance to the stack, indicating no impact of 

industrial emissions on lichens. However, the total N content in lichens from the edge of 

the forest stand at JPH4 (14 km) was 0.4% higher compared to lichens from the interior 

of the stand, suggesting that lichens from the edge of forests are better early warning 

parameters. Changes in Evernia mesomorpha mass at forest edges (within 50 m from 

edge) compared to the interior of the stand has also been reported in the literature 

(Rheault et al., 2003), confirming the importance of lichen exposure to atmospheric 

pollutants. 
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Figure 7.5: Correlation between lichen δ15N values and total N content of lichens (a). 

Throughfall NO3-N deposition rates correlated best with total N contents (b) in 

lichens compared to throughfall NH4-N (c), bulk NO3-N (d) and bulk NH4-N (e) 

deposition rates. Coefficients of determination (r2) were calculated from the 

Pearson’s correlation coefficients (r), and the significance of the correlation is 

expressed as the probability that |r| should be larger than its observed value. 
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7.4.2 Sulfur 

Total sulfur contents in lichen samples ranged from 0.09 to 0.37%. The S content was up 

to three times higher within 7 km averaging 0.3±0.1% and about two times higher within 

16 km distance (average 0.21±0.08%) to the emission stack compared to more distant 

sites at 111 and 113 km (average 0.12±0.03%). This range of S contents is similar to 

sulfur concentrations in lichens in the AOSR in 1980 (Addison and Pucket, 1980). 

Addison & Pucket (1980) observed highest S concentrations (>0.3%) within 10 km of the 

oil sand operations, similar to the distance range observed in this study.  

The average δ 34S value in lichen samples is +5.7±1.5‰. Chapter 4 reports similar δ34S 

values for bitumen (+4.3±0.3‰), oil sand (+6.5±0.4‰) and extracted elemental sulfur 

(+5.3±0.5‰) in the AOSR. Atmospheric sulfate in summer samples at background 

deposition rates had an average δ 34S value of +4.3±0.3‰ (Chapter 6), similar to δ34S 

values in atmospheric sulfate at high deposition rates (~5‰). δ34S values for different 

sources of sulfur, background atmospheric sulfate and total sulfur in lichen samples in the 

AOSR are therefore not distinct and do not reveal sources of total sulfur in lichen 

samples. However, at the two sites AMS 5 (12 km) and AMS 12 (16 km) close to Hwy 

63, open pit mines and tailing ponds and upgraders, elevated total S contents in lichens 

(0.32% and 0.26%, higher than the average S content of 0.17±0.07%) were observed 

associated with the lowest δ34S values (1.1‰ and 1.9‰). Plotting the δ34S values versus 

the inverse S content of lichens (Figure 7.6) indicates that there is a S source associated 

with low δ 34S values (<2‰). Atmospheric sulfate deposition sampling sites close to 

tailing ponds showed low δ 34S values in summer 2008, likely due to tailing ponds H2S 
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emissions (Chapter 6). Bacterial sulfate reduction (BSR) occurs in tailing ponds in the 

AOSR (Kumaraswamy et al., 2011; Ramos-Padrón et al., 2011), and BSR is associated 

with significant sulfur isotope fractionation resulting in low δ34S values for emitted H2S 

(Canfield, 2001). Sulfur from H2S emissions may then be either directly incorporated into 

lichens or taken up after its oxidation to SO2 and SO4. The best correlation of total S 

content in lichens was found with SO4-S deposition rates in throughfall (r2=0.74) (Figure 

7.7b), suggesting that epiphytic lichens are sensitive to (dry and wet) sulfate deposition 

underneath the tree canopy. However, there was no correlation between δ 34S values in 

throughfall sulfate deposition with δ 34S values of total S in lichens (Figure 7.7d). It 

remains unclear to what extent gaseous emissions (SO2, H2S) contribute to the sulfur 

content in lichens. Further research is necessary to evaluate whether gaseous stack and 

pond emissions are isotopically distinct and if those emissions are responsible for 

decreasing δ34S values in lichen samples with elevated total S contents (Figure 7.7a). 

Similar to N, the total S content in Evernia mesomorpha sampled at the edge of JPH4 

was higher compared to the JPH4 interior sample, again suggesting that lichen samples 

should be collected at the edge of stands to provide an early warning parameter for 

atmospheric pollution.  
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Figure 7.6: δ34S values of total S in lichens versus the inverse sulfur content suggest 

a source with a low δ34S value (<2‰) that results in increasing S contents in lichens. 

The grey bar indicates δ34S values of atmospheric sulfate deposition, bitumen, oil 

sand and elemental S. 
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Figure 7.7: Correlation between lichen δ34S values and total S content of lichens (a). 

Throughfall SO4-S deposition rates correlated best with total S contents (b) in 

lichens compared to bulk SO4-S (c). However, δ34S values of atmospheric sulfate in 

throughfall deposition did not correlate with δ34S values of total S in lichens (d). (e) 
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shows the correlation between δ34S values in atmospheric bulk deposition and δ34S 

values of total S in lichen samples. Coefficients of determination (r2) were calculated 

from the Pearson’s correlation coefficients (r), and the significance of the 

correlation is expressed as the probability that |r| should be larger than its observed 

value. 

 

7.5 Conclusion 

Lichens respond to industrial nitrogen and sulfur emissions in the AOSR. Both N and S 

contents in Evernia mesomorpha were highest within 7 km distance from the stack and a 

gradient towards elevated N and S contents was observable within 16 km from the 

emission stack. δ15N values in lichen samples revealed that SYN1 at 3 km is definitely 

impacted by industrial N, possibly from particulate ammonium and/or particulate nitrate 

with high δ 15N values (up to 20.1‰). Although Dahlman et al. (2004) suggested that 

lichens preferably take up NH4, total N contents in lichens correlated best with NO3-N 

deposition rates in throughfall. Low δ34S values of lichen S revealed that lichens likely 

take up sulfur from tailing ponds emissions. Lichen S content correlated best with 

atmospheric sulfate deposition rates of throughfall in the AOSR, indicating that 

throughfall deposition rates are a better indicator for epiphytic lichen N and S content 

than open field bulk deposition rates. Lichens at sites further than 16 km distant from the 

emission stack provided no evidence for impact of industrial N and S. 
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CHAPTER EIGHT: TRACING THE FATE OF ANTHROPOGENIC SULFUR 

AND NITROGEN IN THE ATHABASCA OIL SANDS REGION USING 

CONIFER NEEDLES 

 

8.1 Introduction 

Forest ecosystems are sensitive to anthropogenic air pollution, with sulfur dioxide (SO2) 

and ozone (O3) causing more damage to plants than all other air pollutants combined 

(Kozlowski, 1980). The gases are absorbed by trees through the stomata and may cause 

visible and/or invisible injuries (Kozlowski, 1980). Total sulfur (S) concentration in pine 

needles was found to be a good indicator of SO2 concentrations in ambient air (Manninen 

et al., 1991). In contrast to lichens (Chapter 7), trees take up sulfur from both the 

atmosphere and soils (Winner et al., 1978). Hence both atmospheric and pedospheric 

sources have to be considered, although sulfur concentrations in leaves tend to be more 

influenced by direct uptake of ambient SO2 as opposed to sulfate (SO4) uptake by roots 

(Cape, 2009). Conifers that absorb gaseous SO2 store the sulfur in the form of sulfate 

rather than organic S compounds (Sorg) (Kaiser et al., 1993). During root uptake, S is 

mostly taken up from the soil as SO4 and is subsequently reduced within the tree and 

incorporated into Sorg (Tausz, 2007). However, in the case of an over-supply of SO4, e.g. 

due to high sulfur atmospheric deposition, the tree may not be able to convert all SO4 into 

Sorg, resulting in an accumulation of inorganic sulfur in the plant tissue. Hence both S 

uptake pathways, via leaf absorption or root uptake, appear to result in an accumulation 

of SO4 within the plant. The ratio of total inorganic sulfur (SO4-S) in the pine needle to 
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Sorg has been suggested as an effective indicator for S stress (Legge et al., 1988). Legge et 

al. (1988) found ratios of 0.29 at background sites to ratios of 0.88 at the site with highest 

sulfur loading in the vicinity of a sour gas plant in Alberta, Canada. 

S metabolism is different for different plant species. For some species, S reduction may 

preferentially occur in older needles because enzyme activity for sulfur reduction is low 

in young needles (Tausz, 2007). Hence, young needles receive reduced sulfur from older 

needles (Tausz, 2007). The rate of aerial SO2 absorption depends on the concentration 

gradient inside the leaf and stomata aperture, but younger leaves are more sensitive to 

atmospheric SO2 concentrations compared to older ones (Kozlowski, 1980). It therefore 

stands to reason that needles collected from the same and most recent growth year of the 

same tree species are most suitable for S impact studies. 

The uptake of sulfur by conifers may also depend on the nitrogen (N) balance of the tree 

(Manninen and Huttunen, 2000). For example, in nutrient poor northern forest 

ecosystems, comparatively low atmospheric nitrogen dioxide (NO2) and ammonia (NH3) 

concentrations can contribute significantly to the nitrogen content of the plant and/or its 

growth potential (Manninen and Huttunen, 2000; Cape, 2009). Increasing biomass 

growth due to a higher availability of N may also cause a dilution of the N content within 

the plant (Cape, 2009 and references therein). Pedospheric N sources are organic N (e.g. 

amino acids), ammonium (NH4) and nitrate (NO3). Nitrogen uptake strongly depends on 

the species, e.g. pine trees and spruce trees were found to respond differently to elevated 

NO2 concentrations (Manninen and Huttunen, 2000). 
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In addition to the determination of S and N contents, the isotopic composition of total 

sulfur and total nitrogen in tree needles may provide information about the sources of tree 

S and N (Krouse, 1977; Winner et al., 1978; Ammann et al., 1999). δ34S values of total S 

in the youngest needles had the same values as SO2 emissions near a sour gas processing 

plant in Alberta, Canada, whereas older needle years showed lower δ34S values (Winner 

et al., 1978). Winner et al. (1978) also found differences in δ34S values with tree height. 

Ammann and co-authors (1999) were able to estimate plant uptake of NO2 derived from 

vehicle emissions by determining δ15N values of nitrogen in pine needles. They observed 

a trend towards higher δ 15N values closer to a highway in Switzerland due to nitrogen 

emissions from vehicles enriched in 15N. 

The objective of this study was (a) to determine the total S content and [SO4-S]/[Sorg] 

ratios of pine and spruce needles in the AOSR sampled in 2008, and (b) to evaluate 

whether [SO4-S]/[Sorg] ratios combined with δ 34S values are suitable early warning 

parameters for indicating S stress in forest ecosystems. In addition, total nitrogen and 

δ15N values of pine and spruce were determined to investigate whether the chemical and 

isotopic compositions of nitrogen elucidate environmental impacts of elevated nitrogen 

deposition in the AOSR. 

 

8.2 Experimental 

In August and September 2008, pine needles from jack pine trees (Pinus banksiana) were 

sampled at twenty ecological analogous sites (EW08192, EW08186, EW08045, 

EW08052, EW08155, EW08008, EW08216, EW08395, AH 3, AH 7, AH 8R, JPH2, 
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JPH4, JPL1, JPL7, 205, 210, 212, 213, AMS 12). At the site JPH4, pine needles within 

the stand and at the edge of the stand (JPH4 edge) were collected. In addition, needles of 

black spruce were sampled at 5 sites (AMS 2, AMS 9, AMS 10, AMS 13, AMS 14), and 

needles of white spruce were collected at two sites (AMS 11, 65B27) (Figure 8.1). 

Needles were sampled from the most recent growth year (2008) from five different trees 

per site. The needles were dried and ground for the analysis of δ 34S of total S, δ15N of 

total N, total N content, total S content, and SO4-S concentrations. The total sulfur 

content in each ground foliage sample was determined using a Leco elemental sulfur 

analyzer at Pacific Soil Analysis Inc. (Vancouver, British Columbia). Foliar inorganic 

sulfur content (SO4-S) was determined according to the method of Johnson and Nishita 

(1952). The foliar organic sulfur content was calculated as the difference between the 

foliar total S content and the foliar inorganic S content. δ34S of total S was determined by 

the Parr-bomb technique followed by isotope ratio mass spectrometry. Approximately 10 

mg of ground pine needle material was used for the determination of δ15N values of total 

N and total N content. For a detailed description of the analytical methods see Chapter 3. 

Average values and standard deviations were calculated from data for needle samples 

from the 5 trees per site per growth year. 

To investigate to what extent soil is a source of sulfur for pine trees, samples from the 

organic top-soil layer and the uppermost mineral horizon were taken at 18 sites (AMS1, 

AMS 2, AMS 5, AMS 6, AMS 9, AMS 10, AMS 11, AMS 12, AMS 13, AMS 14, AMS 

15, SYN1, AH3, 65B27, JPL1, JPL7, 205, 210) in August and September 2008 and 

analyzed for δ34S of total sulfur. Litter samples were analyzed for δ34S of total S using the 
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Parr-bomb technique, whereas total S in the mineral soil was extracted with Br2 and 

HNO3 (for details see Chapter 3). 

 

 

Figure 8.1: Map of early warning sites (EW), air monitoring sites (AMS), other pine 

needle sampling sites (white circles), and towns (red circles, Fort McMurray and 

Fort McKay). The grey shaded areas are open pit mining sites as of 2008. 
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8.3 Results 

8.3.1 Jack Pine Needles 

The site averaged total sulfur content of jack pine needles ranged from 720±45 ppm to 

1136±166 ppm and there was no trend of total S content with distance (Figure 8.2a). Pine 

needles from the edge of the stand at JPH4 had slightly elevated total S contents 

(1070±94 ppm), but these were not significantly higher compared to those of needles 

collected within the stand at JPH4 (1074±98 ppm). The site averaged ratios of SO4-S to 

Sorg varied between 0.07±0.03 and 0.33±0.09 (Figure 8.2b). Needles from the edge of the 

stand at JPH4 had a similar SO4-S to Sorg ratio (0.16±0.08) compared to needles from the 

interior of the stand (0.17±0.05). Again, there was no trend of SO4-S to Sorg ratios with 

distance, although higher values (>0.2) typically occurred within 60 km distance to the 

oil sands operations (except for EW08155 at 113 km with 0.32). 

Site averaged δ 34S values of total sulfur in jack pine needles ranged from 2.7±0.5‰ 

(AMS 12, 13 km) to 11.8±2.8‰ (Figure 8.2c), with the highest average δ 34S value 

observed at the edge of JPH4. The δ34S value of pine needles within the stand at JPH4 

was lower, 8.6±1.6‰. There was no trend of δ34S values with increasing [SO4-S]/[Sorg] 

ratios (Figure 8.2d). 

Site averaged total nitrogen contents ranged from 0.8±0.1% to 1.5±0.1% (Figure 8.3a). 

Average δ15N values of total nitrogen varied between -5.6±0.7‰ and -0.1±0.7‰ (Figure 

8.3b). There was no difference between total N content at JPH4 edge (1.1±0.1%) and 

JPH4 interior (1.3±0.2%). However, JPH4 edge pine needles tended to be more depleted 

in 15N (δ15N= -4.5±0.9‰) compared to needles within the stand (δ15N= -2.0±1.3‰). For 
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both total N content and δ15N values, there was no trend with distance, and there was also 

no significant correlation between δ15N values and total N content (Figure 8.3c).  

 

8.3.2 Black Spruce and White Spruce Needles 

Needles from black spruce and white spruce varied in total S contents from 756±97 ppm 

to 1074±65 ppm (Figure 8.2e). The highest site averaged total S content was observed 

closest to the oil sands operations (AMS 2), only 3 km from one of the major emission 

stacks, and the lowest total S content was observed at the site farthest distant (AMS 14, 

74 km). There was a significant trend towards lower total S contents with increasing 

distance (r2=0.87). Average [SO4-S]/[Sorg] ratios ranged from 0.19±0.13 to 0.76±0.33 

(Figure 8.2f). The two lowest average [SO4-S]/[Sorg] ratios (0.19 and 0.26) were observed 

at the two sites farthest away from the oil sand operations (65B27, 55 km, and AMS 14, 

74 km) and ratios >0.26 were only observed within 27 km distance from the major 

emission sources. The highest [SO4-S]/[Sorg] ratio was observed at AMS 13 (13 km). 

Average δ 34S values of total S varied from -3.5±1.1‰ (65B27, 55 km) to 5.0±0.4‰ at 

the site AMS 10, in 27 km distance to the oil sand operations (Figure 8.2g). Figure 8.2h 

shows that there was a weak trend towards higher δ34S values with increasing [SO4-

S]/[Sorg] ratios (r2=0.28). 

The site averaged total N contents of spruce needles versus distance to one of the major 

emission stacks are shown in Figure 8.3d. The highest average nitrogen content 

(1.1±0.1%) was observed closest to the oil sand operations at AMS 2 (3 km). Within 18 

km distance, there is a decrease in total N content (as low as 0.7±0.2%). Further distant 

sites (27 km, 55 km and 74 km) have average total N contents between 0.8±0.2% and 
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1.1±0.1%. δ15N values of total nitrogen in spruce needles varied between -5.0±1.9‰ 

(AMS 10, 27 km) and -0.7±0.8‰ at the furthest distant site (AMS 14, 74 km) (Figure 

8.3e). There was no clear trend of δ15N values versus total nitrogen content (Figure 8.3f). 
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Figure 8.2: Site averaged (mean±SD) total S content (a, e), [SO4-S]/[Sorg] ratios (b, 

f) and δ 34S values of total S (c, g) in jack pine needles (left) and spruce needles 

(right) versus distance. There was a slight trend towards higher δ 34S values with 

increasing [SO4-S]/[Sorg] ratios (h) for spruce needles, but not for jack pine needles 

(d). The grey bar represents δ 34S values of atmospheric sulfate background 

deposition. 
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Figure 8.3: Site averaged (mean±SD) total N content (a, d) and δ15N values of total 

nitrogen (b, e) for jack pine needles (left) and spruce needles (right) versus distance. 

There was no correlation between the two parameters (c, f) for spruce nor for pine 

needles. The grey bar in (b) and (e) represents δ15N values of summer 2008 

atmospheric nitrate and ammonium background deposition. 
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8.3.3 Sulfur in Soil Samples 

Total S in mineral soil horizons (n=18) had δ34S values between -13.0 and +6.0‰. Sulfur 

in the organic top-soil layer had δ34S values on average 3.1‰ higher compared to those 

of mineral soil samples, varying between +1.2 and +6.4‰ (n=14). There was no clear 

trend of δ34S values with distance (Figure 8.4). 

 

Figure 8.4: δ34S values of total S in the organic litter and in the mineral soil versus 

distance to the oil sand operations. The grey bar represents δ34S values of 

atmospheric sulfate background deposition. 

8.4 Discussion

The total sulfur contents in jack pine needles are similar to those of spruce needles (on 

average 924±105 ppm and 936±110 ppm, respectively), similar to total S contents in 

spruce and pine needles observed in northern conifer stands in Finland (Manninen and 
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Huttunen, 2000). Black and white spruce needles showed a trend of decreasing total S 

content with increasing distance to the oil sand operations (r2=0.87), whereas jack pine 

needles appeared to have rather constant total S contents with distance. [SO4-S]/[Sorg] 

ratios in jack pine needles were generally <0.4, whereas site averaged [SO4-S]/[Sorg] 

ratios in spruce needles were as high as 0.76±0.33 (AMS 13, 13 km), with ratios >0.4 

observed at sites within 27 km from the emission sources. This indicates that spruce trees 

may be more sensitive to elevated sulfur loads resulting in increasing total S contents in 

recent growth pine needles within 27 km of the oil sands operations. In a study in 

Finland, pine needles were found to be more indicative of atmospheric SO2 changes 

compared to spruce because stomatal SO2 uptake by pine needles is more abundant 

compared to spruce (Manninen and Huttunen, 2000). However, Manninen and Huttunen 

(2000) also found lower [SO4-S]/[Sorg] ratios for pine needles compared to spruce under 

NO2+SO2 fumigation experiments, because the mature pine trees were very efficient in 

assimilating sulfate from SO2 into organic sulfur. Total S contents and [SO4-S]/[Sorg] 

ratios of pine needles from the edge of JPH4 were identical to those of pine needles 

collected within the stand at JPH4, although this site is only 14 km from one of the major 

emission stacks. This seems to confirm that pine trees are very effective in coping with 

elevated SO2 concentrations. Total S content and [SO4-S]/[Sorg] ratios in spruce needles 

may therefore be a better indicator of elevated ambient SO2 concentrations than pine 

needles.  

δ34S values of total sulfur in conifer needles differed significantly between species. δ34S 

values of spruce needles varied between -5 and +5‰ with the lower values occurring in 

white spruce needles, whereas pine needle δ 34S values typically varied between +5 and 
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+15‰. Highest δ 34S values were observed in jack pine needles at the edge of JPH4. 

Sulfate in PM2.5 emissions from two stacks in the AOSR was characterized by δ 34S 

values of 7.3±0.3‰ (Stack A) and 9.4±2.0‰ (Stack B) (Chapter 4). δ34S values for 

background atmospheric sulfate at deposition rates <1.4 kg S ha-1 in the AOSR were 

identical to δ 34S values at high sulfate deposition rates >10 kg S ha-1 with circa +5‰ 

(Chapter 6). Organic litter δ34S values ranged from 1.2 to 6.4‰. δ34S values of sulfur in 

mineral soil were typically below ~5‰ and as low as -13.0‰, providing a source of 

sulfur with low δ 34S values. This indicates that sulfur in spruce needles may be 

predominantly derived from soil sulfur. Although some pine and spruce species may have 

equal SO4 root uptake rates (Manninen and Huttunen, 2000), jack pine δ34S values were 

higher than those of soil sulfur, atmospheric sulfate deposition, and particulate sulfate 

emissions, indicating a process resulting in 34S enrichments in pine foliage. Stomatal SO2 

uptake by pine needles is more abundant compared to spruce needles and pine trees are 

effective in reducing foliar S via re-emission of H2S (Manninen and Huttunen, 2000). 

Measured H2S emissions of Scotch pine in a study in Germany were 18 times higher 

compared to H2S emissions by Blue spruce and Norway spruce twigs (Kindermann et al., 

1995). H2S emissions are typically depleted in 34S resulting in the accumulation of 34S in 

the pine needles, indicated by elevated δ34S values as observed in jack pine needles in the 

AOSR. Sulfur stress of pine trees that leads to increasing emissions of reduced S from the 

tree foliage is therefore reflected by increasing δ34S values, higher than those of industrial 

emissions. This makes δ 34S values of total S in pine needles an excellent indicator of 

elevated atmospheric S inputs. This hypothesis is confirmed by the fact that pine needles 
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from the edge of JPH4 are likely more exposed to ambient SO2 or atmospheric sulfate 

deposition compared to needles within the stand and have the highest δ34S values of total 

S. 

The ranges of total N contents in pine (0.7±0.2% to 1.1±0.1%) and spruce needles 

(0.8±0.1% to 1.5±0.1%) were comparable, with slightly higher values observed for pine 

needles. Pine needle N contents appear rather constant with respect to distance to the oil 

sand operations, whereas total nitrogen contents in spruce increased slightly in close 

proximity (<18 km) to the oil sand operations. Site averaged δ15N values of total nitrogen 

in pine and spruce needles varied between -5.6‰ and -0.1‰ and δ 15N values did not 

show a trend with distance or total N content. δ 15N values of nitrate in stack emitted 

PM2.5 was characterized by elevated δ 15N values of 9.4‰ (Stack A) and 16.1±1.2‰ 

(Stack B) indicating that these emissions were significantly enriched in 15N compared to 

the feedstock materials (~2.5‰), by-products of upgrading (-0.3 to 1.3‰), and 

atmospheric N2 (0‰). Ammonium in PM2.5 showed a large range of δ 15N with values 

between -4.5 to +20.1‰ (Chapter 4). δ15N values of atmospheric nitrate and ammonium 

deposition were elevated within 30 km distance to one of the major emission stacks 

(Chapter 5), up to 6.3‰ for δ 15N-NO3 and up to 11.3‰ for δ 15N-NH4. Although there 

was a trend towards higher δ15N values in spruce needles between 27 and 3 km distance 

from the emission stack, high δ15N values as observed for nitrate or ammonium of PM2.5 

and atmospheric nitrate and ammonium deposition in close proximity to the oil sands 

operations were not observed in total nitrogen of conifer foliage. δ 15N values of 

atmospheric nitrate and ammonium deposition in summer at background deposition 

levels were -3.2±1.5‰ and -3.6±0.9‰, respectively (Chapter 5), similar to δ 15N values 
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observed in total nitrogen of conifer needles. This suggests that forest ecosystems in the 

AOSR are N-limited and all available N is taken up by vegetation, allowing little or no 

room for isotope fractionation. However, gaseous NOx emissions were not determined for 

δ15N values in the AOSR and may constitute a major source of nitrogen for conifer 

needles (Manninen and Huttunen, 2000).  

 

8.5 Conclusion 

Total S contents and [SO4-S]/[Sorg] ratios of pine needles appear to be less suitable as 

indicators of S stress because of the effectiveness in transferring inorganic S to organic S 

and the ability to emit reduced S compounds under S stress. If only total S contents and 

[SO4-S]/[Sorg] ratios are determined, spruce needles appear to be a better indicator of S 

loading because of the accumulation of SO4 in foliage under S stress. However, due to 

the re-emission of reduced sulfur compounds by pine trees resulting in elevated δ34S 

values of total S in foliage, the sulfur isotopic composition of pine needles appears to be a 

sensitive indicator of S loading. Hence, it is concluded that δ34S values are suitable as an 

early warning parameter of S impacts on vegetation. It is recommended that future 

sampling of pine needles for the determination of concentrations and isotopic 

compositions of S compounds should be conducted on the edge of stands, and possibly 

on pine seedlings that are more sensitive to air pollution (Kozlowski, 1980; Manninen 

and Huttunen, 2000). 
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Both total N contents and δ15N values in conifer needles were not found to be indicative 

of impacts of elevated N loads to the environment at the current N deposition rates in the 

AOSR. 
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CHAPTER NINE: TRACING THE FATE OF NITROGEN AND SULFUR 

DEPOSITION USING PLANT ROOT SIMULATOR PROBES 

 

9.1 Introduction 

Industrial activities in the Athabasca oil sands region (AOSR) in northeastern Alberta, 

Canada, are associated with significant releases of nitrogen (N) and sulfur (S) to the 

atmosphere. This has raised the concern of acid deposition impact on terrestrial and 

aquatic ecosystems, in particular on acid sensitive soils (Whitfield et al., 2010c; Whitfield 

et al., 2010d; Jung et al., 2011). Atmospheric ammonium (NH4) deposition rates exceed 

nitrate (NO3) deposition rates in the AOSR (Chapter 5). Ammonium can be extremely 

acidifying when it is transferred into nitrate in the soil zone (nitrification) due to its 

proton release (2NH4
++3O2→2NO3

-+8H+) (Allen, 2004). Understanding nutrient 

retention and cycling of N and S compounds in soils in the AOSR is therefore crucial for 

estimating critical N and S loads. The isotopic compositions of industrial emitted and 

atmospherically deposited nitrate, ammonium and sulfate determined for the AOSR 

(Chapter 4, 5 and 6) showed isotopically distinct signals, particularly for δ 18O-NO3, 

Δ17O-NO3, and δ15N of nitrate and ammonium. Tracing the fate of isotopically distinct 

NO3, NH4 and SO4 inputs in the soil requires the determination of N and S isotope ratios 

of seepage water N and S.  

Recent advancements of ion exchange materials allow for a less laborious investigation 

of nutrient cycling in soils compared to conventional sampling techniques such as soil 
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sampling followed by extraction of nutrients. Ion exchange membranes are increasingly 

used for soil nutrient studies, particularly of nitrogen (Hangs et al., 2004; Drohan et al., 

2005; Johnson et al., 2005; Qian and Schoenau, 2005; Rowland et al., 2009). Direct 

concentration measurements of N and S compounds in soil water extracts are sometimes 

challenging due to low N and S abundances in nutrient poor soils. Soil sampling is labour 

intensive, and in situ soil water sampling e.g. with lysimeters can be expensive. Nitrate 

concentrations in soil water may be insufficient for analysis of the nitrogen (δ15N-NO3) 

and oxygen (δ18O-NO3) isotopic composition of nitrate in soil water extracts. The 

analysis of nitrogen isotope ratios of ammonium (δ15N-NH4) requires even higher 

amounts of N (150 µg N) compared to the analysis of δ 15N of nitrate (0.042 µg N). 

However, N and O isotope ratios of nitrate and N isotope ratios of ammonium may reveal 

additional information about sources, the fate and transformation processes of 

atmospherically deposited nitrogen in the biosphere-pedosphere-hydrosphere system. 

NO3-N and NH4-N may be taken up by plants or micro-organisms and is consequently 

bound up in organic matter. The reverse transformation of organic N (Norg) into inorganic 

N is called mineralization that includes the process of ammonification (Norg→NH4
+). In 

aerated soils, microbial oxidation of ammonium to nitrate may follow (nitrification, 

NH4
+→NO3

-) (Allen, 2004). 

Plant root simulator (PRS) probes (Western Ag Innovations) are ion exchange 

membranes that can be easily inserted into the soil zone. PRS probes have been 

successfully tested for isotope analyses on soil water sulfate (SO4
2-) (Kwon et al., 2008). 
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The probes allow sampling over longer time periods to increase the amount of nitrogen 

and sulfur ions on the probes in order to achieve sufficient yields for isotope analyses. 

The objective of this study was (a) to investigate the usefulness of anion and cation PRS 

probes (Western Ag Innovations) for the collection of soil water nitrate, sulfate and 

ammonium in the AOSR for subsequent isotope analyses, and (b) to investigate the fate 

of deposited atmospheric N and S deposition in the soil zone. 

 

9.2 Study Area 

The undisturbed landscape of the Athabasca Oil Sands Region is characterized by a 

mosaic of bogs, fens and upland boreal forests (jack pine, spruce, aspen). In total, nine 

ecological analogue upland forest sites (AMEC, 2001) established by D. Jaques (Ecosat 

Geobotanical Surveys Inc.) were selected for the installation of anion and cation PRS 

probes: five sites established in 2008 (EW08045, EW08052, EW08155, EW08186, and 

EW08216) and four sites established in 2009 (R9055, R9065, R9195, and R9221). 

However, two of the sites (R9221 and R9195) were destroyed in spring 2011 by forest 

fires. Figure 9.1 shows the sampling site locations. One of the major emissions stacks in 

the AOSR was used as a central marker to calculate distances between sites and oil sands 

operations. Four sampling periods were investigated: 26 September 2009 to 29/30 July 

2010 (10 months), 29/30 July 2010 to 1/3 October 2010 (2 months), 29/30 July 2010 to 

27 May 2010 (10 months), and 1/3 October 2010 to 27 May 2010 (8 months). The upland 

forests often grow on an eluviated Dystric Brunisol according to the Canadian system of 

soil classification consisting mostly of sand (Soil Classification Working Group, 1998). 

The organic top-soil layer was typically <2cm. Eluvial Ae horizons were characteristic 



173 

 

for this region and varied in depths between sites, followed by Bfj or Bm horizons 

(Figure 9.2). 

 

 

Figure 9.1: Map showing PRS sampling site locations (white circles) and towns 

(black boxes). The grey shaded areas represent oil sands open pit mining sites as of 

2008. 
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9.3 Methods 

9.3.1 Plant Root Simulator Probes 

Because soil water nitrate concentrations were expected to be low in the AOSR, the 

probes were installed in the field for 2 to 10 months, depending on season and 

accessibility of the sites. Three anion and three cation probes were used at each of the 

nine sites. The probes are 15 cm long and have a total membrane surface of 17.5 cm2 

(including exposure of both sides). The cation probes are saturated with sodium (Na+) 

ions and the anion probes use bicarbonate (HCO3
-) as counter-ions. PRS probes were 

inserted in a ~45° angle into the soil or horizontally installed in soil pits (site EW08155 

and EW08052) at a depth of 10-20 cm below the litter and sometimes below the Ae 

horizon (Figure 9.2). All probes were inserted into the well-drained sandy upper soil zone 

at upland forest sites well above the water table. After removal of the PRS probes, soil 

remnants were carefully brushed off and the probes were rinsed with deionized (DI) 

water to eliminate any contaminant or soil residue on the probe. Sometimes not all PRS 

probes were found and retrieved in the field due to either human or animal disturbances, 

or were found on the soil surface. Probes found outside the soil zone were treated 

separate from probes retrieved from the soil zone. In the laboratory, the retrieved probes 

were immersed in 17.5 ml of 0.5 M HCl per probe in zip loc bags as recommended by 

Western Ag Innovations, and left overnight to allow complete ion exchange. All probes 

from one sampling site (up to three probes) were eluted in one bag. The probes were 

retrieved, rinsed with DI water, before being soaked in a second 0.5 M HCl bath to test 

whether all ions were retrieved during the first elution. As the chloride peak interferes 

with the nitrate peak on the ion chromatograph system, ~5.3 g of AgO2 was added to the 
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solutions to precipitate AgCl2 (Silva et al., 2000; Houtun et al., 2007). Adding the AgO2

also neutralized the HCl solution to a pH of 5.5, which is desirable for N and O isotope 

analyses using the denitrifier method. The silver chloride precipitate was removed by 

filtration through 0.1 µm Millipore filters (type VC) and the remaining solutions were 

analyzed for nitrate, sulfate and ammonium concentrations followed by isotope ratio 

analyses. 

 

Figure 9.2: Soil profile of the upper 20 cm of the soil (left). PRS probes were 

installed horizontally in soil pits (middle) or inserted in a ~45° angle from the 

surface (right). 

9.3.2 Soil extractions 

The suitability of PRS probes for the collection of soil nitrate and subsequent isotope 

analyses has not been investigated in the literature. Therefore, soil samples were taken 

from the mineral horizon at each site to compare the PRS isotope results to the isotopic 

composition of nitrate in soil extracts. Two soil extraction ratios were tested using DI 
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water: 10 g of fresh soil were used for soil extractions using a 1:5 ratio (w:v) of sample 

and DI water, and a second test using 20 g of fresh soil and a 1:2 ratio (w:v) of sample 

and DI water. Other recommended extractants include 2 M KCl especially if NH4 is of 

interest in clayey soils (Maynard and Karla, 1993), but water extracts are reported to be 

suitable for extraction of NO3 (Wheatley et al., 1989). The samples were shaken for 2 

hours, filtered with 0.45 µm pre-rinsed Millipore filters and analyzed for nitrate 

concentrations on an ion chromatograph. 

 

9.3.3 Concentration and Isotope Analyses 

Nitrate (NO3
-), sulfate (SO4

2-) and ammonium (NH4
+) ion concentrations were analyzed 

on PRS probe extracts and soil extracts using a Dionex ICS-2000 ion chromatograph 

(IC). Three blanks were included for concentration analysis (Table 9.1). 

Nitrogen and oxygen isotope ratios (δ15N, δ 18O) of nitrate were analyzed on an isotope 

ratio mass spectrometer (IRMS) using the bacterial denitrifier method (Sigman et al., 

2001; Casciotti et al., 2002). This method requires ~30 µmol NO3-N that is converted into 

N2O by the denitrifier strain Pseudomonas aureofaciens. Results are reported in the 

internationally accepted δ notation defined as 

δ sample (‰) = [(Rsample/Rstandard)-1]×1,000      (9.1) 

where R is the 15N/14N or 18O/16O ratio of the sample and a standard respectively. δ 15N 

values are reported relative to AIR and δ 18O relative to Vienna Standard Mean Ocean 

Water (VSMOW). The international reference materials IAEA KNO3 and USGS 34, and 
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in-house laboratory standards were used to ensure accuracy and long-term external 

precisions of ±0.5‰ and ±1.0‰ for δ15N and δ18O values of nitrate, respectively. 

Sulfur isotope ratios (δ34S) of sulfate were determined on BaSO4 precipitated from the 

samples. BaCl2 (10%) was added in excess and the resulting BaSO4 precipitate was 

filtered, rinsed with deionized water, and dried. Approximately 250 µg of BaSO4 

precipitate were weighed into tin cups. Niobium pentoxide was added to enhance the 

combustion of the samples that were analyzed by continuous flow-isotope ratio mass 

spectrometry (EA-CF-IRMS), using a Carlo Erba NA 1500 elemental analyzer (EA) 

interfaced to a VG PRISM II mass spectrometer (Giesemann et al., 1994). δ34S values are 

reported relative to Vienna Canyon Diablo Troilite (V-CDT). The standards NBS 127 

(δ34S=+21.1‰), IAEA S05 (δ34S=+0.49±0.11‰) and IAEA S06 (δ34S=+34.05±0.08‰) 

were used resulting in precisions of ±0.3‰ for δ34S values of sulfate. δ18O-SO4 could not 

be determined due to unidentified contamination issues, possibly from the AgO2. δ15N of 

ammonium was not determined because ammonium concentrations in cation PRS 

extracts were undetectable. 

 

9.4 Results 

9.4.1 Concentration data 

It appears that some nitrate contamination can occur during the sample preparation (Table 

9.1). Further blank tests showed that up to 0.44 mg/L NO3 may be introduced if the IC 

vial is not rinsed three times with the sample solution. Another 0.42 mg/L can be 

introduced by certain filter papers if not pre-rinsed (0.1 µm Millipore filter tested). 

Therefore, low nitrate concentrations have to be interpreted with caution. Up to 1.5 mg/L 
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NO3 was still retrieved from the second elutions of the PRS probes. However, due to high 

blanks, nitrate may have been added during sample preparation rather than being eluted 

during the second elution step. Further refinements of the lab procedures are necessary to 

improve the concentration analyses of nitrate at low concentration levels. 

 

Table 9.1: Three blanks were included in the concentration analysis to test possible 

nitrate and sulfate contamination at low concentration levels. 

Blank: NO3 (mg/L) SO4 (mg/L) 

3 anion probes, Ziploc bag, 0.5 M HCl, 5.3 g AgO2 0.85 Not determined 

No probes, Ziploc bag, 0.5 M HCl, 5.3 g AgO2 0.82 0.54 

No probes, Ziploc bag, 50 ml DI water, 5.3g AgO2 0.51 0.59 

 

The results of nitrate and sulfate concentration analyses are shown in Figure 9.3. None of 

the PRS probe elutions yielded enough ammonium for concentration analysis. The NO3 

and SO4 concentrations do not necessarily increase with exposure time (10, 8 and 2 

months), though the first sampling period of 10 months (Sept 2009 to July 2010) yielded 

the highest amounts of nitrate and sulfate. The 2 months sampling period over summer 

2010 also yielded sufficient concentrations of nitrate and sulfate for isotope analyses. 

This may be associated with seasonal climatic conditions. PRS ion exchange in the soil 

zone depends on soil moisture (Johnson et al., 2005) and precipitation amounts are 

highest during the summers in the AOSR (Environment Canada, 2011a). Nitrate 

concentrations in probe extracts are typically <8 mg/L. The highest NO3 concentrations 

(17 mg/L) were observed at two sites where probes were found outside of the soil zone 
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(R9055, EW08052). Sulfate concentrations ranged from 4.6 to 211.3 mg/L. Increased 

sulfate concentrations (>45 mg/L) were only found in PRS probe extracts from sites <50 

km distance to the emission stack.  

To test the suitability of PRS probes for isotope analyses of nitrate, soil samples were 

taken and extracted. However, none of the soil extractions yielded sufficient amounts of 

nitrate. NO3 concentrations were <0.6 mg/L and are probably due to the IC vial blank, 

because none of the samples resulted in a sufficient N2O peak at mass 44 on the IRMS. 
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Figure 9.3: Nitrate (a) and sulfate (b) concentrations for PRS probe extracts plotted 

versus distance from the emission stack (in km). 
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9.4.2 Isotopic Composition of Nitrate and Sulfate 

Figure 9.4 shows δ 15N-NO3 (a) and δ18O-NO3 values (b) of nitrate and δ34S-SO4 values 

(c) of sulfate eluted from the PRS probes versus distance to one of the major emission 

stacks. δ 15N-NO3 values range from +1.0 to +5.3‰ and are in the typical range of soil 

water nitrate (Kendall, 1998). δ15N values of nitrate >+3.9‰ only occur within 45 km of 

the emission stack. The highest δ15N-NO3 value (+5.3‰) was observed at the site closest 

to the emission stack (EW08186, 13 km). The lowest δ 15N-NO3 value (+1.0‰) was 

observed at EW08045 (39 km). The most distant site had a δ 15N-NO3 value of +3.1‰ 

(EW08155, 119 km, soil pit). δ 18O-NO3 values ranged between +2.4 and +27.8‰ 

(excluding probes found on soil surface). The highest δ18O-NO3 value was found for soil 

nitrate at the site EW08186. The lowest value (+2.4‰) was observed at the site 

EW08216 (75 km), and the most distant site (EW08155, 119 km, soil pit) showed a δ18O-

NO3 value of +5.7‰. 

δ34S-SO4 values varied between +3.2 and +6.1‰, with the lowest value observed at the 

site R9055 (15 km) and the highest value occurring at EW08216 (75 km). Sulfate 

amounts at the most distant site at 119 km (EW08155) were insufficient for isotope 

analysis.  

δ15N-NO3, δ18O-NO3 and δ34S-SO4 values of nitrate and sulfate eluted from PRS probes 

installed horizontally in a soil pit (3.1‰, 5.7‰, and 4.8‰, respectively) were similar to 

those obtained from PRS probes inserted in a ~45° angle. 
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Figure 9.4: δ15N-NO3 (a), δ18O-NO3 (b) and δ34S-SO4 (c) versus distance (km). The 

circled data points represent results from PRS probes that have been found outside 

of the soil. 
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9.5 Discussion 

Figure 9.5a shows that there is a trend towards higher δ 15N values with higher NO3 

concentrations, excluding results from probes found outside of the soil zone. δ15N values 

of nitrate yield a straight line when plotted versus 1/[NO3] indicating the mixing of nitrate 

from two sources (Mariotti et al., 1988; Kendall, 1998). Figure 9.5b shows that this is the 

case for δ15N values of nitrate from PRS probes (r2=0.68). High NO3 concentrations are 

associated with δ 15N values >3.9‰, and low NO3 concentrations with low δ 15N values 

(~+1‰). Nitrate in PM2.5 emitted from two stacks in the AOSR had elevated δ15N values 

of 9.4‰ (Stack A) and 16.1±1.2‰ (Stack B) compared to the feedstock materials 

(~2.5‰), by-products of upgrading (-0.3 to 1.3‰), and atmospheric N2 (0‰). δ 15N 

values of ammonium in PM2.5 varied between -4.5 to +20.1‰ (Chapter 4). δ15N values of 

atmospheric nitrate and ammonium deposition were elevated within 30 km distance to 

one of the major emission stacks (Chapter 5), up to 6.3‰ for δ15N-NO3 and up to 11.3‰ 

for δ15N-NH4 indicating industrial derived nitrogen, whereas δ15N values of atmospheric 

nitrate and ammonium at background deposition levels (summer 2008) were -3.2±1.5‰ 

and -3.6±0.9‰, respectively (Chapter 5). The trendline in Figure 9.5b intersects the y-

axis at 5.6‰, suggesting industrial derived nitrate input characterized by high δ 15N 

values as a potential source. This indicates that industrial derived NO3 with high δ 15N 

values depositing close to the emission sources affects soil water nitrate reflected by 

slightly elevated δ15N values close to the oil sand operations (<45 km). At further distant 

sites (>45 km), lower δ 15N values of soil water nitrate indicate nitrate derived from 

nitrification in soils. The fact that no ammonium was extractable from PRS probes 

suggests complete nitrification, during which ammonium becomes oxidized to nitrate 
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(NH4
+→NO2

-→NO3
-). The oxidation of ammonium to nitrate is expected since all PRS 

probes were inserted in the sandy upper soil zone in upland forests well above the water 

table. Even though ammonium deposition exceeds nitrate deposition in the AOSR 

(Chapter 5), the PRS probe data show that all ammonium is converted into nitrate or 

taken up by plants and microbes within the first 10-20 cm of the soil zone in upland 

forests. This may be different for water-saturated peatlands (bogs and fens) in the AOSR. 

The δ18O values of soil water nitrate suggest two sources of oxygen (Figure 9.5c+d). 

Elevated δ18O values (+14.9 to +27.8‰, excluding probes found on soil surface) indicate 

contributions of atmospheric nitrate. Atmospheric nitrate in the AOSR had deposition 

weighted site averaged δ 18O values between 35.0 and 80.7‰ (Chapter 5). During 

nitrification, two oxygen atoms of nitrate are derived from ambient water and one from 

atmospheric O2 resulting in δ18O values of nitrate typically ranging between 0 and 15‰ 

(Hollocher, 1984; Mayer et al., 2001; Mayer, 2005). Hence, all δ18O values between +2.4 

and +10.0‰ are indicators of nitrate derived from nitrification. 

Slightly elevated δ 15N-NO3 values (>3.9‰) of nitrate eluted from PRS probes were 

observed in close proximity to the emission stack (<45 km) with the highest δ 15N-NO3 

value (+5.3‰) observed at the site closest to the emission stack (13 km), indicative of 

industrial derived nitrate. δ 18O-NO3 values of stack emitted PM2.5 were typically low 

(17.6±1.8‰ for Stack B). Atmospheric nitrate at high deposition rates also converged at 

rather low δ 18O values in close proximity to the oil sands operations compared to 

atmospheric nitrate at background deposition rates (~60 to ~80‰), indicating industrial 

derived nitrate (Chapter 4 and 5). δ18O-NO3 values of PRS extracts between +14.9 and 

+28.7‰ (observed at five sites, including probes found on soil surface) are therefore in 
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the range of industrial derived nitrate and atmospheric nitrate. Because industrial derived 

nitrate is also associated with elevated δ15N values, nitrate from PRS extracts with δ15N 

values >3.9‰ and δ18O values between +14.9 and +28.7‰ is characteristic for industrial 

derived nitrate. Nitrate from PRS extracts with δ 15N values <3.9‰ but δ 18O values 

between +14.9 and +28.7‰ is indicative of atmospheric nitrate. Figure 9.6 shows the 

results plotted in the δ 15N-NO3 versus δ 18O-NO3 diagram according to Kendall (1998). 

The plot constrains different sources of nitrate and processes affecting its isotopic 

composition. Most δ 15N-NO3 and δ 18O-NO3 values of the PRS probe extracts from the 

AOSR plot in the field typical for nitrate from nitrification in soils. Nitrate from five sites 

have elevated δ18O values suggesting contributions from atmospheric nitrate (δ15N values 

<3.9‰) and industrial derived nitrate (δ15N values >3.9‰). δ15N values >3.9‰ of nitrate 

from nitrification are also indicative of industrial derived nitrogen. Only nitrate from PRS 

extracts with low δ 15N values (<3.9‰) and low δ 18O values (<14.9‰) suggest no 

industrial input. 

δ34S values of soil water sulfate varied between +3.2 and +6.1‰ at low concentrations 

and converged at ~4‰ at high sulfate concentrations (Figure 9.5e+f). There is no 

significant trend of δ34S values versus 1/[SO4] (Figure 9.5f). The lowest value (+3.2‰) 

was found at the site R9055 (15 km) during the 2 months summer sampling period (30 

July 2010 to 1 October 2010). 34S depleted atmospheric sulfate deposition was found at 

three sites during summer 2008, at W1 (8 km, -3.9‰), Peat Pond (6 km, +0.3‰) and 

AMS 5 (12 km, +1.7‰) likely due to H2S emissions from tailing ponds (Chapter 6). This 

may affect soil sulfate at R9055 which is the site closest to the reported low δ34S values 

of atmospheric sulfate. However, other biogenic sources such as dimethyl sulfide (DMS) 
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from boreal wetlands may result in lower δ34S values during the warm summer month, as 

well as re-emission of soil sulfur (Nriagu et al., 1987; Novák et al., 2001). Industrial 

emitted sulfate in PM2.5 had δ34S values of 7.3±0.3‰ and 9.4±2.0‰ (Chapter 4). 

Atmospheric sulfate at high deposition rates in the AOSR had δ34S values around ~5‰ 

during the summer and ~6.2‰ during the winter. Atmospheric sulfate at background 

deposition levels had δ 34S values of ~4.3‰ during summer and ~5.4‰ during winter 

(Chapter 6). δ34S values of industrial derived sulfur are therefore not isotopically distinct 

and less suitable as tracers of industrial emissions. δ 34S values of sulfate from PRS 

extracts are in the same range as δ34S values in atmospheric sulfate but are not capable of 

differentiating between atmospheric and re-cycled sulfate. 
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Figure 9.5: δ15N-NO3 versus [NO3] (a) and the inverse nitrate concentration (b) 

suggests mixing of two sources. δ18O-NO3 values versus [NO3] (c) and versus 1/[NO3] 

(d) show that two oxygen sources are present at high concentrations. The highest 

sulfate concentration is associated with δ34S-SO4 ~4‰ (e), but δ34S-SO4 values are 

variable versus 1/[SO4] (f). Results from probes found outside the soil zone are 

excluded. 
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Figure 9.6: δ18O values plotted versus δ15N values of nitrate from PRS probe 

extracts, indicating three sources of nitrate, atmospheric nitrate, nitrate derived 

from nitrification, and nitrate impacted by industrial emissions. The data points in 

the red circle are results from probes found outside the soil zone, most likely 

capturing predominantly atmospheric nitrate. 

9.6 Conclusion 

PRS probes allow the collection of sufficient amounts of soil water nitrate and sulfate in 

the AOSR for isotope ratio analysis that was not possible by soil sampling followed by 

extractions. Hence, PRS probes are very useful in regions with nutrient poor soils or dry 
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climates if the probes are exposed over time. However, further investigations of N and O 

isotope fractionation during the ion exchange on the membrane are necessary to verify 

the use of PRS probes for nitrogen and oxygen isotope studies of soil water nitrate. 

Cation PRS probes installed in the AOSR did not yield detectable ammonium 

concentrations, indicating that ammonium has been converted to nitrate or taken up by 

plants and microbes. Low δ15N (+1.0 to +3.3‰) and low δ18O (+2.4 to +10.0‰) values 

of nitrate are in the typical range of δ 15N and δ 18O values of nitrate from nitrification. 

This suggests that atmospherically deposited NH4 and NO3 have been converted and 

recycled in the uppermost few centimetres of the soil zone. However, elevated δ15N 

values (>3.9‰) associated with elevated amounts of nitrate suggest industrial derived 

nitrate or ammonium with high δ15N values, in particular at the nearest site EW08186 at 

13 km distance. If associated δ18O values are high (14.9 to 28.7‰), the soil nitrate is 

likely derived from atmospheric nitrate. Elevated δ 15N values associated with low δ 18O 

values of nitrate indicate re-cycled nitrogen derived from industrial emissions. Hence, 

PRS probes are effective in tracking local industrial nitrogen loading to soils. The fact 

that no ammonium was detected at any site suggests nitrification of ammonium. Since 

this process is accompanied by the release of protons, elevated ammonium deposition in 

the AOSR (Chapter 5) followed by nitrification likely causes acidification of soils.  

δ34S values of soil water sulfate vary between +3.2 and +6.1‰, similar to δ 34S values 

found in atmospheric sulfate at high and background deposition rates in the AOSR 

(Chapter 6). Industrial derived sulfur is therefore not isotopically distinct. Hence, δ 34S 

values are less suitable as a tracer of industrial derived sulfur and atmospheric sulfate 

input into soils in the AOSR. 
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CHAPTER TEN: MOLYBDENUM ISOTOPES AS A TRACER OF 

ANTHROPOGENIC POLLUTION – METHOD OUTLINE AND APPLICATION 

 

10.1 Introduction 

The application of traditional stable isotopes (e.g. 15N, 14N, 34S, 32S, 18O, 16O) for 

anthropogenic pollution tracing may be challenging due to their natural abundances in 

terrestrial and aquatic ecosystems in case that pollutant sources are not isotopically 

distinct from background compounds. New tracers have to be found that are 

unambiguously associated with anthropogenic activities (Kelly et al., 2009; Kelly et al., 

2010; Dillon et al., 2011). Trace metals are not likely emitted in large amounts by natural 

processes and elevated trace metal concentration levels may therefore indicate industrial 

origin, although exceptions exist (Sanei et al., 2012). Hence, trace metals and their 

isotopes may be suitable tracers of anthropogenic pollution (Pearson et al., 2000; 

Thapalia et al., 2010; Gueguen et al., 2012). 

Recently, the molybdenum (Mo) isotope system has been investigated amongst other 

trace metal systems (e.g. Pb, Fe, Ni, Hg) as a novel tracer of biogeochemical processes. 

Some trace metals have already become useful tracers of anthropogenic air pollution (e.g. 

Pb, Zn in mosses) (Pearson et al., 2000). Molybdenum has seven stable isotopes, 92Mo, 

94Mo, 95Mo, 96Mo, 97Mo, 98Mo, and 100Mo, with somewhat similar relative abundances 

(Figure 10.1) (Coplen et al., 2002). Molybdenum is not very abundant in the earth’s crust 

(~1.5 ppm) but is transported into the ocean via weathering, where Mo accumulates in 

sediments and has become a useful tracer for paleo-oceanography studies (Anbar et al., 
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2007). Mo is transported predominantly as unreactive MoO4
2- (+VI), but reacts with H2S 

under anoxic conditions to particle-reactive thiomolybdates (MoO4-xSx
2-) (Kendall et al., 

2010) and further occurs as MoS4
2- under euxinic conditions (Barling et al., 2001; Arnold 

et al., 2004; Poulson Brucker et al., 2009). Its redox-sensitivity is associated with isotope 

fractionation. Under anoxic conditions, Mo is scavenged by oxides (Fe, Mn) resulting in 

an enrichment of the heavy Mo isotopes in the sediment (e.g. shale). Hence, Mo isotope 

ratios measured for carbonate and shale samples are used as a proxy for changes in fluid 

composition and the extent of anoxia in marine paleo-environments (Siebert et al., 2003; 

Arnold et al., 2004; Lehmann et al., 2007; Kendall et al., 2009; Voegelin et al., 2009; Duan 

et al., 2010). Since Mo is scavenged by Fe oxides it can therefore also be used as a tracer 

for subsurface fluid migration and freshwater lake systems (Malinovsky et al., 2007; Ryb 

et al., 2009). The overall observed range of isotope fractionation is ~2‰ depending on 

the ratio reported (e.g. δ97/95Mo), making accurate and precise determination of the Mo 

isotopic composition crucial. However, an international convention of a common Mo 

reference material is still missing. 

Although molybdenum is not very abundant in the environment, its occurrence in 

terrestrial and aquatic ecosystems is manifold. It plays a key role for many enzymes 

(Blaschke et al., 1991; Schneider et al., 1991; Schwarz et al., 2009) during nitrogen 

fixation (Zerkle et al., 2011), nitrogen reduction and other processes (Magalon et al., 

2011). It is also essential for plants and has been suggested as a fertilizer additive 

(applied at 0.04 kg/ha) (Bandyopadhyay et al., 2008). In form of molybdenum sulfide 

(MoS2) it is believed to be the most efficient catalyst for hydrocracking of e.g. bitumen 
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(Kennepohl and Sanford, 1996; Zekel et al., 2009). Molybdenum isotope ratios have also 

attracted the attention of scientists after isotopic anomalies were reported in 

extraterrestrial materials. The discussion of the heterogeneity of the solar system 

associated with nucleosynthesis is still ongoing (Nicolussi et al., 1998; Dauphas et al., 

2002; Yin et al., 2002; Birck, 2004; Fujii et al., 2006). Finally, an increase of Mo 

concentrations associated with the industrial revolution (the greatest increase amongst 

Mo, Co, Cr, and Sb) was observed in an ice core (Van de Velde et al., 1999), enhancing 

the potential of Mo concentrations as an indicator of industrial emissions. 

The objective of this study was the development and establishment of an analytical 

method and sample preparation technique for Mo concentration and isotope ratio 

measurements that was necessary to explore the potential of the Mo isotope system as a 

tracer of industrial activities in the Athabasca oil sands region (AOSR). Trace metals are 

of particular concern because of their toxicity and have been associated with industrial 

activities in the AOSR (Kelly et al., 2010). Because parts of the McMurray Formation are 

naturally exposed in the AOSR, it is difficult to differentiate between naturally derived 

trace metals and those released by industry. The development of a tracer that helps 

identifying sources of trace metals would be highly beneficial for assessing the impact of 

industrial derived trace metals on terrestrial and aquatic ecosystems in the AOSR.  

Different acid digestion techniques such as open vessel digestion, ashing, Carius tube and 

microwave digestion were tested. Because most current Mo studies involve geological 

samples, materials such as shales, basalts and meteorite samples were included in the 

tests. In order to investigate the potential of Mo concentrations and/or Mo isotope ratios 
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as a tracer of industrial emissions, three snow samples, five Teflon air filter samples, 

Athabasca oil sand, a coke sample (by-product from the bitumen upgrading) and two fly 

ash samples were analyzed for Mo concentrations, Mo isotope ratios or both. One snow 

sample was collected from a remote site in the Rocky Mountains (Mount Skoki) and two 

snow samples were collected near oil sand mining activities and one of the major 

emission stacks in the AOSR. Air filter samples were taken in Fort McMurray, 

University of Calgary Weather Station, Kananaskis Field Station, and near an aluminum 

smelter in Kitimat, British Columbia. No fly ash samples were available from 

electrostatic precipitators (ESP) used in the AOSR, but two samples from a coal-fired 

power plant in Alberta, Canada, were investigated. 

Figure 10.1: Natural relative abundances of molybdenum stable isotopes (Coplen et 

al., 2002). 
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10.2 Methods 

Recent developments in analytical techniques and instrumentation allow an accurate and 

precise determination of the isotopic composition of stable, non-traditional heavy 

isotopes. Multi-collector inductively coupled plasma mass spectrometry (MC-ICP-MS) is 

currently used for the determination of concentrations and isotope ratios of heavy 

elements with a wide range of applications. Compared to conventional gas source mass 

spectrometers, inductively coupled plasma mass spectrometers are able to ionize 

elements with high ionization potential. A series of collectors allow for the analyses of 

several isotopic ion currents at the same time (up to 9). Trace metals emerged to be of 

particular interest because of their potential toxicity in environmental systems and their 

yet to be investigated complexity and behaviour in a variety of natural systems. Because 

trace metals are typically of low abundance in the environment, sample preparation in 

clean room facilities is crucial in order to minimize the impact of the analytical blank. 

Sample preparation was carried out in a metal-free clean room facility in the isotope 

laboratory of the Department of Physics and Astronomy that is supplied by HEPA-

filtered air. All labware was pre-cleaned in dilute acid baths using ultra pure acids 

(Seastar) and rinsed with 18 MΩ deionized water prior to use. A common method for the 

determination of molybdenum concentrations at the ppm to ppb level is “double spiking” 

(Siebert et al., 2001; Wieser and de Laeter, 2009) or “element spiking” (Anbar et al., 

2001). For Mo isotope analyses, double spiking is suggested to be the most suitable 

technique because it corrects for fractionation occuring during sample preparation, it can 

help to resolve for mass bias once the isotopic composition of the spike is calibrated, and 

it allows the determination of low (i.e. ppb) concentrations of Mo. The sample material is 
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doped with a known quantity of spike Mo which consists of two isotopes at a known ratio 

before any sample preparation step to monitor mass fractionation during sample 

preparation (Siebert et al., 2001). In this study, either a molybdenum 100Mo/94Mo or a 

98Mo/92Mo double spike (DS) was used, although 100Mo/97Mo is the most common one 

currently used due to similar relative abundances of 97Mo and 100Mo and the lack of 

interferences at mass 97 (Siebert et al., 2001). To date, there is no internationally accepted 

reference material for Mo isotope ratio measurements. All samples were measured 

against and isotope ratios are referred to an in-house Plasma Cal laboratory standard 

solution. Measurement precision and accuracy for δ 98/95Mo is ±0.12‰, and Mo 

concentrations are within ±5% uncertainty. The ratio of the amount of Mo in the double 

spike to that in the sample material should ideally be 1 to prevent decreases in internal 

precision (Archer, 2007). Adding too much Mo (over-spiked) or not enough Mo (under-

spiked) from the double spike may yield an incorrect fractionation factors. Because most 

applications of Mo isotope analyses are on geological materials, different geological 

samples and USGS reference materials such as Columbia River Basalt (USGS BCR-1), 

Devonian Ohio Shale (UGSG SDO-1), Cody Shale (USGS SCo-1), Granite (USGS G-2), 

Mount St Helen volcanic ash, shale and meteorite samples were included in the 

development of a sample preparation technique suitable for a variety of sample materials 

(melted snow, oil sand, coke, fly ash and air filter eluants). Acid digestion of samples is 

necessary to transfer the element contents of a solid sample into a liquid solution that can 

be aspirated into the MC-ICP-MS (Neptune, Thermo Scientific). The liquid sample has to 

undergo an ion exchange procedure to eliminate elements that cause isobaric 
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interferences at masses of Mo. Isobaric interferences can occur at mass 100 due to 100Ru 

(96, 98, 99, 100) and can be evaluated by checking the signal intensity at mass 99. 

Zirconium interferences at masses 92, 94 and 96 can be evaluated at the signal intensity 

at mass 90. A natural aspiration inlet system was used with a Glass Expansion nebulizer 

(100 µl/min) and spray chamber (20 ml), and rinsed with 3% HNO3 between samples. 

Optimization of the MC-ICP-MS cup configuration, double spike calibration and data 

reduction was not part of this work and is described elsewhere (Mayer, MSc thesis, in 

preparation; Siebert et al., 2001). 

 

10.2.1 Acid Digestion 

The specific method used for acid digestion differs depending on the sample material and 

the most efficient digestion technique should be tested for each sample material studied. 

It is crucial to compare concentrations obtained using different digestion techniques and 

the parallel analysis of a suitable standard with known Mo concentration and of similar 

material is necessary. Here, open vessel digestion (OVD), ashing prior to OVD, Carius 

tubes and microwave digestion techniques were investigated. Dry samples were typically 

ground with an agate mortar and pestle. An appropriate amount of sample material 

(typically less than 250 mg) was weighed into cone-shaped Savillex Teflon beakers. For a 

reasonable signal intensity on the mass spectrometer, the sample should contain at least 

500 ng Mo.  

Other samples, however, may not even require acid digestion. Low TDS waters and 

elutions from Teflon air filters were simply dried down before ion exchange.  
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10.2.1.1 Open Vessel Digestion 

Open vessel digestion is the most simple digestion technique because it requires little 

equipment (Teflon beakers and concentrated acids). However, it is also the most time 

consuming technique (1-4 days), uses considerable amounts of expensive ultra high 

purity acids and releases toxic fumes. Several steps of concentrated acid digestions 

(Baseline, Seastar) were necessary. Here, combinations of HNO3+HF, HCl+HNO3 and 

HCl were added to the samples in the fume hood in the clean room, microwaved for 20s 

at medium-high power, and dried down between digestion steps. A commercial 

microwave was used that was not a microwave digestion system due to lower 

temperatures and pressures obtained. Table 10.1 summarizes the different digestion steps 

typically applied during OVD. However, even though concentrated HF was used during 

acid digestion, an undigested fraction typically remained (Table 10.1). The undigested 

fraction of the sample was determined gravimetrically on the dry weight of the sample 

and the remainder after digestions. The error in the absolute weight may be large (±10%) 

because undigested particles may have been removed from the beaker when removing 

sample solution. The undigested fraction listed in Table 10.1 nevertheless indicates which 

material are more challenging to digest. Organic rich samples were generally more 

problematic. The coke sample had the highest undigested fraction (23% by weight). 

Table 10.1 also shows that the amount of undigested material is not dependent on the 

amount of HNO3+HF used. For example, the not digested fraction of a BCR-1 (USGS 

reference material, Columbia River Basalt) sample digested with a total of 8 ml of HF 

was the same as a BCR-1 sample digested with only 2 ml HF (~1.5%).  
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Table 10.1: Acid digestion steps applied to shale, coke, basalt, meteorite and granite 

samples. Note that different amounts of HNO3+HF have been used but did not 

influence the not digested fraction. 

Sample 
material Shale Samples 

Coke 
Sample 
(OS#2) 

Basalt (BCR-1) 

Meteorite Samples 
(Buzzard Coulee, bulk, 
no fusion crust and 
fusion crust only) 

Granite 
(G-2) 

HNO3+HF 
(ml) 

2+2 2+2 2+2 2+2 2+2 1+5 2+2 1+5 2+3 2+3 2+2 

Left 
overnight 

✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ 

Double 
spiking 

✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ 

Microwave ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ 
Dry down ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ 
HNO3+HF 
(ml) 

2+2 2+2 2+2 2+2 2+2 2+3 4+0 2+3 2+3 2+3 4+0 

Microwave ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ 
Dry down ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ 
HNO3+HCl 
(ml) 

2+1 2+1 2+1 2+1 2+1 2+1 3+1 2+1 2+1 2+1 3+1 

Microwave ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ 
Dry down ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ 
HCl 2 2 2 2 2 2 3 2 2 2 3 
Microwave ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ 
Dry down ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ 
HCl 2 2 2 2 2 2 4 2 2 2 4 
Microwave ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ 
Dry down ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ ✓ 
Not digested 
fraction (%) 

2.64 2.02 2.50 23.01 1.14 1.57 1.54 2.92 2.28 0.08 1.50 

Re-dissolve in 4.0 M HCl 
Ion Exchange 

 

Another problem during OVD is the formation of new minerals during the drying process 

(Figure 10.2). Scanning electron microscope (SEM) images show minerals that mainly 

consist of F, Al and O that were formed due to adding HF, resulting in an overestimation 

of the undigested fraction (Figure 10.3). In this case the HF enhanced the formation of 

rosenbergite that typically occurs in F-rich environments (Olmi et al., 1993; Dolejš and 
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Baker, 2004). Some of the newly formed minerals can cause problems if they do not re-

dissolve in 4.0 M HCl. Ideally, complete dissolution is desired before ion exchange to 

minimize the amount of Mo in the solid phase. To enhance dissolution in 4.0 M HCl, the 

samples were immersed in an ultra sonic bath for ~1 hour. The remaining solid phase was 

centrifuged and only solution was added to the ion exchange columns. 

 

 

Figure 10.2: Formation of new unknown crystals during one of the drying steps 

during OVD of a meteorite sample. 

 

 

Figure 10.3: A closer look at the undigested fraction of shale samples. SEM reveals a 

mineral composed of Al, F and O (likely rosenbergite). 
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However, there may be differences in Mo concentrations of e.g. basalt or shale samples 

depending on the amounts of acid used. For example, a BCR-1 sample yielded 1.5 µg/g 

Mo when digested with HF+HNO3+HCl, but only 1.2 µg/g with HNO3+HCl, and even 

less (1.1 µg/g) if just HCl was used. Literature values for BCR-1 are 1.54 µg/g 

determined by isotope dilution mass spectrometry (IDMS) with TIMS (Wieser and De 

Laeter, 2000) and 1.55 µg/g with ICP-MS (Eggins et al., 1997). It is recommend that the 

amount and combination of acids used for OVD should be tested for each sample 

material to ensure complete dissolution of Mo-bearing minerals. 

 

10.2.1.2 Ashing Prior to Open Vessel Digestion 

There are some sample materials that may not be attacked by concentrated acids, e.g. 

bitumen or untreated oil sands material. In this case, ashing the sample prior to OVD can 

be a solution (EPA Method 3051A, 1994). For example, an oil sand sample was not 

successfully digested by OVD and was therefore ashed in acid-cleaned ceramic crucibles 

in a muffle oven at ~550 °C. Figure 10.4 shows the ashed and acid digested oil sand 

sample (left) and the same sample acid digested only (right). The unashed sample showed 

hardly any reaction with the concentrated acids. Concentrations measured for both 

samples differed by 0.4 µg/g with higher concentrations observed in ashed samples (see 

also Table 10.4). However, a BCR-1 sample was processed by ashing and revealed a Mo 

concentration of 1.41 µg/g, slightly lower than suggested (~1.5 µg/g). Some Mo may 

have been lost during the ashing process because the ceramic crucibles do not close 

tightly. However, ashing is supposed to be problematic for volatile elements only such as 



201 

 

Hg (Yafa and Farmer, 2006). High temperatures (>1100 °C) might alter the Mo isotopic 

composition, but this has not been investigated yet. 

 

 

Figure 10.4: Digested oil sand sample after ashing (left) and without ashing (right). 

 

10.2.1.3 Carius Tubes 

The glass Carius tube technique (Shirey, 1995) is currently used for sample digestion for 

the analysis of Re-Os isotopes at the Radiogenic Isotope Facility (RIF) at the University 

of Alberta, Edmonton and elsewhere (Xiugen et al., 2008; Qi et al., 2010). A shale sample 

and a blank were tested using the protocol developed by Dr. R. Creaser and chemical 

technician K. Moore at the RIF followed by Mo concentration and isotope analysis at the 

University of Calgary. An appropriate amount of sample (0.21411 g) was weighted and 

added to the 21.5 cm long glass tube, followed by the addition of a 98Mo/92Mo  double 

spike (1.0300 g). A blank was also double spiked (1.0267 g). Two millilitres of 12 N 

trace metal grade HCl and 6 ml of 16 N trace metal grade HNO3 were added to the tubes 

while sitting in a mixture of dry ice and alcohol to prevent volatilization and potential 

gaseous sample loss (Figure 10.5). The glass tubes were then sealed as quickly as 
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possible with a gas torch. An extra glass rod helped sealing the tubes. Ensuring an 

immaculate seal is crucial for this technique. The sealed glass tubes were then put into 

individual iron metal tubes, sealed (but not tightened) and put into an oven for 24 hrs at 

220 °C. 

After cooling, the glass tubes were cracked and both sample and blank solutions were 

analyzed for Mo concentration by MC-ICP-MS analysis at the University of Calgary. The 

results of the Mo concentration analysis of the Carius tube sample and the same shale 

sample prepared via OVD are summarized in Table 10.2. Both digestion techniques 

appeared to result in complete shale digestion yielding the same Mo concentration. 

Isotopic fractionation factors cannot be directly compared due to improper double spike 

to sample ratios. The Carius tube procedure blank was 9.5 ng and is in the same order of 

magnitude as OVD procedure blanks. Though the Carius tube digestion technique 

appears to be suitable for shale digestion, it also uses significant amounts of pure acids, 

and preparation is time intensive (3-4 days) and involved (sealing the glass tubes etc.). 

However, the higher temperature and pressure exposure in this technique is more suitable 

for bitumen samples that cannot be digested with OVD. 
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Figure 10.5: Carius tube with shale sample and acids added. 

 

Table 10.2: Comparison of Mo concentrations in a shale sample (RS#16) using OVD 

and Carius tube digestion. All data are blank corrected. 

Digestion technique Date run Mo (µg/g) 
OVD 26 July 2010 47.1 
OVD 3 September 2010 48.3 

Carius tube 19 November 2010 47.1 
 

 

10.2.1.4 Microwave Digestion 

Recent developments in microwave digestion offer a fast digestion technique for a broad 

variety of sample materials (Kuss, 1992; Wang et al., 2004; Yafa and Farmer, 2006). 

Microwave digestion is a closed vessel digestion technique where both temperature and 

vapour pressure of the solution are increased and controlled (Agazzi and Pirola, 2000). A 

CEM Mars XP1500Plus microwave was used at the Alberta Ingenuity Centre for In Situ 
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Energy at the Schulich School of Engineering (University of Calgary) for the digestion of 

bitumen, oil sand, coke and shale samples. Approximately 500 mg of sample were 

weighed into Teflon microwave vessels with sleeves. One millilitre of H3PO4 (85%) and 

10 ml of trace metal grade HNO3 (70%) were added. Vessels were capped and placed in a 

holder before microwaving at 400W (ramp time 15 minutes) for 45 minutes (800 psi 

limit, 200 °C). 

Unfortunately, sample solutions could not be analyzed by MC-ICP-MS due to the 

preparation protocol using phosphoric acid. The acid hindered the drying of the samples 

before re-dissolving in 4.0 M HCl which is required for subsequent ion exchange. 

However, all samples yielded a yellowish solution with very little or no undigested 

fraction. This implies that microwave digestion is a very fast (ca. 12 samples in ~2hrs), 

easy, efficient but expensive digestion technique in terms of equipment cost (>25,000 

CAD). Only the raw oil sand sample (85wt% silica) had quartz grains remaining. HF is 

recommended if the silica phase needs to be digested as well (EPA Method 3051A, 

1994; Yafa and Farmer, 2006). However, HF is unnecessary for the microwave digestion 

of coal for most trace metals (Wang et al., 2004). Further investigations of microwave 

digestion techniques for Mo concentration and isotope ratio measurements for future 

studies are recommended. 

 

10.2.2 Ion Exchange 

Ion exchange techniques presented in the literature use combinations of H2SO4, H2O2, 

HNO3, HCl, NH3 and even HF for the separation of Mo from other elements, particularly 
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those that cause isobaric interferences (Siebert et al., 2001; Malinovsky et al., 2005). The 

method presented here only uses 4 M and 0.5 M HCl (Wieser et al., 2007; Wieser and de 

Laeter, 2009). After drying digested or undigested samples (e.g. waters), samples were 

re-dissolved in 4 M HCl to separate Mo from other elements, particularly those that cause 

isobaric interferences, by ion exchange on anion and cation columns. Teflon or glass 

columns washed in dilute HNO3 can be used to hold ion exchange resin beads. 

Approximately 1 g of ion exchange resin (dry weight) was needed for each anion and 

cation column. Two different manufacturers of resin material were tested: BioRad (100-

200 mesh for anions, 200-400 mesh for cations) and Eichrom Analytical Grade Exchange 

Resin (100-200 mesh). Anion resin is typically in chloride form that served the separation 

of Mo from Zr, whereas cation resin is in hydrogen form to retain Fe. An aliquot of the 

digested sample (< 1 ml) was first added to a pre-conditioned anion resin column and 

then to the cation resin column. Reversing the order to cation-anion exchange in order to 

eliminate high amounts of iron first was not successful. The conditioning and ion 

exchange procedure for both cation and anion separation is described in Table 10.3. The 

anion exchange procedure separates Mo from other anions such as Zr (Figure 10.6). After 

the anion column, the eluate was dried down and re-dissolved in 0.3 ml of 0.5 M HCl for 

the cation column. 
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Table 10.3: Ion exchange procedure. 

Anion Exchange Cation exchange 

8 ml MQ H2O 8 ml MQ H2O 

6 ml 4 M HCl 4 ml 4.0 M HCl 

8 ml 0.5 M HCl 6 ml 0.5 M HCl 

4 ml 4.0 M HCl + sample in 0.5 M HCl 

+ sample in 4 M HCl  elute with 4 ml 0.5 M HCl 

10 ml 4 M HCl  

 elute with 4 ml 0.5 M HCl  

 

Figure 10.6: Separation of mass 90 (Zr) and mass 95 (Mo) on the anion column. 

After eluting 90Zr with 10 ml 4 M HCl, 95Mo elutes with 10 ml 0.5 M HCl 
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The amount of sample material added to the columns depended on its Fe content. In some 

cases of high Fe content in the sample solution, Fe may breakthrough during the last step 

of the cation exchange, leading to Fe contamination in the final Mo solution. Fe may 

form 40Ar56Fe in the plasma at the mass 96 causing isobaric interferences with 96Mo. If Fe 

breakthrough is observed on the cation column (typically yellow in color), a second 

cation exchange step is needed. The full cation exchange procedure takes about 5-6 hrs, 

shorter than the anion exchange (6-7 hrs). This time may be reduced by rinsing and 

conditioning the resin beads in larger batches (C. Siebert, pers. comm.). However, the 

manufacturer of the ion exchange beads recommended storage conditions either dry or in 

dilute HCl, to prevent mold growth or loss of ion exchange capacity, making the washing 

and storing of resin beads more difficult. Eichrom resin material yielded lower Mo blanks 

(~3 ng) than BioRad procedure blanks (~6 to 16 ng), although BioRad is the most 

commonly used resin material (Siebert et al., 2001; Malinovsky et al., 2005). Acid blanks 

that did not undergo the ion exchange procedure were as low as 0.4 ng of Mo. 

 

 

10.3 Applications 

10.3.1 Mo Isotopes in Coal and Fly Ash 

Fly ash is applied as fertilizer, for reclamation and building purposes, but may also be 

deposited in dry landfills and lagoon impoundments (Querol et al., 2001; Bhattacharyya 

et al., 2009). Some trace metals have the potential to leach into groundwater systems, in 

particular Mo (Querol et al., 2001). Mo is an element of environmental interest 
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(Goodarzi, 2006) and has been part of some trace metal urban geochemistry studies, 

mostly in soils (Wong et al., 2006). Mo is extractable by both water and acids and was 

found to be most elevated in effluent waters from a coal fired power plant (Dreesen et al., 

1977).  

Characterizing the isotopic composition of industrial emitted particles may provide an 

essential tool to elucidate their fate in the atmosphere and surrounding terrestrial and 

aquatic ecosystems. Two fly ash samples and a feed coal sample from a coal-fired power 

plant in central Alberta were provided by Dr. Sanei (Geological Survey of Canada, 

Alberta). Although no fly ash samples or samples of stack emitted particulate matter were 

available for the analysis of Mo concentration and isotope ratios from oil sands operators 

in the AOSR, the samples from the coal-fired power plant may provide information on 

Mo concentrations and isotope ratios associated with industrial activities. The sample of 

the feed coal was taken and two fly ash samples were collected from two electrostatic 

precipitators (ESP) filtering the flue gas of a coal-fired power plant in Alberta, Canada. 

The combustion of the feed coal leaves higher metal concentrations in the remaining ash 

behind. Mo was reported to be concentrated ten-fold in fly ash compared to the coal 

feeding a power plant that emitted 2 g Mo/hr (Goodarzi, 2006). Mass balance 

calculations showed that from a Mo input of 13.9 kg/day, 0.04 kg/day were emitted, 

meaning that a substantial amount (99.7%) of Mo remains in the fly ash (Goodarzi, 

2006). This also suggests that Mo is not very volatile, whereas e.g. 56.5% of mercury was 

emitted by the same power plant (Goodarzi, 2006). In addition, trace metal 

concentrations tend to increase with decreasing particle size, suggesting that fine 
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industrial emitted particulate matter not scavenged by ESPs may be enriched in trace 

metal concentrations (Davison et al., 1974). 

Molybdenum concentrations in the coal and the two fly ash samples were analyzed using 

inductively coupled plasma mass spectrometry (ICP-MS) at the ACME laboratory, 

Vancouver, Canada, after acid digestion. The coal sample was ashed before digestion. 

Mo concentrations were also determined by applying a 92Mo/98Mo double spike to the 

samples followed by multi collector MC-ICP-MS and Mo isotope ratios were measured 

at the Department of Physics and Astronomy, University of Calgary, Canada. 

Double spiking followed by MC-ICP-MS analysis gave the following results: The coal 

sample (C-479992) yielded Mo concentrations of 4.70 ppm, the fly ash sample from the 

first ESP (C-479994) had 6.84 ppm Mo, and the fly ash from the second ESP (C-479993) 

had 11.67 ppm. All the results determined by MC-ICP-MS were consistently higher 

compared to the Mo concentrations determined by ICP-MS at the ACME laboratory (0.9 

ppm, 6.6 ppm and 11.1 ppm, respectively). Overall, concentrations were lower compared 

to other fly ashes, e.g. US fly ash (up to ~20 ppm) (Bhattacharyya et al., 2009). 

Figure 10.7 shows the δ98/95Mo values, measured against the Plasma Cal laboratory 

standard solution, of the fly ash samples, a Mount St. Helen’s volcanic ash sample, and 

the USGS reference material (Devonian shale) SDO-1. The δ 98/95Mo value of the feed 

coal could not be determined due to improper DS/sample ratio. The fly ash from the first 

ESP (C-479994) had a δ 98/95Mo value of -0.5‰, whereas the fly ash sample from the 

second ESP (C-479993) was more enriched in 98Mo resulting in a δ 98/95Mo value of 

0.0‰. During the combustion of coal, compounds become oxidized, e.g., sulfur is in the 

form of sulfides (thiophenes) or elemental S in the coal, whereas sulfur mainly occurs as 
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sulfate in the fly ash samples (H. Sanei, pers. comm.). The difference between the two fly 

ash samples of 0.5‰ for δ98/95Mo may suggest that aerial oxidation of Mo is associated 

with isotope fractionation. Another possible explanation of the Mo isotopic difference in 

the fly ashes may be the preferential condensation or adsorption of the trace metal 

containing species onto the smallest particles. This mechanism was proposed to account 

for the trace element concentration dependency on particle size (Davison et al., 1974). 

Further investigations are necessary to elucidate the isotope fractionation process.  

The isotopic characterization of Mo in coal and fly ash may help to investigate its cycling 

and fate in the surrounding environment in future studies and to elucidate the behaviour 

of novel trace metal isotope systems and their suitability as a tracer of industrial 

emissions.  

 



211

Figure 10.7: δ98/95Mo values of the two fly ash samples (C-479993 and C-479994) 

compared to Mt. St Helen’s volcanic ash and the USGS shale SDO-1. The δ98/95Mo 

value of the coal ash (C-479992) could not be determined. 

10.3.2 Mo Isotopic Composition of Oil Sand and Coke 

Acid digestion techniques were tested on an untreated raw oil sand sample from the 

McMurray Formation and a coke sample from one of the oil sands upgrading facility. Mo 

concentrations and isotope ratios were determined by MC-ICP-MS. Mo concentrations in 

the oil sand sample were similar to that of basalt (BCR-1, 1.5 µg/g) with a higher value 

using the ashing technique (1.9 µg/g) compared to the OVD technique (1.5 µg/g) (Table 

10.4). The coke sample was enriched in molybdenum, with concentrations of 143.3 µg/g 

and 45.3 µg/g for ashing and OVD, respectively. Due to unknown Mo concentrations, a 

double-spike to sample ratio (DS:S) of 1 was not obtained. However, the least over-
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spiked sample (DS:S=1.6) had a δ 98/95Mo of 1.1‰, which was reproduced at a ratio of 

3.6. There was no difference in Mo isotope ratios in the oil sand sample between ashing 

and OVD method. Due to very high Mo concentrations in the coke sample, both trials 

were under-spiked resulting in unreliable isotope ratios.  

 

Table 10.4: Mo concentration and isotope results for the oil sand and the coke 

sample using OVD and ashing+OVD. 

Sample 
Fraction 
per unit 

mass (%) 
Error δ95/98Mo 

(‰) 
Mass 
DS (g) 

Mass Mo 
in sample 

(µg) 

Ratio 
DS/Sample 

Mo 
concentration 
sample (µg/g) 

Oil sand 
(OVD) 0.0368 0.0025 1.1 1.05203 0.29094 3.61 1.54 

Coke 
(OVD) 0.0421 0.0039 1.3 1.05878 9.25313 0.11 45.31 

Blank - - - 1.05992 - - 6.4 ng 
BCR-1 
(ashed) 0.0178 0.0025 0.5 1.03052 0.27288 3.78 1.41 

Oil sand 
(ashed) 0.0376 0.0014 1.1 0.99900 0.62626 1.60 1.93 

Coke 
(ashed) 0.0271 0.0177 0.8 0.99905 39.78880 0.03 143.26 

Blank - - - 1.03537 - - 6.8 ng 
 

10.3.3 Mo Concentrations of Snow 

Three snow samples were investigated for their Mo concentrations and isotopic 

composition. The samples were taken in winter 2008/2009 at three different locations: 

Mount Skoki, a “pristine” site in the Rocky Mountains, and two potentially polluted sites, 

CNRL Horizon (Athabasca oil sands region) and Lysimeter Site (Athabasca oil sands 

region). Approximately 30 ml of melted snow were double spiked with a 100Mo/94Mo 

doubles spike and dried down on the hot plate, re-dissolved in 1 ml of 4.0 M HCl 
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followed by the ion exchange procedure. Due to very low Mo concentrations, samples 

were over-spiked and reliable isotopic ratios were not obtained. However, Table 10.5 

shows the concentration results. Surprisingly, the snow from the Lysimeter site in close 

proximity to one of the oil sands operators, had the lowest Mo concentration of 0.023 

µg/L. A rather low concentration was also found in the Skoki snow sample (0.03 µg/L). 

The CNRL Horizon snow from close proximity to oil sands operations, had the highest 

Mo concentration at 0.157 µg/L. Mount Skoki and Lysimeter snow Mo concentration 

results are in a similar range of Mo concentrations that were reported for an ice core in 

France with 0.2 to 50 pg/g (Van de Velde et al., 1999), but the CNRL Horizon snow had a 

Mo concentration 5 times higher. 

 

Table 10.5: Mo concentrations in three snow samples. 

Sample Mo µg/L 

Mount Skoki Snow 0.030 

CNRL Horizon Snow 0.157 

Lysimeter Site Snow 0.023 

 

 

10.3.4 Mo Isotopic Composition of Aerosols 

The objective of this study was the investigation and determination of the isotopic 

composition of molybdenum from air filter samples. Pre-cleaned teflon filters (PTFE 

Membrane Filter, 0.45 µm) were used with an air sampler (SKC aircheck sampler 224-

PCXR8). In total, four samples were taken. The air filter sampler was installed at Kitimat, 
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western BC (N 54°03.392, W 128°39.199) over two sampling periods in March 2011. 

The first sample was taken between March 14, 2011 and March 16, 2011. Particles and 

aerosols were trapped on a Teflon filter over a total period of 2486 minutes at a constant 

air sampling rate of 2.5 L/min. The air sampling equipment is battery operated and a 

continuous sampling could not be achieved due to the battery capacities. Five days later, 

a second sample was obtained from March 21, 2011 to March 23, 2011 over a total 

sampling time of 1895 minutes. The third sample was taken near Fort McMurray, at EW 

9055 in the vicinity of the Syncrude emission stack (27 km) (N 57°03.228’, W 

111°22.574’). The air filter sampler was deployed from October 1, 2010 to October 3, 

2010, over a total sampling period of 2169 minutes. Fourth and fifth sample were taken at 

Kananaskis (N 51°01.657’, W 115°02.094’) and the University of Calgary Weather 

station (N 51°04’46’’, W 114°08’29’’) over the course of several days. After retrieval of 

the field equipment, the Teflon filters were removed in the clean room and immersed in 

13 ml of 3% nitric acid overnight. Removal of compounds from the filter was enhanced 

by an ultra sonic bath. The samples in nitric acid were dried down and re-dissolved in 

1ml of 4 M HCl followed by an anion exchange and cation exchange procedure in order 

to separate molybdenum from other elements that may cause isobaric interferences. 

Finally, the dried down residue was re-dissolved in 3% HNO3 for direct analysis by MC-

ICP-MS. 

Because of Mo concentrations were unknown, samples were not double spiked but 

analyzed by sample-standard bracketing. The analyses of samples were bracketed by 

Plasma Cal solutions to allow the determination of Mo isotope ratios compared to a 

standard. The results (δx/94Mo in ‰) are shown in Figure 10.8. If Mo was fractioned by 
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mass-dependent processes, then the ratios should follow a straight line. This was not the 

case, in particular for δ98/94Mo of the two West Coast and the Fort McMurray samples. 

 

 

Figure 10.8: δx/94Mo values of the five air filter samples. The three sites potentially 

impacted by industrial emissions show highest δ98/94Mo anomalies. 

 

To date, nothing is known about the molybdenum isotopic composition of aerosols and 

air particles. However, anomalous enrichments of the molybdenum isotopes 97, 98 and 

100 could indicate the presence of fission products. The Kitimat samples were taken only 

3 to 12 days after the Fukushima nuclear power plant accident in Japan. Six days after the 

incident, fission products such as 131I, 132I, 132Te, 134Cs, and 137Cs were detected on North 
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America’s west coast in Seattle, Washington (Leon et al., 2011). If fission products 

caused the increase of the 98Mo/94Mo ratio, enrichments should also be visible at 97 and 

100. Radioactivity was tested on all samples at the Department of Nuclear Medicine, 

Foothills Hospital, Calgary, and not detected. Fission products can hence be excluded as 

an explanation of the high 98/94 ratios. The only 98Mo anomaly ever reported in the 

literature was found in zircon analyses (Kawashima et al., 1993), but its origin remains 

unresolved. It is unclear where the 98Mo enrichments in the air filter samples come from. 

Isotope fractionation on the ion exchange column is possible, but is expected to be mass 

dependent. It is interesting that the Kitimat filters and the Fort McMurray filter showed 

the highest enrichments in mass 98. The air in Kitimat is likely impacted by an 

aluminium smelter, and the Fort McMurray was in close proximity to the oil sands 

operations. Further analyses and investigations are necessary to resolve how industrial 

derived aerosols differ in their Mo isotopic composition from other atmospheric particles.  

 

 

10.4 Conclusion 

Sample preparation for the determination of molybdenum concentrations and isotope 

ratios using MC-ICP-MS is challenging. Open vessel digestion, ashing prior to open 

vessel digestion, and the Carius tube digestion technique are all time consuming sample 

preparation methods and use significant amounts of expensive concentrated trace metal 

grade acids (HF, HNO3, HCl). The ashing and the Carius tube technique are more 

suitable for organic rich (e.g. bituminous) samples that cannot be digested by OVD. 

However, the amount and combination of concentrated acids used in all techniques have 
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to be carefully investigated for each sample material. Overall, microwave digestion 

systems seem to be the fastest and most promising digestion technique for a variety of 

materials, although up front equipment costs are very high. Unfortunately, concentrations 

and isotope ratios after microwave digestion could not be determined in this study, but 

further investigations are highly recommended. 

I have presented the first results on the Mo isotopic composition of fly ash samples, an oil 

sand sample and air filter samples. Although more investigations are necessary, there 

seems to be a range of Mo isotope ratios for particles. There was 0.5‰ difference 

between fly ash from two in-row electrostatic precipitators. I report the first Mo isotopic 

composition of oil sand. The oil sand sample showed mass-dependent enrichment of 

98Mo resulting in a δ 98/95Mo value of 1.1‰. Molybdenum isotope ratios in air filter 

eluants and Mo concentrations in snow samples suggest that Mo isotope ratios and 

concentrations are a potential new tool for tracing industrial emissions in the AOSR.  
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CHAPTER ELEVEN: CONCLUSIONS AND FUTURE WORK 

 

11.1 Summary of Research Findings 

The objective of this research was to develop novel, unique, and effective tools that can 

be applied to current and future monitoring of environmental impacts of industrial 

emissions on surrounding terrestrial and aquatic ecosystems in the Athabasca oil sands 

region (AOSR). 

The first part of this study investigated whether industrial nitrogen (N) and sulfur (S) 

emissions from the oil sands operations are isotopically distinct (Chapter 4) from 

background atmospheric nitrate (NO3), ammonium (NH4) and sulfate (SO4) deposition 

(Chapter 5 and 6). In order to address this question, eluants from PM2.5 samples from two 

industrial stacks and atmospheric bulk and throughfall deposition samples from various 

sites located at distances between 3 and 113 km to the oil sand operations were analysed 

for the nitrogen and triple oxygen isotope ratios (δ15N, δ18O and Δ17O) of nitrate, the δ15N 

values of ammonium as well as the sulfur and oxygen isotope ratios (δ34S, δ 18O) of 

sulfate. 

Based on analyses of the isotopic composition of nitrate, ammonium and sulfate in stack 

emitted PM2.5 and in atmospheric bulk and throughfall deposition it was found that: 

• Industrial emissions have distinct 18O and 17O contents of nitrates that are suitable 

as quantitative tracers for nitrate derived from industrial N emissions. 

• The isotopic composition of oxygen in atmospheric sulfate deposition revealed 

that industrial S emissions are associated with distinct δ18O values, providing a 

quantitative tracer for industrial contributions to atmospheric sulfate deposition. 
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• 15N contents of industrial ammonium and nitrate emissions are variable but can 

serve often as a qualitative tracer of industrial N emissions. 

• δ34S values of industrial stack emissions are not isotopically distinct from those of 

atmospheric background sulfur deposition and are hence not suitable for tracing 

industrial S emissions. 

• δ34S values in atmospheric sulfate deposition are indicative of emissions of 

reduced sulfur compounds from tailing ponds at sites close to tailing ponds 

(qualitative tracer). 

The analyses of the isotopic compositions of atmospheric nitrate and sulfate in bulk 

deposition and throughfall at 16 sites revealed the presence of isotopically distinct nitrate 

and sulfate from industrial emissions in close vicinity (<30 km) to the emission sources 

in concert with elevated nitrate and sulfate deposition rates. Oxygen isotope ratios of 

atmospheric nitrate (δ18O and Δ17O) and of atmospheric sulfate (δ18O) in bulk deposition 

and throughfall were used to quantify industrial contributions to atmospheric nitrate and 

sulfate deposition. Results revealed that industrial contributions were significant (>50%) 

at sites close (<30 km) to the oil sands operations and to mining sites. Isotopic 

compositions of atmospheric nitrate and sulfate deposition suggest no industrial impact 

and that deposition rates were at background levels at sites >90 km from the oil sands 

operations. 

 

The second part of this research focused on environmental receptors to investigate 

whether isotopically distinct industrial N or S compounds (qualitative and quantitative 

tracers as mentioned above) determined in Chapter 4, 5 and 6 were detectable in the 
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surrounding ecosystems. Lichens (Chapter 7), conifer needles (Chapter 8) and soil water 

eluants from plant root simulator (PRS) probes (Chapter 9) were collected at various sites 

in the AOSR. Lichens (Evernia mesomorpha) and conifer needles from black spruce, 

white spruce and jack pine trees were analyzed for total N content, total S content, δ15N 

of total N and δ 34S of total S. The [SO4-S]/[Sorg] ratios in conifer needles were also 

determined. The results revealed the following: 

• Elevated N and S contents in lichen samples were observed within 16 km distance 

to the oil sand operations, similar to observations made in the 1980s. 

• δ15N values of total N in lichens indicate industrial derived N at the site SYN 1, 

closest to one of the major emission stacks (3 km).  

• δ15N values of total N in lichen samples from further distant sites and δ34S values 

of total S in lichen samples from any site did not reveal clear evidence of 

industrial derived N and S emissions. 

• δ15N and δ 34S values of conifer needles from samples taken within the forest 

stands did not reveal clear evidence of industrial impact. 

• Total S contents and [SO4-S]/[Sorg] ratios of pine needles currently show no 

impact of industrial S loading, but elevated δ34S values of total S in pine foliage 

appear to be indicative of S stress. 

• δ15N and δ 18O values of nitrate in eluants from PRS probes are indicative of 

nitrification in the soil zone and indicate industrial derived N deposition in close 

proximity to the oil sands operations. 

• Atmospheric nitrogen irrespective of the source of nitrogen is rapidly re-cycled in 

the upper soil zone. 
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Figure 11.1 and Figure 11.2 summarize the δ15N, δ34S and δ18O results from Chapters 4 

to 9. Figure 11.1 visualizes how δ18O values of nitrate plotted versus δ 15N values of 

nitrate constrain atmospheric nitrate, soil water nitrate and stack emitted nitrate with 

distinct isotopic compositions. δ18O values can therefore be used as a tracer of industrial 

N emissions. δ 15N values of various products, feed stock materials and bio-indicators 

overlap and cannot quantify industrial contributions, however, δ 15N values provide a 

qualitative tracer of N emissions. Figure 11.1 shows that δ18O values of atmospheric 

nitrate decrease with decreasing distance to the emission stack, while δ15N values of 

atmospheric nitrate increase. High δ 15N values of atmospheric ammonium also only 

occur in close proximity to the industrial emission source (Figure 11.1). δ15N and δ 18O 

values of soil water nitrate indicate nitrate from nitrification, atmospheric and industrial 

N inputs (Figure 11.1). Figure 11.2 shows that δ18O values and δ34S values of sulfate in 

atmospheric deposition and stack emitted PM2.5 overlap (Figure 11.2), however, a distinct 

trend of decreasing δ 18O values with increasing atmospheric sulfate deposition rate 

(Chapter 6) indicates that δ 18O values of atmospheric sulfate deposition constitutes a 

quantitative tracer of industrial contributions to atmospheric sulfate deposition. δ 34S 

values of various products, feed stock materials and bio-indicators are not isotopically 

distinct and are less indicative of sulfur sources. However, low δ34S values (<2‰) in 

atmospheric sulfate deposition and lichen samples from sites close to tailing ponds were 

indicative of emissions of reduced S compounds from the tailing ponds. 

In summary, both quantitative and qualitative tracers revealed that the impact of 

industrial N and S emissions is limited to the first 30 km distance from the oil sand 

operations.  
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Figure 11.1: Summary of δ18O-NO3 values versus δ15N-NO3 values of atmospheric 

nitrate (deposition-weighted and site-averaged, Chapter 5), soil nitrate (Chapter 9), 

and stack emitted nitrate in PM2.5 (Chapter 4), δ15N values of total nitrogen in 

foliage (Chapter 8), lichens (Chapter 7), feedstock materials, by-products (Chapter 

4), and δ15N values of atmospheric ammonium (Chapter 5) and stack emitted 

ammonium in PM2.5 (Chapter 4). The color-coding represents the distance to one of 

the major emission stacks in the AOSR, with red being closest and blue most distant 

to the stack. 
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Figure 11.2: Summary of δ18O-SO4 values versus δ34S-SO4 values of atmospheric 

sulfate (deposition-weighted and site-averaged, Chapter 6) and stack emitted sulfate 

in PM2.5 (Chapter 4), δ34S values of total sulfur in foliage and soil (Chapter 8), 

lichens (Chapter 7), feedstock materials and by-products (Chapter 4). The color-

coding represents the distance to one of the major emission stacks in the AOSR, 

with red being closest and blue most distant to the stack. 
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The last part of this research explored the potential of the heavy trace metal molybdenum 

and its isotope ratios for tracing industrial pollution in the AOSR. The focus of this work 

was on sample preparation techniques and the successful determination of Mo isotope 

ratios and concentrations at the ppb level. Further investigations revealed that: 

• An untreated oil sand sample from the McMurray Formation showed enrichment 

of 98Mo resulting in a δ95/98Mo value of 1.1‰. 

• Fly ash samples from two electrostatic precipitators from a coal-fired power plant 

in Alberta had a δ95/98Mo difference of 0.5‰, suggesting that industrial activities 

are associated with Mo isotope fractionation, providing a potential novel tracer of 

industrial emissions. 

• Molybdenum concentrations in snow samples may be indicative of anthropogenic 

activities. 

 

11.2 Recommendations for Continued Monitoring and Future Research 

This research has identified quantitative and qualitative tracers that can be used to 

determine the impact of industrial activities on terrestrial and aquatic ecosystems in the 

Athabasca oil sands region. In order to effectively apply these tracers for future 

environmental monitoring in the Athabasca oil sands region, the following refinements 

are recommended: 

• Isotope analyses of gaseous stack emissions and emissions from vehicle fleet are 

recommended to identify their contributions to N and S input to terrestrial and 

aquatic ecosystems in the AOSR. 
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• The quantification of industrial N and S contributions to atmospheric nitrate and 

sulfate deposition would benefit from the refinement of spatial and temporal 

trends of δ18O-NO3, Δ17O-NO3 and δ18O-SO4. Particularly sites at the critical zone 

between 30 and 90 km distance to the oil sand operations are currently missing. 

For the long term monitoring of impacts from industrial activities on the surrounding 

ecosystems in the AOSR, it is suggested that: 

• The isotopic composition of nitrate (δ18O, Δ 17O, δ 15N), ammonium (δ15N) and 

sulfate (δ18O, δ 34S) in atmospheric deposition at selected sites should be 

determined to quantitatively and qualitatively identify industrial contributions to 

atmospheric nitrate, ammonium and sulfate deposition. 

• Lichen and conifer needles should be sampled every 3 years at sites equipped 

with atmospheric deposition samplers and analyzed for total S content, total N 

content, δ15N and δ34S. Samples should be collected from the edge of forest stands 

in order to provide an early warning parameter, since these trees are most likely 

affected first by industrial emissions. 

• Further PRS probes may be deployed and collected to identify industrial 

contributions to soil water N. Sampling at shorter time intervals (every 2-3 

months) may reveal more information about the re-cycling of industrial derived N 

and S. 

Further research should include the investigations of the stable isotope ratios of industrial 

trace metal emissions in the AOSR. Trace metal isotopic compositions may reveal 

distinct signals from other anthropogenic or natural trace metals sources and may serve as 

a novel tracer of industrial emissions. 
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The research presented in this dissertation constitutes a baseline characterization of the 

current degree of impact of industrial emissions in the AOSR using stable isotope 

techniques. The application of quantitative and qualitative tracers presented in this study 

for future monitoring in the AOSR will allow the assessment of impacts of future 

developments including the expansion of already existing mining projects and 

construction of new upgraders that will come on-line. 
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APPENDIX: DATA 

Table A- 1: Chemical and isotopic data of stack emitted PM2.5 samples. 
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Table A- 2: Isotopic composition of feed materials and by-products. 
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Table A- 3: Deposition rates and isotopic compositions of atmospheric deposition samples. 
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Table A- 4: Δ17O results of atmospheric nitrate in bulk (0) and throughfall (1) deposition samples. 
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Table A- 5: Chemical and isotopic composition of lichen samples (Evernia mesomorpha). 
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Table A- 6: Chemical and isotopic composition of conifer needles collected in the AOSR. 
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Table A- 7: Sulfur isotopic composition and total S content of soil samples. 
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Table A- 8: Chemical and isotopic composition of plant root simulator probe eluants. 
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